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ABSTRACT

The environmental occurrence of antibiotics and perfluoroalkyl acids (PFAAs), particularly in portable
water sources, is very evident that current wastewater treatment plants cannot completely eradicate
these emerging contaminants of environmental concern. On the other hand, long term exposure to these
contaminants poses serious health risks to human and aquatic life. Available literature suggests that
antibiotics and PFAAs can be eradicated by solid-liquid adsorption. Therefore, there is an urgent need
to develop environmentally green and cost-effective adsorbents for the remediation of antibiotics and

PFAAs.

As such, the present study focuses on investigating the treatment efficiency of chitosan-carbon nanotube
(CCNT) hydrogel beads for the removal of antibiotics viz. amoxicillin (AMX), ciprofloxacin (CIP), and
sulfamethoxazole (SMX) as well as PFAAs i.e., perfluorooctanoic acid (PFOA) and perfluorooctane
sulfonic acid (PFOS) from synthetic aqueous solutions. The scope of the present work includes
elucidating the adsorption kinetics, isotherms, thermodynamic parameters as well as breakthrough
curves for the uptake of AMX, CIP, SMX, PFOS and PFOS on CCNT hydrogel beads. Moreover, Monte
Carlo simulations were performed to elucidate the interaction of PFOA, PFOS and sulfamethazine

(SMT) with polyethylene (PE) and polypropylene (PP) relative to water.

Herein, CCNT hydrogel beads were synthesised using a two-step precipitation approach and analysed
using Fourier transformation infrared (FTIR) technology. From the FTIR results it was evident that the
synthesised model adsorbent was characterised with strong peaks of carboxylic and hydroxyl functional
groups which were essential for the uptake of the model adsorbates i.e., AMX, CIP, SMX, PFOA and
PFOS. Post the adsorption process, band stretches were observed cementing the uptake of the model
adsorbates on CCNT hydrogel beads. Single adsorption kinetics experimental data for the uptake of
AMX, CIP, SMX, PFOA and PFOS were well fitted by the nonlinear pseudo-first order (PFO) kinetic
model recording R* values of more than 0.9 for all model adsorbates. It is worth noting that the
competing PFO and pseudo-second order (PSO) kinetic models were validated by applying the
Bayesian Information Criterion (BIC) as a statistical analysis parameter. Furthermore, the findings of
the present study from the Weber-Morris kinetic model suggest that multiple processes were limiting

the overall adsorption rate of AMX, CIP, SMX, PFOA and PFOS on CCNT hydrogel beads.

Adsorption isotherm studies were conducted for a temperature range of 283 K, 293 K and 303 K for a
contact time of 24 hours for AMX, CIP, and SMX, and 168 hours for PFOA and PFOS. The findings of
the present study suggest that AMX, CIP, SMX, PFOA and PFOS single adsorption experimental data
were well fitted by the nonlinear Freundlich isotherm model suggesting the heterogeneity of the surface
as well as the exponential distribution of the active sites of the model adsorbent. On the other hand, the

binary and ternary AMX, CIP, and SMX adsorption experimental data were well fitted by the nonlinear
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competitive extended Sips adsorption isotherm model. Furthermore, results for the binary and ternary
adsorption systems explicitly demonstrated that the multicomponent adsorption systems exhibited both
antagonistic and synergistic effects on the uptake of AMX, CIP and SMX. Interestingly, binary
adsorption experimental data for PFOA and PFOS were well fitted by the extended-Langmuir isotherm
model (R*=0.996 for PFOA and R?>=0.995 for PFOS) and extended-Sips isotherm model (R?>=0.996 for
PFOA and R?=0.997 for PFOS), with the system strictly exhibiting antagonistic effects for the uptake
of one adsorbate in the presence of another adsorbate. From thermodynamic studies, it is evident that
the uptake of AMX, CIP, SMX, PFOA and PFOS is an endothermic process, and it cannot be explicitly

classified as a chemical nor physical adsorption process but as a physicochemical adsorption process.

The presence of sodium chloride (NaCl) and humic acid (HA) demonstrated antagonistic effects on the
uptake of AMX, CIP and SMX by CCNT hydrogel beads due to formation of aggregates with an
increase in ionic strength. Single factor analysis of variance results recorded p-values of less than 0.05
for the uptake of AMX, CIP and SMX indicating that there was a statistical difference between the
means of the independent and depended variables, thus cementing the negative effect of increasing ionic
strength on the uptake of the mode adsorbates. However, NaCl ions exhibited minimal competitive
effects with adsorbate molecules for active adsorption sites on CCNT hydrogel beads compared to HA.
On the other hand, the presence of NaCl as a competing ion exhibited synergistic effects in the uptake

of PFOA and PFOS from aqueous solutions.

Furthermore, for the present work, breakthrough curves from the experimental data were well fitted by
the Thomas model recording R* and adjusted-R? values of greater than 0.9 for all adsorbates investigated
indicating that the breakthrough curves for the present work can be described by a symmetrical function.
Additionally, the breakthrough points time predicted by the Thomas model was aligned with the
experimentally determined breakthrough points time cementing its practical utility and superiority over
the log-Gompertz and Bohart-Adams models. On the other hand, from the Monte Carlo simulation
results, it is evident that, in an aqueous environment, both PFOA and PFOS may be taken up
preferentially by PP and PE, although less strongly by PE. The degree of polymerisation of PE and PP
did not significantly influence the observed behaviour. In terms of sorption affinity, the observed affinity

was PFOA>PFOS>SMT which was consistent for both PE and PP.

Based on the results obtained, it was concluded that CCNT hydrogel beads composites have the
potential to be applied as adsorbents for the removal of antibiotics and PFAAs from aqueous solutions.
Furthermore, the simulation results obtained suggest that Monte Carlo simulations in Material Studio
can be used as an effective tool in elucidating the interaction between antibiotics and PFAAs with
microplastics relative to water as co-existing contaminants. Therefore, the findings of the present work

have successfully addressed the research questions for the current study.
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CHAPTER ONE: INTRODUCTION

1.1. Background Information

1.1.1. Antibiotics

Antibiotics can be defined as chemotherapeutic agents that inhibit or eliminate the growth of
microorganisms, such as bacteria, fungi, and/or protozoa (de Ilurdoz, Sadhwani and Reboso 2022). As
such, they are widely used for the treatment of common infectious diseases making them crucial drugs
for humans and veterinary medicine (Darvishi et al. 2023). However, the misuse and/or long-term
exposure to antibiotics has resulted in the rapid rise of antimicrobial resistance with some infections
now effectively untreated (Hutchings, Truman and Wilkinson 2019). Sadly, in South Africa, different
classes of antibiotics have been detected in wastewater treatment plant (WWTP) effluent streams,
surface water, seawater as well as in drinking water at trace concentrations ranging from ng/L to pg/L
posing a serious health risk to human and aquatic organisms (Madikizela, Tavengwa and Chimuka 2017;
Madikizela, Ncube and Chimuka 2020; Madikizela et al. 2020). The occurrence of antibiotics in aquatic
environments is ascribed to their excretion through urine or faeces in their original forms or their
metabolites, improper disposal of antibiotics, as well as the use of animal manure (Madikizela et al.
2020; Khumalo et al. 2023). Madikizela et al. (2020) reported that, due to high water solubility and
presence of polar functional groups in the chemical structures of antibiotics, their native compounds
and metabolites are discharged into surface water as part of WWTP effluent streams thus increasing

their exposure to humans and aquatic organisms making them susceptible to antimicrobial resistance.

Figure 1.1 presents, through the human food chain, the connection between the use of antibiotics and
human health which has become an issue of global concern. It is apparent from Figure 1.1 that it begins
with the normal intake of antibiotics by human and animals. These antibiotics are subsequently excreted
by humans and animals which eventually enter WWTPs which generate biosolids and effluent
discharges that causes soil and aquatic environment pollution. The polluted environment subsequently
result in food and drinking water contamination leading to infections by drug resistant bacteria which
have become even more difficult to treat, as elucidated by de Ilurdoz, Sadhwani and Reboso (2022).
The current problem faced by South Africa and other countries in the African region, is that WWTPs
are not designed to eliminate these types of emerging contaminants. As such, there is an urgent need of

new wastewater treatment technologies for the removal of antibiotics from various water bodies.

1.1.2. Perfluoroalkyl Acids

Perfluoroalkyl acids (PFAAs), also known as “perfluorinated compounds (PFCs),” are synthetic organic

surfactants that contain one or more carbon atoms on which all the hydrogen substituents have been
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replaced by fluorine atoms such that they contain the perfluoroalkyl moiety attached to a hydrophilic
functional group (i.e., CoF2u+1-R) (Buck et al. 2011; Xiao 2017; Lenka, Kah and Padhye 2021). Due to
the carbon-fluorine bond, the perfluoroalkyl moiety is characterised with chemical and thermal stability

in addition to its hydrophobic and lipophobic nature (Lee et al. 2020).
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Figure 1.1: Connection between the use of antibiotics and human health. Adapted from de Ilurdoz, Sadhwani and
Reboso (2022).

Owing to these properties, PFAAs are widely used in diverse industrial applications and consumer
products such as firefighting foams, surfactants, surface protectors, erosion inhibitors in aircraft
hydraulic fluid, coating-ingredient for clothing fabrics, leather and carpets, electronic etching bath
surfactants, photographic emulsifiers, paints and adhesives, as elucidated by Lee et al. (2020); Zhang
et al. (2021) and Lenka, Kah and Padhye (2021) in their latest reviews. As such, PFAAs are released
into the aquatic environment through surface runoff, product degradation and/or industrial wastewater
effluent. Consequently, PFAAs have been detected in aquatic environments, drinking water, WWTP

effluent streams as well as in wild life and human serum (Lenka, Kah and Padhye 2021).

Human and animal exposure to PFAAs can cause a wide range of adverse health effects such as
reproductive toxicity, oxidative stress, metabolism disturbance, immune toxicity, developmental
toxicity, genotoxicity, neurotoxicity, disrupting thyroid functions as well as carcinogenicity (Lee et al.
2020; Ojo, Peng and Ng 2021; Zhang et al. 2021). The exposure sources to PFAAs can be via. direct
source i.e., dietary intake, water intake as well as skin contact and indirect source i.e., metabolic
transformation of PFAA precursors into more toxic PFAAs such as perfluorooctanoic acid (PFOA) and
perfluorooctane sulfonic acid (PFOS) enriching them in the aquatic environment. As such, PFOA and

PFOS are the most detected and used classes of PFAAs drawing the attention of national and
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international environmental authorities due to their hazardous and toxic effects on human and ecological
environments. It is apparent that the removal of PFAAs particularly in WWTP influent streams has

become an utmost need and a demand for the protection of the environment.

1.2. Motivation

Despite the advancement in the development of water and wastewater treatment technologies, such as
the use of carbon-based adsorbents, contaminants of emerging environmental concern (i.e., antibiotics
and PFAAs) are still being detected in WWTP effluent streams. Carbon based adsorbents such as carbon
nanotubes have demonstrated the ability to minimise contaminants of emerging concern from aqueous
environments. However, the topic on carbon-based adsorbents, carbon nanotubes in particular, is not
yet exhausted since there are some challenges that are associated with this technology such as adsorbent
(CNTs) regeneration, high processing costs and the occupation of adsorption sites by non-targeted
pollutants. Furthermore, literature on multicomponent adsorption studies, thermodynamic parameters,
breakthrough curves modelling as well as elucidating the environmental interaction of antibiotics and
PFA As with other coexisting emerging contaminants of environmental concern such as microplastics is
scanty. On the other hand, the environmental occurrence of antibiotics and PFAAs is posing a serious
health risk to humans as well as fauna and flora. As such, there is a need to develop low-cost adsorbents
from natural material such as chitosan composites for the removal of antibiotics and PFAAs from

aqueous solutions.

Therefore, the present study provides a holistic understanding on the environmental occurrence and fate
of antibiotics and PFAAs in wastewater treatment processes. The study contributes to elucidating the
uptake mechanisms of antibiotics and PFAAs on chitosan-carbon nanotube composites through the
study of adsorption kinetics, isotherms, and thermodynamic parameters for an effective system design.
Moreover, the study contributes to the investigation of the effect of operating parameters for a
continuous process through the modelling of breakthrough curves which provides understanding on the
process behaviour and its dynamics. Lastly, the study contributes to the understanding of the interactions
between antibiotics and PFAAs with microplastics relative to water, thus elucidating to their health

effects to humans and aquatic organisms.

1.3. Research hypotheses and questions

The following are the conceptual theories upon which this study is based on, consequently, there are

various questions that need to be addressed.

i. It is hypothesised that chitosan and carbon nanotubes will form stable hydrogel beads for

possible application in water treatment processes for the uptake of antibiotics and PFAAs.
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ii.

1ii.

1v.

It is hypothesised that chitosan-carbon nanotube hydrogel beads will exhibit functional groups
that will promote the uptake of antibiotics and PFAAs.

It is hypothesised that the uptake of one adsorbate in the presence of another adsorbate will
exhibit antagonistic effects due to competition of active sites for adsorption.

It is hypothesised that antibiotics and PFAAs can be adsorbed into microplastics in aquatic

environments as a transport vector.

The present study therefore ought to answer the following questions:

ii.

1.4.

Would chitosan-carbon nanotube composites, therefore, feasibly be used as an adsorbent for
the removal of antibiotics and PFAAs?

Can artificial intelligence through the application of Material Studio as a simulation tool be
effectively used in studying the interaction between antibiotics and PFAAs with microplastics

relative to water as co-existing contaminants?

Aim and Objectives

The primary aim of the present study is to investigate the treatment efficiency of chitosan-carbon

nanotube hydrogel beads for the removal of antibiotics (i.e., amoxicillin, ciprofloxacin and

sulfamethoxazole) and PFAAs (i.e., PFOA and PFOS) from aqueous solutions. In achieving the aim of

the present study, the following objectives were investigated:

ii.

iil.

1v.

Evaluate the performance of synthesised chitosan-carbon nanotube hydrogel beads on the
removal of amoxicillin, ciprofloxacin, sulfamethoxazole, PFOA and PFOS from aqueous
solutions through batch studies.

Evaluate adsorption kinetics, isotherms, thermodynamic parameters as well as the effect of
solution pH, adsorbent dose, contact time and initial adsorbate concentration on the removal of
the model antibiotics and PFAAs.

Perform fixed-bed adsorption column studies to investigate the effect of operating parameters
such as volumetric flow rate, initial adsorbate concentration and fixed-bed height on the
adsorption breakthrough curves.

Investigate the sorption of antibiotics and PFAAs relative to water on micro-plastics as a carrier

in water bodies by employing the extended Flory-Huggin’s approach in Material Studio.
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1.5. Thesis organisation

Chapter One:

This chapter presents a brief discussion on the impact on human and animal health as a result of the
occurrence of antibiotics and PFAAs in aquatic environments. The motivation, primary aim as well as
objectives of the study are described in this chapter. Moreover, the chapter presents the layout of the

thesis and a brief discussion of the content presented in the subsequent chapters.

Chapter Two:

The environmental occurrence and fate of pharmaceutical compounds, precisely antibiotics and
nonsteroidal anti-inflammatory drugs, were systematically examined and presented in this chapter. The
scope of the work presented in this chapter is in the order of a brief introduction on environmentally
threatening pharmaceutical compounds, a section discussing the occurrence of pharmaceutical
compounds from different point sources, a discussion on environmental impact and regulations, a
comprehensive discussion on the treatment technologies of pharmaceutical compounds i.e., biological
processes, advanced oxidation processes as well as chitosan-based adsorption processes. The chapter
concludes by addressing the current gap through a discussion on future perspectives as far as chitosan-
based adsorption processes are concerned. It is worth noting that this chapter is published as paper I

(https://doi.org/10.1016/j.hazadv.2023.100330).

Scientific contribution/novelty: This chapter provides an overview of the findings reported in
literature on the detection frequency and quantity of selected pharmaceutical compounds in wastewater
treatment plants influent and effluent streams. The chapter identifies knowledge gaps of the emerging

water treatment technologies with future perspectives.

Chapter Three:
This chapter which is published as paper II (https://doi.org/10.3390/app122312196) presents a

systematic review on the occurrence of PFOA and PFOS in water bodies and emerging research on their
biodegradation as they are known to be xenobiotic compounds. The chapter begins with an introduction
on the chemistry of PFOA and PFOS as well as their industrial applications. Moreover, the occurrence
of PFOA and PFOS in water bodies was examined in this chapter together with emerging
bioremediation techniques of PFOA and PFOS from aquatic environments. The chapter concludes with

a discussion on future perspectives.

Scientific contribution/novelty: This chapter provides an overview on the occurrence of PFAAs
precisely PFOA and PFOS in water bodies as well as the latest development in PFAAs remediation

subsequently contributing to the design of sustainable green PFAAs remedial processes.
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Chapter Four:

This chapter endeavours to answer the questions raised in objectives i and ii of the current study
precisely on the sorptive studies of amoxicillin, ciprofloxacin and sulfamethoxazole on chitosan-carbon
nanotube hydrogel beads. The chapter begins with a brief introduction explicitly addressing the research
gap that is being addressed by the findings of the present study. The experimental procedure that was
adopted as well as model evaluation is explicitly presented under the material and methods section. The
discussion of results is presented into four main subsections i.e., 1) a succinct discussion on the
synthesised adsorbent, 2) a discussion on the effect of operating parameters such as solution pH, initial
adsorbate concentration, and adsorbent dose on the removal of the model antibiotics as adsorbates.
Moreover, the results section presents a discussion on single adsorption kinetics, isotherms and
thermodynamic studies examining the uptake mechanism of the model adsorbates on chitosan-carbon
nanotube hydrogel beads. Binary and ternary adsorption isotherms for the uptake of the model
antibiotics on chitosan-carbon nanotube hydrogel beads are also presented in this chapter. The chapter
concludes with a discussion on future perspectives on single and multicomponent adsorption of
antibiotics on chitosan-carbon nanotube hydrogel beads. This chapter is published as paper III

(https://doi.org/10.1016/j.hazadv.2024.100404).

Scientific contribution/novelty: Available literature suggest that no studies have been conducted on
multicomponent adsorption for the removal of AMX, CIP and SMX from solution using chitosan-CNT
hydrogel beads. Furthermore, available literature suggests that, the application of nonlinear adsorption
kinetics and isotherms empirical models are scanty. As such, the novelty of this chapter entails the study
of adsorption kinetics by utilising nonlinear empirical models, the study of adsorption isotherms for
single, binary and ternary adsorption systems to elucidate the synergistic and/or antagonistic effects of
the sorption of one antibiotic in the presence of other antibiotics, and the evaluation of thermodynamic

adsorption parameters.

Chapter Five:

This chapter presents the findings of the present study on the effect of competing ions in the form of
humic acid and sodium chloride on the uptake of amoxicillin, ciprofloxacin and sulfamethoxazole on
chitosan-carbon nanotube hydrogel beads from aqueous solutions. The chapter endeavours to answer
the questions raised in objective i. It begins with a brief introduction on the status of antibiotics
consumption rate and their occurrence in aquatic environments, which is then followed by a subsection
on the methodological approach that was adopted in executing the investigation. Thereafter, the chapter
presents a discussion of results on the effect of varying humic acid and sodium chloride on the uptake
of the model antibiotics adsorbates on chitosan-carbon nanotube hydrogel beads alongside a discussion
on the analysis of variance. This chapter ends with concluding remarks. It is worth noting that this

chapter is published as paper IV, which is part of a peer reviewed conference proceedings (The Effect
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of Competing Ions on the Sorption of Amoxicillin, Ciprofloxacin, and Sulfamethoxazole on Chitosan-

Carbon Nanotube Hydrogel Beads (avestia.com)).

Scientific contribution/novelty: Due to the lack of studies focusing on the uptake of antibiotics from
solution in the presence of competing ions, herein chitosan-carbon nanotube (chitosan-CNT) hydrogel
beads were synthesised via precipitation in an alkaline solution. As such, the novelty of this chapter is
evaluating the adsorption efficacy of chitosan-CNT hydrogel beads for the uptake of AMX, CIP and

SMX in the presence of sodium chloride and humic acid as competing ions.

Chapter Six:

This chapter presents the findings of the study on single and binary adsorption of PFOA and PFOS on
chitosan-carbon nanotube hydrogel beads. The chapter endeavours to answer the questions raised in
objectives 1 and ii of the present study. This chapter begins with an introduction describing the
environmental status of PFOA and PFOS, drawbacks that are associated with remedial technologies
reported in literature, a brief discussion on the properties of chitosan as well as the scientific contribution
of the present study. The methodological approach adopted in executing the study is explicitly described
under the materials and methods subsection alongside with the adsorption kinetics and isotherms
empirical models and parametric optimisation modelling technique that was utilised. The subsection on
results and discussion begins with a discussion on the adsorbent functional groups before and after
adsorption of PFOA and PFOS, which is then followed by a discussion on parametric optimisation using
response surface methodology. Moreover, this chapter also presents a comprehensive discussion on the
adsorption kinetics, isotherms, and thermodynamic parameters for the uptake of PFOA and PFOS on
chitosan-carbon nanotubes. The chapter ends with a discussion of results on the effect of sodium
chloride on the uptake of PFOA and PFOS on the model adsorbent. It is worth noting that, this chapter

is presented as paper V which is currently under review.

Scientific contribution/novelty: The scientific contribution or novelty of this chapter is the evaluation
of the adsorption efficacy of chitosan-CNT hydrogel beads for single and binary adsorption of PFOA
and PFOS from aqueous solutions as well as the effect of competing ions on the sorption of PFOA and

PFOS.

Chapter Seven:

This chapter is presented as paper VI which is currently under review, and it endeavours to answer the
question raised in objective iii. This chapter presents the findings of the present study on the effect of
operating parameters i.e., volumetric flow rate, initial adsorbate concentration and fixed bed height on
the breakthrough curves for the uptake of amoxicillin, ciprofloxacin, sulfamethoxazole, PFOA and
PFOS. Moreover, the chapter presents a discussion of results on adsorption column breakthrough curves
modelling aimed at investigating the dynamic behaviour of the fixed-bed adsorption system report for

the present study.
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Scientific contribution/novelty: Most studies in solid-liquid adsorption reported in literature are based
on batch adsorption suggesting that studies in continuous systems (i.e., fixed-bed column) are scanty.
Therefore, the scientific contribution of this chapter is investigating the effect of operating parameters
on the breakthrough curves for the sorptive removal of AMX, CIP, SMX, PFOA and PFOS on chitosan-
CNT hydrogel beads in a fixed-bed column as the first case.

Chapter Eight:
The question raised in objective iv of the present study is addressed in this chapter which is published

as paper VII (https://doi.org/10.3390/w14121951). The chapter begins with an introduction discussing

the status as well as human and aquatic life health effects as a result of the occurrence of microplastics,
antibiotics (i.e., sulfamethazine), PFOA and PFOS in aquatic environment. The scientific contribution
of the present study is described in the introduction subsection of this chapter. The chapter also consists
of a materials and methods subsection which presents a comprehensive discussion of the simulation
approach that was adopted for the present work. Furthermore, the chapter presents a comprehensive

discussion of the results obtained and it ends with concluding remarks as well as future perspectives.

Scientific contribution/novelty: The scientific contribution of this chapter is the study of adsorption
mechanisms of antibiotics and PFAAs by investigating the thermodynamic interaction of PFOA, PFOS
and sulfamethazine in polyethylene (PE) and polypropylene (PP) through phase equilibrium and mixing
using the extended Flory-Huggins approach in Material Studio as the first case. It is worth noting that,
there are no reported studies on investigating the effect of temperature and polymerization on the
thermodynamic interaction of the aforementioned compounds with PE and PP using the extended Flory-

Huggins approach

Chapter Nine:
This chapter provides conclusions and recommendations based on the findings presented in the previous
chapters. Recommendations for future research on antibiotics and PFAAs removal from aquatic

environments are also presented in this chapter.
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CHAPTER TWO: LITERATURE REVIEW — PART I

THE OCCURRENCE AND FATE OF ANTIBIOTICS AND NONSTEROIDAL ANTI-
INFLAMMATORY DRUGS IN WATER TREATMENT PROCESSES

2.1. Abstract

The recent surfacing of novelty viruses such as the coronavirus (COVID-19) and other conventional
viruses have resulted in a significant increase in the use of pharmaceuticals, particularly antibiotics and
nonsteroidal anti-inflammatory drugs (NSAIDs). This is attributed to their design to modulate the
endocrine and immune system of the body. Subsequently, these contaminants of emerging concern are
introduced into water-receiving bodies through animal and human excretion, unregulated disposal, and
anthropogenic activities, resulting in their occurrence in trace amounts. Despite their occurrence in trace
amounts, these classes of emerging contaminants can be persistent or only partially degraded during
water treatment processes; hence they have eluded conventional wastewater treatment plant (WWTP)
technologies. Moreover, long-term exposure to pharmaceutical compounds poses serious health risks
to human and aquatic flora and fauna due to their bioaccumulation. Hence, the current study provides a
holistic review on the occurrence of selected antibiotics and NSAIDs in surface water and their fate in
wastewater treatment processes. This chapter provides an overview of the findings reported in the
literature on the detection frequency and quantity of selected pharmaceuticals in WWTP influent and
effluent streams. Furthermore, the review highlights the findings reported in the literature on the
potential application of bioremediation processes, advanced oxidation processes, and chitosan-based
adsorbents on pharmaceutical remediation. Finally, the chapter concludes by identifying knowledge

gaps in the reported technologies with future perspectives.

2.2. Introduction

Pharmaceuticals are characterised as drugs containing active pharmaceutical ingredients designed to
treat various ailments in animals and humans (Kanakaraju, Glass and Oelgemoller 2018). Although
pharmaceuticals are utilised for human and animal health improvement, their environmental occurrence
has become a health hazard owing to their persistence, Deoxyribonucleic Acid (DNA) damage,
microbial resistance, toxic effects, ecotoxicity, bioaccumulation, and non-bioremediation by
conventional wastewater treatment plants (WWTPs) (Felis et al. 2020; Khan et al. 2020). Recently,
there has been a growing interest in studies focusing on the occurrence and fate of pharmaceutical
compounds in the environment (Liu and Wong 2013; Matongo et al. 2015b, 2015a; Liu et al. 2016;
Madikizela and Chimuka 2016; Balakrishna ef al. 2017; Lyu et al. 2020; O'Flynn et al. 2021; Jurado et
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al. 2022; Khumalo et al. 2022; Silori and Tauseef 2022; Arvaniti et al. 2023). As such, these compounds
have been characterised as contaminants of emerging concern to raise awareness in the scientific
community about the need to develop methods for their detection, fate, biochemistry, treatment, and

toxicity in water bodies.

The detection of pharmaceuticals in surface water is attributed to their continuous release into the
ecosystem from various point sources such as households, hospitals, and pharmaceutical industries
(Almomani et al. 2016). Environmentally threatening groups of pharmaceuticals include antibiotics,
nonsteroidal anti-inflammatory drugs (NSAIDs), beta-blockers, X-ray contrast media, antidepressants,
and hormones (Kanakaraju, Glass and Oelgemdoller 2018). These compounds end up in WWTPs; as
such, their occurrence in water bodies (Madikizela and Chimuka 2016, 2017; Folarin ef al. 2019; Patel
et al. 2019; Kovalakova et al. 2020) is evident that they elude conventional biological and chemical
wastewater treatment processes. Hence, WWTPs have been characterised as the main point source for
pharmaceutical compounds, which is attributed to the fact that untreated effluents from veterinaries,
hospitals, and industries are combined with domestic wastewater and transferred to WWTPs (Khan et

al. 2020; Kovalakova et al. 2020).

Different treatment processes, including biological processes (Larcher and Yargeau 2011; Amorim et
al. 2014; Mueller 2016; Bessa et al. 2017; Pan et al. 2017; Pan et al. 2018), advanced oxidation
processes (Ying et al. 2015; Patel et al. 2019), nanofiltration (Cristovao et al. 2019; Wei et al. 2021),
reverse osmosis (Lopera, Ruiz and Alonso 2019), as well as the application of chitosan-based adsorbents
(Yaqubi et al. 2021) have been reported as effective treatment options for the removal of pharmaceutical
compounds from wastewater. This chapter provides a holistic review on the occurrence and
environmental impact of pharmaceutical compounds in water bodies, followed by an overview of the
antibiotics and NSAIDs remediation processes reported in literature. The chapter focuses on the
degradation mechanism of pharmaceutical compounds by novel bacterial strains and advanced
oxidation processes reported in literature. Lastly, the chapter gives special attention to the work reported
on the potential application of chitosan-based processes on the removal of pharmaceuticals from

wastewater streams.

2.3. Occurrence of pharmaceutical compounds (PCs) in surface water

2.3.1. Through human consumption

The environmental and health risks associated with the occurrence of pharmaceuticals in aquatic
streams have been widely researched (Agunbiade and Moodley 2016; Madikizela and Chimuka 2016;
Ali et al. 2017; Madikizela and Chimuka 2017). One of the most prevalent pharmaceuticals in the
aquatic system are antibiotics (Wang, Wang and Yang 2018; Hou et al. 2019; Martin-Laurent et al.
2019), as well as NSAIDs (Thalla and Vannarath 2020). Antibiotics are commonly used by humans and
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animals as the primary treatment of acute illnesses. As a result, these pharmaceuticals are abundant in
the environment because millions of people use them daily, thus resulting in their occurrence in surface
water (see Table 2.1). Most countries have been showing an upward trend in antibiotic consumption;
for instance, China was identified as the largest consumer after India, then followed by the US (Van
Boeckel et al. 2014). Also, countries in developing economies like South Africa, Russia, and Brazil

were highlighted (Gelband et al. 2015).

Noticeably, most well-developed economies like Finland, Sweden, Italy, Netherlands, Norway,
Luxembourg, and United Kingdom have not recorded an upward trend in antibiotics consumption
(CDDEP 2015). Sadly, it is predicted that antibiotics consumption in developing countries will continue
to increase until 2030, as their population increases, and presumably, no policy changes imposed (Van
Boeckel et al. 2014). Ideally, the consumption of antibiotics should decrease to reduce their occurrence

in the environment.

Generally, the consumption of antibiotics happens in households, not necessarily in hospitals (Tiseo et
al. 2020). The frequent prescription of antibiotics by medical practitioners, even for conditions that may
not need such treatment, like colds, contributes to environmental stress. As such, these antibiotics end
up in the environment owing to human secretion through urine and faeces, sometimes as original
compounds (Tran, Reinhard and Gin 2018), as its metabolites (Ghirardini, Grillini and Verlicchi 2020),
or as conjugates glucuronic and sulfuric acid (Mili¢ et al. 2013). According to Patel et al. (2019)
pharmaceuticals may metabolize by <10% or >90% before human excretion. Nonetheless, in cases of
high antibiotic consumption, there will be high metabolisation, but the original compound will still
exist, which contaminates the water stream immensely (Patel ef al. 2019). This is supported by Dinh et
al. (2017), who found that sewage systems contained between 70% and 80% of antibiotics in their
original compounds. Noticeably, the source for pharmaceuticals existence in water bodies is difficult to
identify since they may enter through many sources (Figure 2.1), like, hospital wastewater, household

effluent or even manufacturing sites with poor disposal management systems (Hendriksen ef al. 2019).

Additionally, poorly managed medical waste disposal sites may experience the leaching of antibiotics
to contaminate groundwater (Liu and Wong 2013). Also, leaching is possible in cases where latrines or
pit toilets are used, leading to groundwater pollution. Moreover, pharmaceuticals can interact with
co-existing emerging contaminants such as microplastics and prolong their fate in the aquatic

environment while posing even higher health risks to aquatic life and humans.
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Table 2.1: Average concentrations of pharmaceutical compounds detected in surface water.

Compound Structure* Water solubility Use* Detection levels Reference
(mg/mL)*
Treatment of infections caused by 0-88 ug/L (Patel et al. 2019)
gram-positive bacteria.
Amoxicillin 0.958 0.008 g/l (Folarin et al. 2019)
1.67 pg/L (Kovalakova et al.
2020)
Treats a wide variety of 0.08 pg/L (Patel et al. 2019)
susceptible infections.
Tetracycline 133 10 ng/g (Hu et al. 2018)
15.3 ng/L (Scaria, Anupama
and Nidheesh 2021)
Is a macrolide antibiotic used to 65.8 ng/L (Lyu et al. 2020)
treat and prevent a variety of
bacterial infections.
Erythromycin 0.002 428 ng/L (Jurado et al. 2022)
0.03 - 0.26 pg/L (Madikizela,
Tavengwa and
0.06 — 1.00 pg/L Chimuka 2017)
0 0 Treatment of gram-positive and 1.15 pg/L (Patel et al. 2019)
F gram-negative bacteria
Norfloxacin HO | 1.01 0.55 ng/g (Hu et al. 2018)
N N/w 103 pg/kg (Lyu et al. 2020)
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Table 2.1: Continues

Compound Structure* Water solubility Use* Detection levels Reference
(mg/mL)*
o o Treats various susceptible bacterial 45.4 pg/L (Patel et al. 2019)
F infections
Ciprofloxacin Ho | 1.35 0.87 ng/g (Hu et al. 2018)
A @ 42.6 ng/L (Lyu et al. 2020)
NH
bk Treat a variety of infections of the 0 - 304 pg/L (Patel et al. 2019)
o i urinary tract, rgspira}tory system,
¥ L. P 0.459 and gastrointestinal tract 4.5 nglg (Hu et al. 2018)
Sulfamethoxazole /@’ B -
HA 67.8 ug/kg (Lyu et al. 2020)
; ; Treats mild-moderate pain, fever, 17.4 ug/L (K'oreje et al. 2016)
) and inflammation 85 pg/L (Matongo et al.
4 5 2015b)
Ibuprofen # 0.0684 32.9 ug/L (Hlengwa and
Mahlambi 2020)
62 pg/L (Matongo et al.
2015a)
5 Treats the signs and symptoms of 1.2 ug/L (Amos Sibeko et al.
2 osteoarthritis and rheumatoid 2019)
Diclofenac £ 0.00447 arthritis 2.58 ug/L (Mhuka, Dube and
g ) Nindi 2020)
0.73 pg/L (K'oreje et al. 2016)
12.4 pg/L (Agunbiade and

Moodley 2016)

*Compound structures and solubility data was obtained from https://go.drugbank.com/drugs assessed on 12 December 2022.
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Khumalo et al. (2022), in a molecular simulation study, investigated the sorption of sulfamethazine
relative to water on polyethylene (PE) and polypropylene (PP), and high sorption affinity of
sulfamethazine on both PE and PP was reported. The findings suggest that sulfamethazine can be
absorbed into microplastics under an aqueous environment. For the most part, wastewater treatment
facilities cannot completely remove pharmaceuticals simply because they were not designed with such
capabilities (Makhathini, Mulopo and Bakare 2020).

Phamaceutical
Human use Production Veterinary use
Industries

Hospital solid

st Animal waste, manure

s

{  Ground water )1—

Figure 2.2: Pathway for antibiotics through human use, pharmaceuticals manufacturing industry, and animal use.

Landfil
disposal

2.3.2. Through animal use

Many researchers report that the main source of veterinary pharmaceuticals, including antibiotics to the
aquatic environment is due to livestock and farming activities (Kaczala and Blum 2015). The demand
for animal protein has increased exponentially around the globe over the last decade: as such, the
consumption of antibiotics by food-producing animals has rapidly grown (Van Boeckel ef al. 2014).
Animal antibiotics are commonly present in supplements for fast growth support. These are then
excreted as feaces or urine in livestock farms, thus, adversely affecting the aquatic ecosystem (Bilal ef

al. 2020). Some of the antibiotics found in animal medicine are summarised in Table 2.2, with their
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potential side effects if ingested by humans. Most importantly, veterinary antibiotics are not absorbed
in animal organisms because they are bioactive, seem efficient at low doses, and are excreted after a
short period (Tasho and Cho 2016). As such, these antibiotics can convert back into their primary
compound after excretion (Tasho and Cho 2016). For instance, some antibiotics become ineffective and
analytically undetectable after converting into conjugates like acetylated metabolites. Yet, for manure
to be activated, there should be a separation of the acetyl group (Liu et al. 2020). It has been a common
practice in farming to use some of the excreted organic by-products like faeces as an option for fertiliser
(Park et al. 2019), then recycle it as manure to lessen the environmental impact of the waste. Moreover,
manure is a valuable fertiliser, as it has critical nutrients for plant growth like potassium, phosphorus,
organic carbon, and nitrogen (He et al. 2015). Regrettably, this practice will likely cause veterinary
antibiotics to end up in the environment and ultimately surface and groundwater systems through runoff

and percolation, respectively (Yao ef al. 2017).

Additionally, there is another way through which veterinary antibiotics may enter the environment:
ventilation systems containing antibiotics dust from animal stables (Tasho and Cho 2016). The released
antibiotics pathway may be in a dissolved state or adsorbed to colloids and soil particles into the surface
and/or groundwater (Xing et al. 2020). As a result, it is crucial to research and assess how antibiotics
are used in farming, from administration to excretion, waste collection, input of land, and potential soil-

water transmission.
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Table 2.2: Some of the common veterinary antibiotics

Class Compounds Group of animals Potential side effects Reference
Aminoglycosides Neomycin All animals Nephrotoxic (Krause et al. 2016)
Specinomycin Chickens, cattle, pigs Ototoxic (Becker and Cooper 2013)
Kanamycin cattle, horses, dogs, pigs Nephrotoxic
B-Lactum Oxacillin Cattle Allergic reactions (Miguel, Orlando and Simionato 2013)
Dicloxacilin Cattle (Prescott 2013)
Cloxacilin Cattle
Liu et al. 2016
Benzylpenicillin All animals (Liv et a )
Ampicillin, amoxicillin All animals
Fenicoles Chloramphenicole Cats, dogs Anemia (Hanekamp and Bast 2015)
Cephalosporines Cefalexin Dogs Allergic reactions (Liu et al. 2016)
Ceftiofur, cefquinom Pigs, Cattle
Sulphonamides Sulphadimethoxine cats, chickens, pigs Nephrotoxic
Sulphadimidine cats, chickens, pigs (Liu et al. 2016)
Sulphapyridine Pigs
Lincosamides Clindamycin Dogs Gastro-intestinal
Lincomycin Pigs, dogs, cats, cattle challenges (Lappin et al. 2017)
Tetracyclines Chlortetracycline Cattle, pigs Hepatotoxic
Doxycycline cats, dogs (Chung et al. 2017)
Oxytetracycline cattle, sheep, pigs
Tetracycline horse, sheep, pigs
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2.3.3. Through Landfill Leachate

There is less literature on the occurrence of veterinary antibiotics through the leaching of traditional
disposal systems, and there is an opportunity for studies to address the impact on public health that this
might cause. For example, the environmental footprint of leaching veterinary pharmaceuticals from
livestock mortalities and the burial of animals in farms or urban areas is still poorly understood. Yuan,
Snow and Bartelt-Hunt (2013) emphasise that the consequences of animal carcass burial on water
quality are essential to investigate. Moreso, because the burial pits are constructed with no liners, thus
allowing leachate to infiltrate into the ground (Kwon ef al. 2017). As such, these veterinary antibiotics
may be taken up by plants which could lead to secondary exposure to humans as food consumption
(Bartikova, Podlipnd and Skalova 2016). A study by Rajapaksha et al. (2014) observed veterinary
antibiotics in plant tissue grown in soil mixed with sulfamethazine. Even though the concentration of
these antibiotics is low with a typical range of 0.1 ppm to 1.2 ppm, which may be consumed through
ingestion of food but it is still considered unsafe due to chronic toxicity (Bartikova, Podlipna and
Skalova 2016). Therefore, if animal burial pits or abandoned dead animals in sites used for cultivation
without proper management, they could be a source of antibiotics that pose a danger of transmission to

public health.

2.4. Environmental Impact and Regulations

Pharmaceutical compounds, particularly antibiotics, are critical for human and animal health and well-
being. The active agents and metabolites excreted from pharmaceutical use can have various
environmental effects. Antibiotics may be present in various water resource streams, sewage sludges,
manure, and sediments (Balakrishna et al. 2017; Harrower et al. 2021; Chang et al. 2023). Antibiotics'
main sources are healthcare wastewater, household wastewater, sludge, and landfill leaks (Almomani
et al. 2016; Harrower et al. 2021). The predominance of antibiotics in municipal wastewater and surface
waters can develop antibiotic-resistant bacteria due to long-term exposure to low concentrations of
antibiotics in the ng/L to g/L range. Leachates from landfills may contain antibiotics as well as
antibiotic-resistant microorganisms (Borquaye et al. 2019; Song et al. 2022). Some antibiotics used in
humans and animals are excreted in facces and urine (Tran, Reinhard and Gin 2018); therefore, it is

evident that wastes from toilets can be an important source of antibiotics.

Antibiotics are classified as "persistent or pseudo-persistent substances because their entry rate into the
environment exceeds their elimination rate" which implies that more antibiotics are retained by the
treatment systems rather than being removed. Also, they are composed of heterogeneous compounds
with various functional groups that can account for various physicochemical properties and behaviours
in the ecosystem (Coman 2016). Furthermore, the presence of antibiotic residues in the environment is

determined by the antibiotic's pharmacokinetic profile (Coman 2016).
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There are several mechanisms for antibiotics degradation in the environment; some can be biotic
(biodegradation by bacteria and fungi) and others non-biotic (hydrolysis, photolysis, oxidation, and
reduction) based on the physicochemical properties and environmental conditions (temperature, light,

pH) (Jechalke et al. 2014; Chang et al. 2015; Wohde et al. 2016).

The conventional wastewater treatment processes cannot effectively remove these contaminants related
to modern pharmaceuticals and drugs (Makhathini, Mulopo and Bakare 2020). It is also a fact that their
metabolites cannot allow the biodegradation of antibiotic-resistant microorganisms. Therefore, these
compounds end up in the final effluent and/or are absorbed in the sludge (Song et al. 2022). Antibiotics
can also cause inhibition of a microbial-led process, such as the activated sludge process, in the
biological treatment of wastewater. This will have an impact on the quality of the produced effluent.
The indirect effects of antibiotics in water resources or ecosystems are still not well-known; however,

their long-term effects could be important (Grenni, Ancona and Caracciolo 2018).

According to Mackulak et al. (2019), there is still a lack of understanding about the amounts of
pharmaceuticals entering the environment, the origin of pharmaceutical active agents, metabolism and
transformation pathways, the effects of active substances, metabolites, and transformation products on
aquatic organisms, and their persistence or degradability in the environment. Following sludge disposal,
several antibiotics in sludge are discharged into the environment, causing serious environmental issues,
including contamination, as mentioned earlier. Because the primary use of disposed sludge can be
agriculture or landfills, antibiotics in sludge may contaminate the soil, food chain, and water supply
(Mackulak et al. 2019; Harrower et al. 2021). Their presence in sewage sludge can be a serious
environmental issue, as millions of tonnes of dry sludge are produced yearly (Chen et al. 2020).
Antibiotics can generally range from several pug per kg to mg per kg in sewage sludge, depending on
the sampling point and the properties of the sludge (Harrower et al. 2021). Antibiotics have been
prioritised among all pharmaceuticals studied due to antibiotic-resistance genes discovered in bacteria.
Several countries' most common antibiotic classes in sewage sludge samples are tetracyclines,

fluoroquinolones, sulfonamides, and macrolides (Harrower ef al. 2021).

In terms of impacts, there are many impacts on human health, the soil, and freshwater resources,
including rivers, lakes, and groundwater. Weather conditions, such as acid rain, may promote the
retention of antibiotics on the surface soil, creating risks to plants through soil uptake or soil
microorganisms (Solliec ef al. 2016; Pan and Chu 2017). Fluoroquinolones are known to have
cumulative effects on the environmental risk assessment. They may interfere with photosynthetic paths,
cause abnormalities related to the morphology of plants, and significantly inhibit net assimilation due
to reduced somatic conductivity (Janusch et al. 2014; Wang et al. 2015). Tetracyclines have the
reputation of being phytotoxic, causing anomalies at the chromosome level and inhibiting the growth

of plants by lowering the content of photosynthetic chlorophyll and carotenoid pigments in plants
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(Vasquez et al. 2014). Oxytetracycline is concentrated in some aquatic plants grown for human

consumption and previously fertilised with pig manure (Vasquez et al. 2014).

Current policies or regulations are focused on monitoring, but the magnitude of the crisis necessitates
more forward-thinking policies. Understanding antibiotic pollution and resistance as part of a "One
Holistic Approach" may help develop more social interaction and, eventually, more efficient policies.
Such policies must assess the problem posed by specific contaminated environments while also
accounting for the complex patterns of inter-environmental transmissions that may exist. Because
antibiotic resistance and pollution are global issues. There is a need to identify the policy gap regarding
water contamination by antibiotics. This can be achieved by regulating the causes of antibiotic
occurrence in the environment (such as antibiotic consumption) and ending with regulating antibiotic
discharge and risk assessment; environmental antibiotic contamination should be reduced. The
detection and quantification of antibiotics and the characterisation of their behaviour in the environment

are important intermediate steps that could support future regulatory decisions.

Legislation, regulations, or policies play an important role in defining roles and responsibilities among
stakeholders in the fight against antibiotic discharges into the environment. Nevertheless, it is important
to be realistic when it comes to implementation. Environmental regulations, policies, and laws are
important for protecting ecosystems and humans, but their implementation can be difficult depending
on regions and countries. A recently done study (Rogers Van Katwyk et al. 2019) identified 17 policy
strategies for reducing human antibiotic use, with most of the policies having never been evaluated in
terms of their impact on antibiotic use. A high level of specific regulations has been found to be
significantly correlated with lower antibiotic consumption in 20 countries across the European Region

(Mueller 2016).

2.5. Treatment Technologies of Pharmaceutical Compounds

Conventional wastewater treatment plants were not designed to eradicate contaminants of emerging
concern, such as pharmaceutical compounds, from entering the environment (Krzeminski ef al. 2019).
Recently, there have been noticeable high loads of pharmaceutical compounds entering WWTPs, and
they are still detectable in WWTP effluent streams (Matongo et al. 2015b; Agunbiade and Moodley
2016; Madikizela and Chimuka 2016; Madikizela, Tavengwa and Chimuka 2017; Mlunguza et al.
2019). The occurrence of pharmaceutical compounds in WWTP effluent streams is evidence that most
of the current WWTP designs fail to completely eradicate emerging contaminants from entering the
environment. In the context of an African country's wastewater treatment infrastructure, conventional
WWTPs consist of three treatment stages (Figure 2.2), i.e., primary, secondary, and sometimes tertiary,
depending on the WWTP design. The preliminary stage, in most cases, is a mechanical and/or chemical

(coagulant addition) process where solid matter is significantly reduced by filtration and/or
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sedimentation. The secondary treatment stage takes advantage of biological processes, such as using
activated sludge to reduce organic matter and biological nutrients from the wastewater stream under
different operating conditions (i.e., aerobic or anaerobic) depending on the WWTP design. It is worth
mentioning that the application of membrane bioreactors, fixed bed bioreactors, or sequencing batch
reactors is not commonly used at an industrial scale. Ultimately, depending on the WWTP design, the

tertiary stage is the disinfection stage, typically by chlorination or filters to remove solid particles.

Primary Stage Coagulation ,
v Sediment <= I——1
Bioreactor
Secondary Stage
Tertiary Stage

Distribution Chlorination Filtration

Figure 3.2: Wastewater treatment process.

The subsequent subsection of the current study summarises the fate of pharmaceuticals in WWTPs and

reported technologies on pharmaceutical remediation from the aquatic environment.

2.5.1. Biological treatment of pharmaceutical compounds in wastewater streams

The remediation of pharmaceutical compounds, antibiotics, and NSAIDs, in biological treatment
processes, is attributed to biotic and abiotic processes [84] that occur during the treatment process.
Biotic remediation of pollutants is mainly attributed to biodegradation by bacteria and fungi (Mulla et
al. 2021). On the other hand, abiotic remediation is attributed to the sorption of contaminants on sludge
and possibly by hydrolysis and photolysis (Mulla et al. 2021). The removal of antibiotics and NSAIDs
from aqueous streams is attributed to their biodegradation by bacteria and sorption on sludge (Michael
et al. 2013). It is worth noting that non-polar antibiotics and NSAIDs are highly likely to be removed
at the primary stage of the treatment process by sedimentation. However, Pilli et al. (2020) reported
that hydrophobic compounds are retained in the sludge for better microbial degradation. Whereas
hydrophilic compounds are characterised by high affinity to biosolids (sludge), they concentrate in
organic-rich sludge (Michael et al. 2013). It is worth noting that some hydrophilic micropollutants
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escape the biodegradation process and leave the plant as permeate (Pilli ef al. 2020). Photolysis might
not be favourable for most WWTPs due to the minimal exposure of wastewater streams during

treatment.

The affinity of pharmaceuticals and NSAIDs on sludge is primarily measured by the sludge sorption
constants (Kg). Generally, organic compounds characterised by high K, values have a high affinity for
sludge. Apart from K, values, recently done studies (Khairy, Noonan and Lohmann 2019) suggest that
the octanol-water partition coefficient (Kow) can be used to predict the tendency of organic compounds
to accumulate in sludge. Michael et al. (2013) reported on Kow values for selected polar antibiotics
(Table 2.3) that the sludge sorption prediction of antibiotics can only be done for polar compounds with

minimal error margin.

Table 2.3: Octanol-water partition coefficients for selected types of antibiotics, adapted from (Michael et al. 2013).

Type of antibiotic logKow Sludge sorption potential

Tetracyclines, sulfonamides, <25 Low

aminoglycopeptides

B-lactams, macrolides 2.5 <logKow< 4.0 Medium

Glycopeptides >4.0 High

For most WWTPs, biodegradation is the main mechanism for pollutant removal, which depends on the
chemical nature of the compound, redox potential, pH, biochemical oxygen demand, suspended solids
loading, hydraulic retention time, sludge retention time, food-microorganism ratio, mixed liquor
suspended solids, temperature and the microbial consortium (Michael ef al. 2013). The aforementioned
variables are not explicitly accounted for in this current study. Pilli et al. (2020) reported that the

decomposition kinetics of organic pollutants at minute concentration is given by the first-order reaction

2.1):

Rg= Kgx Css % Cp (2.1)

where R;is the degradation rate, K, is the degradation constant, Cssis the concentration of suspended

solids, and C, is the concentration of pollutant to be degraded.

It is worth noting that the two dominant mechanisms in the bioremediation of organic pollutants,
particularly emerging contaminants, are co-metabolism and single substrate degradation. Pilli ef al.
(2020) reported the biodegradation of selected pharmaceutical compounds i.e., ibuprofen, bezafibrate,
and naproxen, to be co-metabolism while ketoprofen was degraded as a sole substrate. Generally, the
bioremediation of organic pollutants by microbial species is highly dependent on the metabolic capacity

of microorganisms to degrade pollutants by means of natural detoxification processes. Therefore, to
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optimise the bioremediation of organic pollutants, there is a need to select and isolate naturally
degrading microbial species to populate microbial inocula that is able to degrade targeted contaminants
(Fernandes et al. 2021). Hitherto, the bioremediation of organic pollutants has cemented its application
due to microbial species' ability to adapt to many conditions (Bessa et al. 2017; Pan et al. 2017; Pan et
al. 2018). The bioremediation process of organic pollutants can take place by: (1) bio-stimulation — this
is the stimulation of a microbial community by the addition of an inorganic nutrient mainly containing
nitrogen or phosphorus to avoid metabolic inhabitation; (2) bio-augmentation — this process involves
microbial inoculation of pollutant degrading microbial species to enhance biodegradation of targeted
pollutants; and (3) the combination of both bio-stimulation and bio-augmentation process (Haripriyan

et al. 2022).

Furthermore, studies (Larcher and Yargeau 2011; Amorim ef al. 2014; Reis et al. 2014; Bessa et al.
2017; Pan et al. 2017; Mulla et al. 2018; Pan et al. 2018) have indicated that the bioremediation of
pharmaceutical compounds can be achieved by a single bacterial strain and/or by bacterial consortia.
Table 2.4 presents selected bacterial strains reported in the literature that can biodegrade pharmaceutical
compounds. Larcher and Yargeau (2011) investigated the ability of pure cultures of individual and
mixed consortia of bacteria i.e., Baceillus subtilis, Pseudomonas aeruginosa, Pseudomonas putida,
Rhodococcus equi, Rhodococcus erythropolis, Rhodococcus rhodocrous, and Rhodococcus zopfii to
biodegrade sulfamethoxazole. It was reported that Rhodococcus equi solely was able to biodegrade
sulfamethoxazole as a model pharmaceutical compound in wastewater streams using glucose as a
secondary carbon source supplement. In an attempt of using a mixed culture of Rhodococcus equi with
other microorganisms, Larcher and Yargeau (2011) did not observe any significant removal of the model

contaminant.

Table 2.4: Reported literature pharmaceutical compounds biodegrading bacterial strains.

Bacterial Strain Pharmaceutical compound Reference

Brevibacterium sp. D4 Diclofenac

Starkeya sp. C11 Carbanazepine (Bessa et al. 2017)

Rhizobium sp. C12 Carbanazepine

Geobacillus sp. S-07 Sulfamethazine (Pan et al. 2017)

Geobacillus thermoleovorans Sulfamethazine

Thermus thermophilus sp. C419 Ciprofloxacin (Pan et al. 2018)

Labrys portucalensis F11 Oflaxacin, ciprofloxacin, (Amorim et al. 2014)
norfloxacin

Ochrobactrum sp. SAl
Labrys sp. SC11 Sulfamethoxazole (Mulla et al. 2018)
Gordonia sp. SCD14
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Table 2.4. (continues)

Achromobacter denitrificans PR1  Sulfamethoxazole (Reis et al. 2014)

Rhodococus equi Sulfamethoxazole (Larcher and Yargeau 2011)

Mulla et al. (2018) conducted a study for the biodegradation of sulfamethoxazole at an initial
concentration of 5 mg/L on three isolated pure bacterial cultures i.e., Ochrobactrum sp. SA1, Labrys
sp. SC11 and Gordoni asp. SCD14. The findings of their study explicitly showed that all three strains
investigated can degrade sulfamethoxazole. Sulfamethoxazole degradation of up to 45.2%, 62.2%, and
51.4% was recorded for strain SA1, strain SC11, and SCD14, respectively. Reis et al. (2014) reported
a sulfamethoxazole removal rate of 73.6 umol/gcih using Achromobacter denitrificans PR1 as a
bacterial strain and the model contaminant as a sole carbon source. It is worth noting that the
sulfamethoxazole removal rate reported by Reis and co-workers (Reis et al. 2014) was doubled when a
supplement of amino acids was added. The findings suggest that the reported supplement as a carbon
source significantly improved microbial activities for the reported system under investigation.
Furthermore, Reis et al. (2014) reported no sulfamethoxazole degradation by other Achromobacter

strains but by strain PR1.

Bessa et al. (2017) harvested bacterial strains capable of degrading carbamazepine and diclofenac from
activated sludge of a municipal wastewater treatment plant. The strains were identified by 16S rRNA
gene sequencing. Bessa and co-workers (Bessa et al. 2017) reported up to 90% biodegradation of
diclofenac by Brevibacterium sp. D4 for an initial diclofenac concentration of 10 mg/L in the presence
of acetate as a supplementary carbon source. On the other hand, for strains Starkeya sp. C11 and
Rhizobium sp. C12, Bessa et al. (2017) reported up to 30% degradation of carbamazepine. The addition
of acetate as a supplementary carbon source did not improve the degradation of carbamazepine by
strains C11 and C12. The findings suggest that the degradation of carbamazepine by strains C11 and
C12 did not occur by bio-stimulation. The degradation of carbamazepine by strains C11 and C12 can
possibly be improved by bio-augmentation. However, this is not explicitly accounted for in the current

study nor in the work reported by Bessa et al. (2017).

Evidently, pharmaceutical compounds are susceptible to biodegradation by selected bacterial strains.
However, their occurrence in water bodies suggests that the current design of WWTPs partially
eradicate these compounds of emerging concern. Table 2.5 presents the performance of selected studies
on pharmaceuticals removal in WWTPs using conventional activated sludge systems and their

concentration in surface water.
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Table 2.5: Occurrence of selected pharmaceutical compounds detected in influent and effluent of WWTPs.

Class of PC Compound WWTP influent WWTP effluent Reference
Range or Mean Frequency of Range or Mean Frequency of Surface water
conc. (ug/L) detection (%) conc. (ug/L) detection (%) (ug/L)
NSAIDS Diclofenac 0.0126 — 0.246 100 0.00556 — 0.244 100 0.6 -8.17 (Agunbiade and
Moodley 2016;
Mhuka, Dube and
Nindi 2020)
Ibuprofen 0.569 — 76.377 100 <LOQ - 7.652 93.8 1.548 — 12.812 (Mhuka, Dube
and Nindi 2020)
1.06 - 1.38 - 0.445 - 0.689 (Agunbiade and
Moodley 2016)
72 - 51 - 48-11 (Madikizela,
Tavengwa and
Chimuka 2017)
Ketoprofen <LOQ - 0.0231 82.1 <LOQ - 0.0495 93.8 - (Mhuka, Dube
and Nindi 2020)
1.7-64 - 1.2-43 - <0.26 - 2.0 (Madikizela,
Muthwa and
Chimuka 2014)
Naproxen 1.22-39.6 - <LOQ-11.4 - <LOQ -0.68 (Madikizela and
Chimuka 2016)
0.0169 — 0.546 100 0.0131 -0.350 100 - (Mhuka, Dube

and Nindi 2020)
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Table 2.5: (Continues)

Antibiotics Ciprofloxacin nd -0.27 - 0.07 - <0.012-0.51 (Madikizela,
Tavengwa and
Chimuka 2017)
<LOQ - 77.04 96.4 <LOQ - 5.59 18.8 - (Mhuka, Dube
and Nindi 2020)
Sulfamethoxazole 0.0529 — 2.405 100 0.0349 - 0.504 100 - (Matongo et al.
2015b)
59.3 - 0.16 - 0.22-6.01 (Mhuka, Dube
and Nindi 2020)
Erythromycin 1.1 - 0.24 - 0.03-0.26 (Matongo et al.
2015b)
<LOQ - <LOQ - 11.89 50 - (Mhuka, Dube

and Nindi 2020)

nd — the compound was not detected.

LOQ — compound concentration was below the quantification limit.
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2.5.2. Advanced Oxidation Processes (AOPs)

Advanced oxidation processes (AOPs) are characterised as near-ambient temperature and pressure
water treatment processes via oxidation by hydroxyl radicals (HO-) to remove both organic and
inorganic contaminants (Ying et al. 2015). AOPs involve the generation of highly reactive oxygen
species with a low selectivity (Kanakaraju, Glass and Oelgemdller 2018), such as hydroxyl radicals
produced by oxidants (e.g., H>O,) and/or energy sources (e.g., ultra-violent light) or catalysts (e.g.,
TiO,) providing pathways for complete mineralization. Hydroxyl radicals have cemented their
application in AOPs due to their non-selective nature, high reactivity, and high oxidizing capabilities.

OH- radicals have the advantage of being able to attack a wide range of organic pollutants.

Moreover, the application of AOPs in water treatment is gaining attention because of its potential to
reduce low concentrations of contaminants from ppm to less than 5 ppb (Ying et al. 2015) and its ability
to mineralise contaminants to carbon dioxide, water, and inorganics, or contaminants transformation
into harmless products (Patel et al. 2019). However, it is imperative to note that AOPs are economically
attractive for aqueous streams with relatively low organic loads in terms of chemical oxygen demand
(COD). Higher COD content will require large amounts of oxidants or energy sources, thus increasing
operational costs (Amaral-Silva et al. 2016). Aqueous streams with relatively high organic loads are
more conveniently treated by means of wet oxidation and/or incineration, it is noted that these

technologies are not explicitly accounted for in the current study.

It is worth noting that AOPs that have cemented their application in pharmaceutical wastewater
treatment include photochemical processes (i.e., ultra-violate (UV) oxidation, photo-Fenton, and
photocatalysis), non-photochemical processes (i.e., Fenton, ozonation, ultrasound, sonolysis,
electrochemical, and radiation), and hybrid processes (i.e., sono-photolysis, photocatalytic ozonation,
sono-biphotocatalysis, photoelectrocatalysis, electroperoxone, and sono-Fenton) (Kanakaraju, Glass

and Oelgemoller 2018; Mulla ez al. 2021).

2.5.2.1. Photocatalysis

Photocatalysis is a change in the rate of a chemical reaction when the photocatalyst absorbs ultraviolet,
visible, or infrared radiation (Ying et al. 2015). Generally, this process (Figure 2.3) is designed based
on a material (photocatalyst) absorbing a photon of energy (hv) at least equal to its band gap energy
(E,) to produce a valence band of holes (hy") and conduction band electrons (ec»). The valence band
holes react with water to produce hydroxyl radicals characterised as reactive oxygen species capable of
oxidising a wide range of contaminants. Titanium dioxide (TiO;) has cemented its application as a
semiconductor photocatalyst in water treatment due to its low cost, non-toxic nature, and high

photochemical stability (Kanakaraju, Glass and Oelgemdéller 2018).
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Figure 2.4: Photocatalytic mechanism for a semiconductor photocatalyst. Adapted and modified from Sujatha,

Shanthakumar and Chiampo (2020).

The ultra-violent light is the most reported energy source driving photocatalytic activity with pure TiO»
in the anatase phase possessing a band gap energy of 3.2 eV for removing organic contaminants,
including pharmaceuticals (Ying et al. 2015). Studies (Ying et al. 2015; Patel et al. 2019) have
demonstrated that naproxen, diclofenac, iopromide, sulfamethoxazole, and carbamazepine under
UV/TiO; can be degraded by photocatalysis in the aqueous environment. Low adsorption of targeted
pollutants on the catalytic surface and deactivation of the hydroxyl radicals can negatively impact the

system's efficacy (Patel et al. 2019).

Furthermore, it is important to note that UV accounts for almost 5% of visible spectrum radiation (Ying
et al. 2015); this is attributed to the ineffectiveness of pristine TiO2 photocatalysts to utilize sunlight.
Therefore, there is a need to reduce the wide band gap of TiO2 by modification to allow the utilization
of sunlight. Ying et al. (2015) reported that both metallic and non-metallic doping can reduce the
energetic band gap by either raising the valence band's position or lowering the conduction band's

position.

In a typical photocatalytic process, the initiating event is characterised by the absorption of the radiation,
which results in the formation of electron-hole pairs (2.2). It is imperative to note that the formed
electron (2.2) has considerable reducing power, allowing it to reduce some metals and dissolved oxygen
by forming the superoxide radical ion. The remaining holes oxidise adsorbed H>O or HO" to reactive

hydroxyl radicals (2.3) and (2.4).
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h
TiO, - e + h* (2.2)
TiO,(h*) + HO — Ti0, + HO (2.4)

Equations (2.2) to (2.4) are significant reactions in oxidative degradation AOPs of contaminants due to
the high concentration of HO and HO™ adsorbed on the particle surface. Hydroxyl radicals react with
organic contaminants by either hydrogen abstraction i.e., from C-H, N-H, or H groups (2.5) or radical-
radical interaction resulting in the formation of the peroxyl radical (2.6) or by direct electron transfer

(2.7) yielding oxidized intermediates (Kanakaraju, Glass and Oelgemoller 2018).

HO +RH - R + H,0 (2.5)
R + 0, —» ROy (2.6)
HO + RX - RXt + HO" (2.7)

In cases whereby contaminants are completely mineralised, carbon dioxide, water, and inorganic salts

form products.

2.5.2.2. Photolysis Processes
Photolysis involves the interaction of light (i.e., natural or artificial) with a molecule to induce a

photochemical reaction to facilitate the degradation of targeted pollutants (Ying et al. 2015). Drinking
water disinfection by photolysis has the advantage of eliminating the formation of by-products relative
to chlorination. Water disinfection by photolysis is highly dependent on ultra-violet radiation, which
has been demonstrated to be effective for microbial disinfection i.e., a dose of 40 J/m?, but ineffective
for removing most pharmaceuticals such as diclofenac and sulfamethoxazole (Canonica, Meunier and
Von Gunten 2008). This suggests that further studies are needed to be conducted aimed at optimising
the aquatic photochemistry for selected PCs.

The UV photolysis process efficacy can be improved when incorporated with hydrogen peroxide
(H205). Kim, Yamashita and Tanaka (2009) investigated the effectiveness of UV and UV/H,0»-based
processes for removing PCs in real wastewater; insignificant removal was observed for macrolide
antibiotics despite a considerable UV radiation of 2768 mJ/cm?. For the UV/H,Os process, at least 90%
removal was reported for 39 PCs at a UV radiation of 923 mJ/cm?. Using H,O facilitates the formation
of highly reactive hydroxyl radicals, which can degrade a broad range of organic compounds, including
PCs. Kanakaraju, Glass and Oelgemoller (2018), in their review, reported that UV/H,O, processes'
effectiveness is dependent on H>O- concentration, rate of HO- radical formation, UV light intensity, the

chemical structure of the targeted contaminant as well as solution pH.
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2.5.2.3. Ozonation
Ozone-based processes have been demonstrated to efficiently treat wastewater streams containing

recalcitrant organic compounds such as PCs, as reported by other authors (Michael ef al. 2013; Sharma
et al. 2022). Ozonated water, when compared to other existing oxidising reagents, has been considered
to be more efficient in pollutant degradation, which is attributed to the fact that no secondary compounds
are added to the treated water (Pera-Titus et al. 2004). Ozone is characterised as a selective oxidant with
standard potentials of 2.07 V and 1.25 V in an acidic and basic aqueous environment, respectively
(Wang and Xu 2012). In principle, there are two main oxidation mechanisms reported in literature i.e.,
direct electrophilic attack by molecular ozone (low pH environment) and indirect attack through the
formation of hydroxyl radicals (basic aqueous solutions) (Pera-Titus et al. 2004; Wang and Xu 2012).
Atlow pH, direct ozonation dominates, whereby ozone selectively reacts with compounds characterised
by specific functional groups through selective reactions, whereas, at basic aqueous solutions, ozone

decomposes, yielding hydroxy radicals.

The pH significantly influences the kinetics and reaction mechanism in the oxidation of pollutants in
an aqueous environment, thus warranting it to be a major factor in determining the efficiency of
ozonation. In an acidic environment i.e., pH <4, direct ozonation prevails; in pH 4 to 9, both direct and
indirect ozonation occurs, and indirect ozonation is more dominant above pH 9 (Pera-Titus et al. 2004).
Moreover, during the ozonation process, regardless of the ozone decomposition pathway, the process is
initiated by reactions (2.8) or (2.9), and reaction (2.10), which is characterised as a direct one-electron

transfer process prevails under extreme conditions of very high pH values.

05 + OH" — HO,.+ 0, (2.9)
05+ OH" — 03.+ HO' (2.10)

The application of ozonation in water treatment has achieved low efficiencies in the mineralization of
organic compounds, particularly pharmaceuticals (Almomani et al. 2016; Zhao et al. 2017), which is
attributed to the relatively low solubility and stability of ozone in an aqueous environment and the slow
reaction with other organic compounds. Hence, the focus has been laid on applying catalytic ozonation
and hybrid processes to improve the production of hydroxyl radicals and contaminants' degradation
efficiency. Catalytic ozonation, which has become an attractive and important research area in the use
of ozone, can be considered homogeneous and heterogenous catalytic ozonation. Homogenous catalytic
ozonation involves ozone activation by metal ions in an aqueous solution, whereas heterogeneous
catalytic ozonation is based on ozone activation in the presence of metal oxides on supports. The short
life span of 0zone renders this technology expensive, and its high energy demand is the major drawback

to upscale for real application (Kanakaraju, Glass and Oelgemoller 2018).
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Studies (Almomani et al. 2016; Zhao et al. 2017) on removing PCs from aqueous solutions by the
ozonation process have reported low mineralization despite high removal efficiencies. The low
mineralization of PCs is attributed to the formation of persistent by-products to further oxidation. Short-
chain carboxylic acids such as oxamic acid, maleic acid, oxalic acid, formic acid, acetic acid, and
pyruvic acid are formed as by-products during the partial oxidation of PCs during the ozonation process
(Zhao et al. 2017). The aforementioned by-products are formed during the initial stage of the ozonation
process, and they are not susceptible to further degradation, as reported by Zhao et al. (2017). It is
imperative to note that for the work reported by Zhao ef al. (2017), formic acid, acetic acid, and oxalic

acid account for 40% of the by-product mixture in total organic carbon.

As alluded earlier that the pH of the solution is the major contributing factor in the degradation of target
pollutants by the ozonation process. Kidak and Dogan (2018) reported a reaction rate of 1.970 min™! for
a system with pH 10 for the removal of amoxicillin. The reported reaction rate was the highest when
compared to acidic and neutral conditions. Such findings are attributed to the forming of significant
amounts of hydroxyl radicals with increasing pH. Other operation parameters that affects the removal
of PCs by ozonation are discussed in literature, such as ozone dose (Almomani et al. 2016), water

matrix, and the presence of organic matter (Cai and Lin 2016).

2.5.2.4. Hybrid AOPs
Hybrid AOPs have attracted considerable interest in PCs removal from aqueous solutions. This is

attributed to PCs' high removal and mineralization efficiencies due to the synergistic effect and
increased reactive species (Kanakaraju, Glass and Oelgemoller 2018). Contaminants' degradation of
targeted pollutants can occur sequentially or simultaneously, depending on the system design. There
are studies (Ghafoori et al. 2015; Naddeo et al. 2015; Adityosulindro et al. 2017) reported in the
literature on the application of hybrid AOPs for PCs removal in synthetic and real wastewater. Naddeo
et al. (2015) investigated the treatment efficiency of ozonation in combination with ultrasound to
degrade diclofenac, carbamazepine, and sulfamethoxazole. For the hybrid ozonation-ultrasound
process, a degradation efficiency of 94% was reported for both diclofenac and sulfamethoxazole while
61% degradation was reported for carbamazepine. Adityosulindro et al. (2017) studied the performance
of an ultrasonic-Fenton process to remove ibuprofen in synthetic water and municipal wastewater.
Adityosulindro ef al. (2017) reported a positive synergy in mineralization yield of the model PCs for

the ultrasonic-Fenton process.

Ghafoori et al. (2015) investigated the performance of oncolysis-photolysis (sono-photolysis) in a pilot-
scale external loop airlift sono-photoreactor for the degradation of chloramphenicol, diclofenac,
paracetamol, and salicylic acid in synthetic wastewater. For the work reported by Ghafoori ef al. (2015),
the reactor effluent was characterised by total organic carbon percent removal as a surrogate parameter;

results obtained indicated that total organic carbon removal was significantly affected by both H»O,
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dosage and ultrasound power. Table 2.6 summarizes other AOPs investigated for PC removal from an

aqueous environment.

2.5.3. Chitosan-based adsorbents

Chitosan is characterized as the most abundant biopolymer after cellulose produced from the
deacetylation of chitin derived from crustaceans and fungi (Abd El-Monaem et al. 2022). A typical
chitin structure (Figure 2.4a) compromises 2-acetamide-2-deoxy-f-D-glucopyranose units and very few
2-amino-2-deoxy-p-D-glucopyranose units. The deacetylation reaction in chitin increases the 2-amino-
2-deoxy-B-D-glucopyranose typically by not less than 50% producing chitosan (Figure 2.4b) (de Farias
et al. 2019; Shah et al. 2022). The increase in 2-amino-2-deoxy-B-D-glucopyranose provides chitosan
biopolymer with excellent properties such as solubility under acidic conditions, gelling, antimicrobial,
film forming, biocompatibility, as well as non-toxicity (de Farias et al. 2019; Zhang et al. 2022).
Moreover, according to Zhang et al. (2022), the chitosan amino and hydroxyl groups are highly active,
making them excellent chelating sites for targeted pollutants in aqueous environments. The presence of
amino and hydroxyl groups makes chitosan susceptible to chemical modification and cemented its
application as a potential adsorbent for emerging contaminants removal from water and wastewater
streams (Zhao et al. 2020; Zhang et al. 2022). The growing interest in chitosan-based adsorbents is also
attributed to its distinctive properties such as low processing costs, biodegradability, biocompatibility,
hydrophilicity, and nontoxicity, making chitosan to be environmentally friendly (green) (Shah et al.

2022).

a b
Figure 2.5: Chemical structure of chitin (a) and chitosan (b) obtained from https://pubchem.ncbi.nlm.nih.gov
(assessed on 25 April 2023).
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Table 2.6: AOPs that are reported in literature for the degradation of PCs.

AOP

Brief description

Advantage

Limitation

Reference

Sonolysis

Ultrasounds (20 kHz — 2 MHz) generate

radicals for degradation of molecules.

No need of additional reagents

Degradation  efficiency is not
satisfactory. The technology requires

high energy usage

Fenton based process

Reaction of Fe?* and H,0, produce free

radicals which degrade the

micropollutants

No chlorinated compounds
formed and complex formation
promote coagulation of

suspended solids

Narrow pH range operation, slow

degradation

Electrochemical oxidation

Electrochemical oxidation in the
presence of a suitable electrolyte and

electric current (2 - 20 A)

More suitable for point source
remediation of pharmaceuticals

Accumulation of hazardous by

products i.e., chlorate and perchlorate

Ozone/H20;

H,0, enhances the hydroxyl radical

production and hence degradation

High conversion yield

Energy intense process which makes

it to be expensive

(Kanakaraju, Glass and Oelgemdéller
2018; Sharma et al. 2022)

UV/H;0;

H>0, enhances the hydroxyl radical

production and degradation.

Better removal efficiencies for
PCs with poor UV absorption

Low degradation efficiency at a pH of

more than 3

(Juang, Tseng and Yang 1997;
Kanakaraju, Glass and Oelgemdller
2018)
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Chitosan modification by physical and/or chemical techniques can be used to improve the weak
mechanical strength of pristine chitosan adsorbents which is crucial in the application of chitosan-based
composite in water treatment. Several studies have demonstrated that the weak mechanical strength of
chitosan adsorbents can be improved by incorporating nanomaterials characterised with high
mechanical strength. Table 2.7 and Table 2.8 present selected studies reported in the literature on the

application of chitosan-based adsorbents on antibiotics and NSAIDs removal from wastewater.

Table 2.7: Studies conducted on antibiotics adsorption on chitosan-based composites.

Antibiotic Adsorbent Max. Capacity Kinetic Reference
model
Leached carbon black waste 205 mg/g Pseudo- (Yaqubi et al.
(LCBW)-chitosan second-order  2021)
Chitosan-Fe/Ni nanoparticles  Not reported Pseudo-first-  (Weng et al.
Amoxicillin order 2013)
Fe;0s-acticated carbon- 178.57 mg/g Pseudo- (Danalioglu et al.
chitosan nanocomposite second-order  2017)
LCBW-chitosan 205 mg/g Pseudo- (Yaqubi et al.
second-order  2021)
Chitosan-olive pomace 1.6 mg/g Not reported  (Rizzi et al.
Tetracycline 2019a)
Metal-organic frameworks- 495 mg/g Pseudo- (Zhao et al. 2020)
chitosan beads second-order
52.32 umol/g Pseudo-first-  (Ou et al. 2015)
order
Not reported Pseudo- (Ghodrat and
Erythromycin Chitosan-Fez04 second-order  Asrari 2018)
215.31 mg/g Not reported (Ahamad et al.
2020)
Fes;0s-acticated carbon- 178.57 mg/g Pseudo- (Danalioglu et al.
chitosan nanocomposite second-order  2017)
MgO-graphene oxide- 1000 mg/g Pseudo- (Nazraz, Yamini
chitosan composite second-order  and Asiabi 2019)
Norfloxacin Chitosan-hydroxyapatite 625 mg/g Pseudo-first-  (Nayak, Bhushan
nanocomposite order and Kotnala
2022)
Magnetic imprinted chitosan 142 mg/g Pseudo- (Rasoulzadeh et
Ciprofloxacin polymer nanocomposites second-order  al. 2019)
Chitosan-biochar hydrogel >76 mg/g Pseudo- (Afzal et al. 2018)

beads

second-order
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Table 2.7: (continues)

Ciprofloxacin

Ethylenediaminetetraacetic

Acid-Functionalized

Cyclodextrin-Chitosan

24 mglg
B-

Pseudo-second-

order

(Verma et al. 2021)

Graphene-oxide-magnetic-

40 mg/g

Not reported

(de Almeida et al.
2022)

Triclosan chitosan-organoclay

composite

Starch-chitosan-UiO-66- Not reported  Pseudo-second- (Jia et al. 2021)
Sulfanilamide COOH order

Apart from antibiotics, NSAIDs are one of the most used pharmaceuticals in human and animal

diseases, mostly for analgesic, anti-inflammatory, and antipyretic actions (Ahmed 2017; Fernandes et

al. 2021).

Table 2.8: Studies conducted on nonsteroidal anti-inflammatory drug removal from an aqueous environment
using chitosan-adsorbents.

Compound  Adsorbent Max. Kinetic Model Reference
Capacity
Ibuprofen Magnetic chitosan/activated 21.2 mglg Not reported (Mojiri, Andasht
biochar Kazeroon and
Gholami 2019)
Chitosan modified rubber 70 mg/g Pseudo-second- (Phasuphan,
order Praphairaksit ~ and
Diclofenac Chitosan modified rubber 17.7 mg/g Pseudo-second- Imyim 2019)
order
Chitosan-Fe30. composite 469.48 mg/g  Pseudo-second- (Liang et al. 2019)
order
Chitosan-film 10 mg/g Pseudo-second- (Rizzi et al. 2019b)
order
Naproxen Chitosan modified rubber 2.3 mglg Pseudo-second- (Phasuphan,
order Praphairaksit  and
Imyim 2019)
Ketoprofen ~ Chitosan-film Not reported  Pseudo-second- (Rizzi et al. 2019b)

order

Based on the studies presented in Table 2.7 and Table 2.8, it is apparent that the application of

biopolymer adsorbents, particularly chitosan-based adsorbents, has received great attention in their

application for PCs remediation in aqueous environments. This is attributed to the chitosan

physicochemical properties characterised by its polycationic, cationic, and high functional groups (i.e.,
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NH; and OH) features providing it with peculiar binding capacity for a range of macromolecules
including organic and inorganic pollutants (Karimi-Maleh et al. 2021). The application of modified-
chitosan adsorbents over pristine chitosan adsorbents is attributed to the poor physicochemical
properties of chitosan, such as low porosity, low surface area, swelling in water, high crystallinity, less
hydrophilicity, and hydrolysability in acid medium (Qiu ef al. 2020; Karimi-Maleh et al. 2021). The
high crystallinity of chitosan hinders the accessibility of adsorption sites, particularly for organic and
inorganic pollutants characterised as large molecules (Qiu ef al. 2020). Therefore, chitosan modification
is necessary to minimise the aforementioned drawbacks and achieve desirable physicochemical
properties. Moreover, from the studies presented in Table 2.7 and Table 2.8, it is evident that the
application of modified chitosan adsorbents in water treatment has demonstrated good results, making

it an environmentally green technology.

Furthermore, the thermodynamic interaction mechanism between targeted pollutants and adsorbents
can be elucidated by applying adsorption kinetic models, as shown in Table 2.8. According to Largitte
and Pasquier (2016), a typical adsorption mechanism consists of three steps; the initial step is the
external mass transfer of the adsorbate from the bulk solution to the surface of the adsorbent, which is
presided over by the internal diffusion of the adsorbate to sorption sites of the adsorbent and, lastly the
sorption itself. Yoro et al. (2020) demonstrated that diffusion is the most limiting mechanism, which
includes external and intraparticle mass transfer. The interaction mechanism for the reported studies in
Table 2.7 and Table 2.8 is characterized by the pseudo models, which suggests that sorption of model
contaminants occurs on localised sites, the energy of adsorption is not dependent on surface coverage,
and the maximum adsorption corresponds to a saturated monolayer of adsorbates on the adsorbent

surface.

2.6. Future Perspectives

Furthermore, based on the reviewed studies, AOPs have demonstrated high removal efficiencies of
pharmaceuticals from wastewater. However, more work still needs to be done to improve the
mineralisation of pharmaceuticals during their degradation by AOPs. The reported literature suggests
that persistent by-products such as carboxylic acids are formed during the remediation of
pharmaceuticals by AOPs; hence there is a need to investigate the toxicity levels of the aforementioned
by-products. AOPs have been successfully applied to degrade pharmaceuticals; however, the focus has
been on pilot-scale studies using synthetic wastewater due to high operational costs in producing
hydroxyl radicals. These processes can be applied at an industrial scale when effectiveness factors are
optimised, particularly for hybrid processes that eliminate drawbacks associated with individual AOPs

to achieve maximum mineralisation of targeted contaminants at minimal energy usage.
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The application of chitosan-based adsorbents on pharmaceutical removal from wastewater has been
extensively investigated as a green chemistry technology. From the reviewed literature, a significant
amount of work has been reported on the thermodynamic interaction mechanisms during their
remediation by chitosan-based adsorbents. However, the reported literature is based on laboratory-scale
studies; there is a need to conduct further investigations on applying chitosan-based adsorbents at the
industrial scale as a tertiary treatment step to eradicate the occurrence of pharmaceuticals in WWTP
effluent. Moreover, there is still a gap in the application of chitosan-based technologies; no work has
been conducted on the techno-economic evaluations of the process, particularly when it comes to
handling the adsorbent post-treatment since no mineralisation of contaminants has been reported during
solid-liquid adsorption. The available literature suggest that no work has been done on multi-component
adsorption aimed at investigating the effect of competing pollutants in the uptake of the targeted
contaminant. Despite the occurrence of microplastics in water bodies which has become an
environmental threat, no work has been done aimed at investigating the interaction of microplastics and

antibiotics relative to water.

2.7. Conclusions

The current study has demonstrated the occurrence of pharmaceuticals in water bodies and the potential
application of biological processes, AOPs, and chitosan-based adsorbents on the removal of
pharmaceuticals in wastewater. The study provides a holistic review of the occurrence of
pharmaceuticals in water bodies, and it is apparent that their environmental occurrence is not solely
attributed to human consumption of pharmaceuticals but also anthropogenetic activities such as
farming. Detecting pharmaceuticals in WWTPs effluent suggests that current WWTPs are the entry
point of these emerging contaminants into the environment. Despite the advances made in the
bioremediation of pharmaceuticals by novel bacterial strains as reported in the literature (Larcher and
Yargeau 2011; Amorim ef al. 2014; Reis et al. 2014; Bessa et al. 2017; Pan et al. 2017; Mulla et al.
2018; Pan et al. 2018), further investigation needs to be conducted to optimise the degradation
mechanism for targeted pharmaceuticals. The application of mixed consortia of bacteria has been
demonstrated to be ineffective in biodegrading specific pharmaceuticals, as reported by Larcher and
Yargeau (2011). The reported literature suggests that further investigations need to be done aimed at
the optimisation of operating conditions to maximise pharmaceutical biodegradation efficiencies by

bacterial strain.
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CHAPTER THREE: LITERATURE REVIEW — PART 11

THE OCCURRENCE AND BIOREMEDIATION OF EMERGING PERFLUORINATED
COMPOUNDS IN WATER BODIES: A MINI REVIEW

3.1.  Abstract

The occurrence and fate of perfluorinated compounds (PFCs) also known as per- or polyfluoroalkyl
acids in the aquatic environment resulting from anthropogenic activities has become an emerging issue
of environmental chemistry. PFCs have been detected in drinking water samples, aquatic life, human
tissue, and blood serum. This is attributed to their xenobiotic attributes making them environmentally
persistent, bio-accumulative, and globally distributed in water receiving bodies posing serious health
problems to aquatic life and human health. This is attributed to PFCs peculiar physicochemical
properties of being hydrophobic and oleophobic and their removal process from wastewater streams is
different from any other organic pollutants. Therefore, this chapter summarises the environmental
occurrence and recent developments on microbial degradation of the most detected PFCs i.e.,
perfluorooctanoic acid (PFOA), and perfluorooctane sulfonic acid (PFOS) in water bodies. The
available literature suggests that PFOA and PFOS are susceptible to biodegradation by Acidimicrobium
sp. strain A6, Pseudomonas parafulva strain YAB1, Pseudomonas plecoglossicidia 2.4-D, and
Pseudomonas aeruginosa strain HJ4. Moreover, the chapter presents a summary on phytoremediation
of PFOA and PFOS as a sustainable green technology. Despite the extensive work done on
bioremediation of PFOA and PFOS by biological processes, the available literature suggests that a lot
of work still needs to be done aimed at investigating the biodegradation pathway of PFOA and PFOS
by both microbial species and plants. Moreover, available literature suggests that studies on the removal

of PFOA and PFOS by solid-liquid adsorption are scanty.

3.2 Introduction

Perfluorinated compounds (PFCs) are a class of anthropogenic emerging persistent organic pollutants
that consists of a fully fluorinated hydrophobic alkyl chain attached to a hydrophilic chain end group.
The PFCs carbon-fluorine bond characterised by strong polarity and strength (Khumalo ef al. 2022)
make them possess peculiar physicochemical properties such as hydrophobicity, and resistance to
degradation by heat and acid (Rahman, Peldszus and Anderson 2014; Cai et al. 2021; Lenka, Kah and
Padhye 2021). Owing to their hydrophobic and lipophobic moieties, PFCs are friction resistant and are
used as water and oil repellents (Lenka, Kah and Padhye 2021). Due to their peculiar chemical
attributes, PFCs have cemented their application in consumer products such as stain-resistant household

products, non-sticky cooking utensils, food packaging, cosmetics and personal care products etc., and
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industrial application such as surface coatings for textiles, metal plating, manufacturing of leather etc.,
(Ahrens 2011; Rahman, Peldszus and Anderson 2014; Sun ef al. 2018b; Abdullah Soheimi et al. 2021;
Lenka, Kah and Padhye 2021; Khumalo et al. 2022). The primary purpose of using PFC treated
consumer products as well as industrial products is to improve their durability (Lenka, Kah and Padhye
2021) whilst prolonging their exposure to humans and the environment. Hence, there has been an
increase in levels of PFCs detected in aquatic environments (Booi et al. 2019; Andersson et al. 2019;

Crone et al. 2019) posing serious health problems to aquatic life and humans.

Studies (Houde ef al. 2011; Abdullah Soheimi et al. 2021; Lenka, Kah and Padhye 2021; McCarthy,
Roark and Middleton 2021; Xie ef al. 2021) have indicated that PFCs have been detected ubiquitously
in multiple environmental spheres such as air, water bodies, and soil. Moreover, these contaminants of
emerging concern have been detected in food sources, such as livestock and crustaceans (Abdullah
Soheimi et al. 2021). Since PFCs are ubiquitous to aquatic matrices including drinking water, humans
can be exposed to them through drinking water as well as dietary intake (Rahman, Peldszus and
Anderson 2014; Lenka, Kah and Padhye 2021). Several works have been reported on human health
effects as a result of exposure to PFCs. Xie et al. (2021) reported on the nexus between PFCs and human
thyroid dysfunction and concluded that PFCs are endocrine-disrupting compounds. Human exposure to
PFCs result in thyroid malfunction and/or hormonal imbalance, particularly in pregnant women and
neonates (Xie et al. 2021). Health effects associated with PFC exposure include cardiovascular diseases,
urine acid, thyroid diseases, paediatric atopy, immune toxicity, anxiety, liver damage, kidney disorder,
obesity, peroxisome, reduced fertility, fecundity etc., (Jian et al. 2017; Crone et al. 2019; Li et al. 2019;
Abdullah Soheimi et al. 2021; Lenka, Kah and Padhye 2021; Xie et al. 2021). Because of the
aforementioned human health complications, the production and regulations of PFCs have attracted
public attention. According to Jian et al. (2017), the 3M company together with the United States
Environmental Protection Agency (USEPA) announced the phase-out of products containing PFCs with
C6 and more, aimed at eliminating long chain PFCs which have attributes of being very persistent and

bio-accumulative.

Hitherto, studies are still conducted aimed at understanding the environmental occurrence and fate, as
well as human health complications of PFCs. This is attributed to the thousands of PFCs that have been
identified and are still being manufactured and used globally (Lenka, Kah and Padhye 2021; McCarthy,
Roark and Middleton 2021). It should be noted that, despite the wide pool of PFCs that have been
detected in the environment, global environmental entities are interested in long chain perfluoroalkyl
sulfonic acids (CnF2:+1SOsH, n > 6) (PFSAs) and perfluoroalkyl carboxylic acids (CyF2n+1COOH,
n > 7) (PFCAs) and their corresponding anions. The aforementioned PFCs have demonstrated to be
more bio-accumulative as compared to their short chain analogues as reported by Rahman, Peldszus
and Anderson (2014) and Buck et al. (2011). Perfluorooctanoic acid (PFOA) and perfluorooctane
sulfonic acid (PFOS) are conventional PFCs and mostly detected perfluoroalkyl acids (PFAAS) in the
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environment (Agency 2016; EPA 2016). The high levels of PFOA and PFOS in the environment is
attributed to their xenobiotic attributes as reported by many researchers which makes their complete
eradication almost impossible. Therefore, the current study aims at providing an overview on the
occurrence of PFCs in water bodies as well as the latest development in biological remediation of PFOA
and PFQOS since they are characterised as xenobiotic compounds.

3.3. Occurrence of PFCs in Water Bodies

PFCs are introduced into the environment during their industrial production, application, as well as a
result of leaching and their biotic or abiotic biodegradation of consumer products containing a
perfluoroalkyl moiety (Buck et al. 2011; Rahman, Peldszus and Anderson 2014). Moreover, the
discharge of industrial effluent containing PFCs into the environment contributes significantly to the
occurrence of PFCs in both surface and ground water. Consequently, these PFCs enter waste water
treatment plants (WWTPs) making them the major source of PFCs to surface waters as reported by
Rahman, Peldszus and Anderson (2014). Generally, WWTPs have demonstrated to be ineffective in
PFCs removal from aqueous streams. This is attributed to the C-F bond becoming more stable with an
increasing replacement of hydrogen by fluorine at each bond, consequently making PFCs to withstand
any degradation process (i.e., photolytic, and microbial) (Rahman, Peldszus and Anderson 2014).
Recently done studies (Jian et al. 2017; Rodriguez-Gomez et al. 2017; Crone et al. 2019) have indicated
that drinking water is the major exposure pathway to PFCs in communities with contaminated water.
Note that, the degradation of fluorotelomer alcohols and perfluoroalkyl sulfonamides lead to PFAAS
formation consequently resulting in their occurrence in water bodies. As such, they are classified as
PFAAs precursors (Rahman, Peldszus and Anderson 2014). Moreover, the persistence of PFAAS in
aquatic ecosystems is attributed to their chemical attributes such as simultaneous hydrophobic-

hydrophilic properties, and low volatility (Buck et al. 2011; Sun et al. 2018a).

Rahman, Peldszus and Anderson (2014) and Jian et al. (2017) in their reviews on the occurrence and
fate of PFCs in drinking water reported that apart from PFOA and PFQOS, there are other frequently
detected PFCs such as perfluorooctane sulfonamide, perfluorohexane sulfonic acid, perfluorobutanoic
acid, perfluorohexanoic acid, perfluoroheptanoic acid, perfluorodecanoic acid and perflurononanoic
acid. Despite the occurrence of the aforementioned PFCs in aquatic ecosystems, PFOA and PFOS have
been detected frequently recording the highest concentration ranging from pg/L to mg/L compared to
any other PFCs reported concentration levels ranging from pg/L to ng/L. Studies (Ding et al. 2012;
Rahman, Peldszus and Anderson 2014) suggest that, due to the stringent regulations on PFOA and
PFOS, there are other emerging fluorinated organics such as polyfluoroalkyl phosphates, perfluorinated

phosphonic acids, and perfluorinated phosphonic acids that have been detected in water bodies.
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However, the aforementioned phosphorus containing fluorinated compounds are not explicitly

accounted for in this current study.

It is imperative to note that the concentration levels of PFCs in water bodies can be influenced by the
location of the PFC point source from the water bodies. Studies conducted on the global distribution of
PFCs have shown that higher levels of PFCs, particularly PFOA and PFOS, that have been detected in
industrialised areas (Kunacheva et al. 2012; Rahman, Peldszus and Anderson 2014; Sun et al. 2018a).
Consequently, PFCs have been detected in treated water at an average concentration of 30 ng/L
(Rahman, Peldszus and Anderson 2014). However, there has been a large variability in PFC
concentration levels from tap water as shown in Table 3.1. Eschauzier et al. (2013) reported PFOA and
PFOS concentrations ranging from 0.6 to 6.6 ng/L and 0.1 to 11 ng/L, respectively for background
contaminated tap water. On the other hand, Eschauzier et al. (2012) reported PFOA and PFOS
concentration ranges of 22 to 519 ng/L and 3 to 22 ng/L, respectively, for highly industrialised, and/or
agricultural areas. As a matter of health concern, the USEPA issued a limit for PFOA and PFOS in
drinking water of 70 ng/L for both individual and combined (Crone et al. 2019; Wang et al. 2021).

Based on the reported PFOA and PFOS concentration levels presented in Table 3.1 it is apparent that
PFOA and PFOS in drinking water is below the 70 ng/L limit at least for many regions but Africa. The
high PFOA and PFOS concentrations in drinking water from the African region suggests that drinking
water can cause imminent human health risk due to PFCs contamination. Due to the occurrence of PFCs
in tap water, Eschauzier et al. (2013) reported that PFOA has been detected in tap water based beverages
(e.g., cola and coffee) at a concentration of 4 ng/L. The lower PFC concentration from tap water
beverages is attributed to the pre-treatment of tap water prior to being used for production. Moreover,
a review study by Rahman, Peldszus and Anderson (2014) has indicated that high PFOA concentration

levels ranging from 487 — 10 100 ng/L has been detected in aquatic environments near point sources.

Table 3.9: Concentrations of PFOA and PFOS detected in tap water.

Region Country PFOA, ng/L PFOS, ng/L Reference
Africa Ghana 68.1 190 62.1-168.3 (Essumang et al. 2017)
Oceania Australia 0-16 0-9.7 (Thompson, Eaglesham and
Mueller 2011)
Canada 3-32 2-12 (Tabe et al. 2010)
Brazil 0.35-2.82 0.58 -6.70 (Domingo and Nadal 2019)
America USA 5-30 1-57 (Thompson, Eaglesham and
Mueller 2011)
Asia China 115-151 01-11.2 (Tan et al. 2017)
Japan 6.5-48 1.3-37 (Domingo and Nadal 2019)
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Table 3.1: Continues

France 8.7-18 3-11.99 (Schwanz et al. 2016)

Germany 0-6.1 0-47 (Gellrich, Brunn and Stahl
2013)

Europe Netherlands 0.6-6.6 01-11 (Eschauzier et al. 2013)
<0.3-11 <0.03-0.41 (Gebbink, Van Asseldonk and

Van Leeuwen 2017)

Sweden 0.302 - 8.56 0.397 - 8.81 (Schwanz et al. 2016)

Spain 3.8-29 2.4 -140 (Schwanz et al. 2016)

Early studies (Eschauzier et al. 2012) on the global distribution of PFCs in aquatic environments suggest

that water receiving bodies located in low population density areas have low levels of PFCs. This can

be attributed to fewer industrial activities. It is worth noting that PFCs toxicity values vary significantly

from one standard to another as indicate in Table 3.2. The variability in toxicity values can be attributed

to the lack of federal maximum contaminants level.

Table 3.10: PFOA and PFOS drinking water guideline levels.

Regulatory body PFC

Advisory level, ng/L

Toxicological endpoint  Reference

U.S. EPA, 2016, PFOA 70 Developmental

Health Advisory PFOS 70 Reduced pup body

Level weight

Alaska DEC!, 2016, PFOA 400 Developmental

ground water clean- PFOS 400 Reduced pup body

up level weight

Maine DEP?, 2016, PFOA 130 Liver (Cordner et al.
Remedial action PFOS 560 Thyroid effects 2019)
guideline

New Jersey DEP, PFOA 14 Liver

2017, Maximum PFOS 13 Immune response

contaminant level

German Drinking PFOA 1500 N/A (Rahman,
Water Commission PFOS 600 N/A Peldszus and
Drinking water PFOA >300 N/A Anderson 2014)
inspectorate, UK PFOS >300 N/A

IDEC, Department of Environmental Conservation; 2DEP, Department of Environmental Protection

In the subsequent sections, the recent developments on biological remediation of PFCs are summarised

despite being characterised as xenobiotic compounds.
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34. Degradation and Fate of PFCs in the Environment
3.4.1. Bacterial biodegradation

Conventional WWTPs use biological techniques to treat water and wastewater streams for reuse. During
biological treatment of aqueous streams, biodegradable material consisting of organics in dissolved
form such as starches, alcohols, acids, aldehydes, and esters, are utilised for food by microorganisms,
thus decontaminating aqueous streams. It is worth noting that microbial utilization of dissolved organics
can be accompanied by oxidation which is the deletion of hydrogen from elements of an organic
molecule, or by reduction which is addition of hydrogen to elements of the organic molecule (Peavy,
Rowe and Tchobanoglous 1985). However, several previously done studies suggests that the
biodegradation pathways and fate of PFCs is unknown to a large extent. This is attributed to the general
believe that the strength of the C-F bond is the limiting factor on PFC biodegradability. However, early
evidence suggests that organohalogen compounds including PFCs are susceptible to microbial
degradation despite their high stability as reported by Parsons et al. (2008). The biodegradation of
organohalogen compounds and PFCs are relatively slow due to their kinetic stability because of the

carbon-halogen bond, thus contributing significantly to their long-term environmental fate.

Hitherto, dehalogenation is the thermodynamically recognised reaction mechanism for the degradation
of organohalogen compounds. Early studies (Parsons et al. 2008; Zhang, Lai and Kong 2011) suggest
that under aerobic conditions, organohalogen compounds are degraded by catabolic pathways similar
to those for nonhalogenated analogues. There are a number of dehalogenation mechanisms that are
reported in literature for both aliphatic and aromatic substrates i.e., haloacid dehalogenation, halohydrin
dehalogenation, haloalkane dehalogenation, and reductive dehalogenation (Parsons et al. 2008).
However, there is very little information reported on the degradation of PFCs particularly PFOA and
PFOS. This is attributed to the biodegradation mechanism of 8:2 fluorotelomer alcohol by OH radicals
which yields PFOA and other perfluorinated carboxylic acids as products (Rahman, Peldszus and
Anderson 2014). Fluorotelomer alcohols have been reported to biodegrade under aerobic and anaerobic
environments (Parsons et al. 2008). In an early study conducted by Meesters and Schrdder (2004), it
was demonstrated that both PFOA and PFOS are xenobiotic under aerobic environments. Despite the
observed removal of PFOA and PFOS under anaerobic environments, no fluoride ion concentration was
detected which makes the biodegradability mechanism of PFOA and PFOS in aquatic environments to
remain difficult to understand for many researchers. In the subsequent section, the biodegradation of

PFOA and PFOS are explained, indicating that their xenobiotic characteristics is something of the past.

Despite the chemically challenging C-F bond cleavage, recently done studies have demonstrated that
PFCs, particularly PFOA and PFOS, can be defluorinated by strong chemical oxidants as well as by
microbial population (Huang and Jaffé 2019; Wackett 2021, 2022). A lot of researchers have reported

limited microbial defluorination of PFCs. This is attributed to the displacement of C-F bonds which
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yield a fluoride ion, F~, which is toxic to microbial population at minute concentrations (Breaker 2012).
The fluoride ion, which is produced as a result of PFCs biodegradation (i.e., defluorination), enters
bacterial cells, thus poisoning them (Breaker 2012; Wackett 2021). The poisoning of bacterial cells
ceases or hinders metabolic activities resulting in nonbiodegradability of PFCs. Such a biological
reaction mechanism explains why fluorine concentrations are not detected during biodegradation of
PFCs. The revelation of the toxicity of the fluoride ion to bacterial cells explains why PFCs are
characterised as xenobiotic compounds. Moreover, the biodegradation mechanism of PFCs suggests
that their xenobiotic characteristics are not solely as a result of the C-F bond, but it can be attributed to
the toxicity of the fluoride ion which hinders microbial activities.

Recently, Huang and Jaffé (2019) demonstrated that PFOA and PFOS are susceptible to biodegradation
by Acidimicrobium sp. strain A6 (an autotroph) that oxidizes ammonium to nitrite while reducing ferric
iron. Both PFOA and PFOS were added as carbon sources during the oxidation of ammonium to nitrite
while reducing ferric iron by Acidimicrobium in an anaerobic environment. It was reported that both
PFOS and PFOA were metabolised recording a removal efficiency of up to 60% for both PFOS and
PFOA over an incubation period of 100 days. Despite the observed biodegradation of PFOS and PFOA,
it was reported that intermediate products such as perfluorobutanoic acid, perfluoroheptanoic acid,
perfluoropentanoic acid, and perfluorohexanoic acid were detected in Acidimicrobium culture. The
aforementioned intermediate products were detected for PFOA and PFOS initial concentrations of 100
mg/L. It is also worth mentioning that the initial concentration of 100 mg/L for the model PFCs was
detrimental on the microbial population. A significant decline on Acidimicrobium population was
observed from day 60 of incubation as compared to an initial concentration of 0.1 mg/L. Moreover, the
findings reported by Huang and Jaffé (2019) suggests that PFOS is more detrimental to Acidimicrobium
population as compared to PFOA. Hitherto, there is no available literature reporting on PFOA and/or

PFOS optimum concentration aimed at minimising their detrimental effects on microbial population.

Ruiz-Urigien et al. (2022) investigated the biodegradation of PFOA in microbial electrolysis cells using
Acidimicrobium sp. strain A6 as an inoculum under anaerobic conditions. It was reported that a decrease
in PFOA concentration was observed after 18 days of operation while producing electricity. For the
work reported by Ruiz-Urigiien et al. (2022), the biodegradation of PFOA is not explicitly accounted
for, on the basis that no PFOA measurements were conducted during operation but PFOA degradation
intermediate products analogues to the one reported by Huang and Jaffé (2019) were detected. The
measurement of PFOA intermediate products is attributed to the complexities of PFOA measurements
which can be affected by sample handling and hemimicelle formation (Ruiz-Uriguen et al. 2022). For
the work reported by Ruiz-Urigiien et al. (2022), 100 mg PFOA/L was the desired initial concentration,

however, due to hemimicelle formation, the initial concentration measured was 47 mg PFOA/L.
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Due to the recalcitrance and high stability of PFCs, particularly PFOA and PFOS, researchers have
continued to test various microbial species aimed at testing their ability to biodegrade the
aforementioned model contaminants. Based on the reviewed literature, Acidimicrobium sp. strain A6
(Huang and Jaffé 2019; Ruiz-Uriguen et al. 2022) Pseudomonas parafulva strain YABL1 (Yi et al. 2016),
Pseudomonas aeruginosa strain HJ4 (Kwon et al. 2014) and Pseudomonas plecoglossicida 2.4-D
(Chetverikov et al. 2017) are the only microbial species reported to biodegrade PFOA and PFOS. Yi et
al. (2016) investigated the growth rate of YAB1 which was extracted from soil sediments near a PFCs
producing plant. Yi et al. (2016) conducted their investigation in an aerobic environment and PFOA
was added as a carbon source for YABL. Optimal bacteria growth rate and PFOA degradation was
recorded for a PFOA concentration of 500 mg/L. Interestingly, it was reported (Ruiz-Uriguen et al.
2022) that PFOA concentration of 1000 mg/L inhibited the growth rate of YABL, however, the strain
demonstrated considerable tolerance and growth adaptability. The findings by Yi et al. (2016) suggests
that, higher PFOA concentrations hinder microbial activities, consequently inhibiting the bacterial
proliferation. This is congruent to the work reported by Huang and Jaffé (2019) and Ruiz-Urigien et
al. (2022) that higher PFOA concentrations become toxic to microbial species, thus hindering microbial
activities. Yi et al. (2016) reported a PFOA removal efficiency of 48 % which was achieved after adding
yeast to promote bacterial growth rate.

The growing interest in the investigation of various microbial species to degrade PFCs has demonstrated
that PFOS can be degraded by Pseudomonas aerginosa strain HJ4 under aerobic environment (Kwon
et al. 2014). PFOS was added as a carbon source at an initial concentration ranging from 1400 pg/L to
1800 pg/L for the growth of strain HJ4. Kwon et al. (2014) reported an overall PFOS biodegradation
of 67% which was recorded after adding glucose to enhance the growth rate of strain HJ4 for PFOS
biodegradation. However, according to Kwon et al. (2014) no defluorination was observed. Fluoride
ion concentration remained constant during biodegradation of PFOS. On the other hand, Chetverikov
et al. (2017) reported 75% PFOS degradation as carbon source for the growth of Pseudomonas
plecoglossicida 2.4-D. A significant growth rate on the 2.4-D strain was observed after adding NaCl
which was maintained at less than 5% to avoid any microbial inhabitation. Chetverikov and co-workers
reported fluoride ions concentration of up to 150 mg/L in the culture medium to account that indeed
defluorination took place. Table 3.3 presents a summary of studies conducted to-date aimed at microbial
degradation of PFOA and PFOS at laboratory scale.
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Table 11.3 Microbial degradation of PFOA and PFOS.

Pollutant  Microbial Matrix Concentration  System Incubation Reference
Species conditions (mg/L) efficacy  period
(%) (day)
Acidimicrobium  Anaerobic 0.1-100 <60 100 (Huang and
sp. strain A6 Jaffé 2019)
47 77 18 (Ruiz-
PFOA Uriguen et
al. 2022)
Pseudomonas Aerobic 500 48 5 (Yietal.
parafulva strain 2016)
YAB1
Acidimicrobium  Anaerobic 0.1-100 <60 100 (Huang and
sp. strain A6 Jaffé 2019)
Pseudomonas Aerobic 14-18 67 2 (Kwon et al.
PFOS aerginosa strain 2014)
HJ4
Pseudomonas Aerobic 1000 75 6 (Chetverikov

plecoglossicida
24-D

et al. 2017)

3.4.2. Microbial degradation pathway of PFOA and PFOS

Despite the experimentally illustrated biodegradation of PFOA and PFOS by microbial species (Kwon
et al. 2014; Yi et al. 2016; Huang and Jaffé 2019; Ruiz-Urigien et al. 2022), there is no available
literature confirming a precise biodegradation mechanism of PFOA and PFOS. The few studies that
have reported on PFCs biodegradation, particularly PFOA and PFOS, the mechanism is based on the
detection of intermediate metabolites. According to Zhang et al. (2022), this is attributed to PFOA and
PFOS having a low redox potential of about — 450 mV. Typical microbial oxidisable growth substrates
demonstrate redox potentials greater than — 450 mV (Wackett 2022; Zhang et al. 2022), therefore, at a
low redox potential, the transfer of an electron from a substrate to PFCs reduction will not be
thermodynamically attractive for microbial species. However, as eluded from the previous sections,
studies have demonstrated that selected bacteria can degrade PFOA and PFOS under anaerobic (Huang
and Jaffé 2019) and aerobic (Kwon et al. 2014; Yi et al. 2016; Ruiz-Uriguen et al. 2022) environments.
Besides the redox potential, Wackett (2021) reported that, in order for a microbe to degrade a PFC, it
needs to transport the fluorinated compound into the cell, harbour a recently evolved enzyme to catalyse
the C-F bond cleavage, detect the poisonous fluoride ion generated, and protect itself against the fluoride

with a fluoride-proton antiporter. However, the disadvantage in C-F bond reduction is that, it can be
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selected against an evolution on the basis that it provides no benefit to the microbial species but drain
cellular energy (Wackett 2022). Despite the shortcomings of C-F bond reduction, selected bacteria
which have been exposed to environments with fluoride concentrations exceeding 1 ppm have
developed systems to protect themselves against the toxic fluoride ion. Last et al. (2018) reported that
bacteria can resist the toxicity of environmental fluoride by expelling the fluoride ion from its cytoplasm
by the aid of a proton-coupled fluoride ion antiporter, E. casseliflavus being the common antiporter.
The microbe attributes necessary to biodegrade PFCs suggests that bacteria that are found near PFCs
producing companies or in PFC contaminated environments can develop antiporters and survive the
toxic fluoride ion. It is worth noting that, the available literature reporting on PFOA and PFOS
degradation by novel microbial species, all reported bacteria were harvested from PFCs contaminated

sites which explains why the reported bacteria can biodegrade PFOA and PFOS.

The degradation of PFOA and PFOS by novel bacteria, as reported in literature (Kwon et al. 2014; Yi
et al. 2016; Huang and Jaffé 2019; Ruiz-Uriglen et al. 2022), can be attributed to certain enzymes
cleaving the C-F bond through either oxidation by inserting oxygen atoms or reduction by adding extra
electrons to the bond (Zhang et al. 2022). The dictation of fluoride ions during microbial degradation
of PFCs indicates that microbes can break the C-F bond under control environments which can be either
aerobic or anaerobic. Yu et al. (2019) reported that during microbial degradation of PFCs, the C-F bond
cleave occurs at the sp? and sp* C-F bonds. However, Yu et al. (2019) reported that, despite the tertiary
sp® C-F bond having the lowest bond dissociation energy for the model PFCs (i.e., perfluoro (4-
methylpent-2-enoic acid) and 4,5,5,5-tetrafluoro-4-(trifluoromethyl)-2-pentenoic acid), the sp? C-F
bond was more microbially active. The production of fluoride ions (Huang and Jaffé 2019) and
intermediate products (Kwon et al. 2014; Yi et al. 2016; Ruiz-Urigien et al. 2022) during the
biodegradation of PFOA and PFOS is an indication that the C-F bond was cleaved despite having a
bond dissociation energy of up to 130 kcal/mol (Zhang et al. 2022). There is no available literature
reporting on the specific pathways for PFOA and PFOS biodegradation. It is worth noting that the
extensively reported biodegradation of fluorotelomer alcohols and other PFCs apart from PFOA and

PFOS is limited to the removal of non-fluorinated moieties rather than C-F bond cleavage.

3.4.3. Factors affecting PFOA and PFOS biodegradation

It is apparent that the microbial biodegradation of PFOA and PFOS can be affected by certain factors
such as the type of microbial species, initial concentration of model PFCs and co-substrates. To-date,
Acidimicrobium sp. strain A6, Pseudomonas parafulva strain YAB1, Pseudomonas aeruginosa strain
HJ4 and Pseudomonas plecoglossicida 2.4-D are the only reported microbial species in literature that
are capable of PFOA and PFOS biodegradation. This suggests that the type of microbial species plays

a significant role in the biodegradation process of PFCs which are characterized as xenobiotic during

Page | 61



their bio-remediation process. Moreover, the available literature on the biodegradation of PFOS and
PFOA have demonstrated that higher PFC concentrations ranging between 100 mg/L and 1000 mg/L
can inhibit microbial growth rate depending on the microbe strain, thus compromising PFC degradation.
Moreover, selected microbes use PFOA and PFOS as carbon sources and simultaneously perform bio-
defluorination (Huang and Jaffé 2019; Zhang et al. 2022). The presence of co-substrates can enhance
microbial growth rate due to microbial preference (Kwon et al. 2014; Huang and Jaffé 2019; Ruiz-
Uriglen et al. 2022).

3.4.4. Other biological remediation processes of PFOA and PFOS

Previously conducted studies have reported on a number of effective remedial technologies of PFCs
from aquatic environments such as photocatalysis and electrochemical oxidation (Schaefer et al. 2015;
Schaefer et al. 2017; Liang et al. 2018; Hou et al. 2022), plasma technology (Stratton et al. 2017;
Saleem et al. 2020), and adsorption by granular activated carbon (Li et al. 2019). However, the
aforementioned treatment technologies are energy-intensive, consequently resulting in high operational
costs (Huang et al. 2021). Hence, the following subsection focuses on PFOA and PFOS remediation by
phytoremediation, characterised as an environmentally green and cost-effective process.

3.4.4.1. Phytoremediation of PFOA and PFOS

The removal of organic pollutants by plants is known as phytoremediation. The mechanism of the
phytoremediation process consists of 1) phytofiltration which is basically the uptake of pollutants by
the plant; 2) phytovolatilization which is the conversion of pollutants to volatile form, and 3)
phytodegradation which involves the participation of root exudes and microbial population (Huang et
al. 2021). Studies reported in literature (Gobelius, Lewis and Ahrens 2017; Colomer-Vidal et al. 2022)
have demonstrated that plants can absorb PFCs, where long chain PFCs are likely to be accumulated in
roots, and short chains are more likely to be accumulated in buds, fruits and crops (Li et al. 2019).
Gobelius, Lewis and Ahrens (2017) investigated the uptake of PFCs by various plant species, and it
was reported that high concentrations of short chain PFCs were detected in leaves with PFOA and PFOS
being detected in roots. It is worth mentioning that Gobelius, Lewis and Ahrens (2017) did not report
on PFOA and PFOS phytovolatilization and phytodegradation. The findings suggest that only

phytofiltration was observed for PFOA and PFOS phytoremediation mechanisms.

Colomer-Vidal et al. (2022) investigated the sorption of PFCs in the water-sediment-plant system along
the Dongzhulong and Xiaoqging rivers by floating and rooted plant species. The average PFC

concentration in water was reported to be 84 000 ng/L and 2 300 ng/L in sediments with PFOA
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accounting for up to 97% in both water and sediment. It was reported that PFOA demonstrated high
sorption affinity with floating plant species absorbing a higher concentration of PFCs as compared to
rooted plants. The high uptake capacity by floating plants is attributed to large proliferation rates. Higher
PFOA concentrations were detected in the roots of plant species for both floating and rooted plant
species, suggesting that phytofiltration took place. The PFCs distribution analysis within the model
plant species for the work reported by Colomer-Vidal et al. (2022) demonstrated that short chain PFCs
were concentrated more in the shoots than in the roots congruent to the work reported by Gobelius,
Lewis and Ahrens (2017). Short chain PFCs uptake is attributed to the water potential gradient resulting
from plant transpiration consequently promoting the upward uptake of PFCs through the xylem
(Colomer-Vidal et al. 2022). On the other-hand, the accumulation of long chain PFCs in plant roots can
be attributed to the proteinphilic-linked sorption. Previously done studies on phytoremediation of PFOA
and PFOS suggest that long chain PFCs bound strongly to the roots surface due to positive correlation

with protein content as opposed to short chain PFCs (Wen et al. 2016; Colomer-Vidal et al. 2022).

The phytoremediation of PFOA and PFOS is strongly dependent on plant species. Wen et al. (2016)
investigated the role of protein and lipid in the accumulation of PFOA and PFOS by different plant
species i.e., alfalfa, lettuce, maize, mung bean, radish, ryegrass, and soyabeans. It was reported that, the
concentration of PFOA and PFOS in the roots of the aforementioned model plant species did not follow
the same trend, with ryegrass, maize, and radish roots recording the lowest PFOA and PFOS
concentrations. The observed behaviour was attributed to low protein content in roots of ryegrass,
maize, and radish as reported by Wen et al. (2016). Moreover, it was reported that the binding of PFOS
to roots was stronger than that of PFOA, therefore, the transfer potential of PFOA from roots to shoots
is more favourable compared to PFOS (Wen et al. 2016). The observed behaviour could be attributed
to the relatively large molecular structure and lipophilicity of PFOS when compared to PFOA.

Based on the available literature, it is evident that PFCs can be eradicated from the environment by
phytoremediation. However, the detection of PFCs in plant leaves suggests that nonedible plant species
should be considered for phytoremediation of PFCs to avoid human exposure to PFCs. Moreover, the
reported literature on phytoremediation focuses on the translocation of PFCs in plant species. It worth
noting that, at the time in which the current study was conducted, there was no available literature
reporting on the degradation of PFCs in plant tissues. The uptake of PFOA and PFOS by plant species

necessitate for an urgent need for their complete eradication from surface water.

3.5. Conclusions and Future Perspectives

The reviewed literature has demonstrated that PFCs, particularly PFOA and PFOS, are susceptible to

degradation by certain microbial species. The metabolism mechanism of PFOA and PFOS follows a
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peculiar path relative to the degradation of fluorotelomer alcohols and organohalogens. The available
literature (Know et al. 2014; Yi et al. 2016; Huang and Jaffe 2019; Ruiz-Uriguen et al. 2022) suggests
that certain microbial species (i.e., Acidimicrobium sp. strain A6, Pseudomonas parafulva strain YABL,
Pseudomonas plecoglossicidia 2.4-D, and Pseudomonas aeruginosa strain HJ4) which can develop
antiporters to protect themselves from the toxic fluoride ions can biodegrade PFOA and PFOS. Despite
the novel developments on PFOA and PFOS degradation by microbial species, further investigation
needs to be done aimed at optimising PFOA and PFOS microbial degradation. Based on the reported
literature, it is apparent that certain bacteria can use PFOA and PFOS as a carbon source, however, high
concentrations of the aforementioned compounds can hinder microbial growth rate, thus compromising
the treatment efficiency. Such observations warrant further investigation aimed at optimising microbial
growth rate under high PFOA and PFOS concentration levels. Moreover, further investigation needs to
be done on the co-substrate dose for different microbial species in enhancing microbial growth rate.
The available literature suggests that there is lack of cellular benefits from PFC biodegradation, hence

microbial species require a co-substrate to facilitate their growth for effective PFC removal.

Moreover, the current study has demonstrated that it is apparent that phytoremediation of PFOA and
PFOS is one of the promising sustainable green technologies which can be utilized in eradicating PFCs
in water bodies. Further investigation needs to be conducted on the biotransformation of PFOA and
PFOS in plant tissues. Currently, there is very little information reported on the degradation of PFOA
and PFOS in plant tissues. In conclusion, the reported PFOA and PFOS removal by microbial species
and phytoremediation is associated with a high retention time which makes it difficult for PFOA and
PFOS remediation in receiving water bodies. Genetically engineered microbes need to be considered in
order to eradicate the occurrence of PFCs in water bodies. Moreover, there is a need to explore other
technologies such as solid-liquid adsorption using environmental green adsorbents such as chitosan

composites.
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CHAPTER FOUR: ANTIBIOTICS ADSORPTION STUDIES

SINGLE AND MULTICOMPONENT ADSORPTION OF AMOXICILLIN,
CIPROFLOXACIN, AND SULFAMETHOXAZOLE ON CHITOSAN-CARBON
NANOTUBES HYDROGEL BEADS FROM AQUEOUS SOLUTIONS: KINETICS,
ISOTHERMS, AND THERMODYNAMIC PARAMETERS

4.1. Abstract

The removal of antibiotics in water receiving bodies is an integral part in eradicating antimicrobial
resistance which has become a major threat to public health. Solid-liquid adsorption has demonstrated
to be an effective technique in the removal of antibiotics from aqueous environments. Herein,
chitosan-carbon nanotube (chitosan-CNT) hydrogel beads were synthesised for the adsorption of
amoxicillin (AMX), ciprofloxacin (CIP) and sulfamethoxazole (SMX) from aqueous solution.
Adsorption kinetics, isotherms and thermodynamic parameters were systematically investigated at a
solution pH of 7. Single adsorption kinetics findings suggest that experimental data for AMX, CIP and
SMX was better fitted by the nonlinear pseudo-first order model with calculated maximum adsorption
capacities of 23.1 mg.g!, 23.7 mg.g”! and 25.17 mg.g!, respectively. Moreover, findings from the
Weber-Morris kinetic model suggest that multiple processes were limiting the overall adsorption rate
of AMX, CIP and SMX on chitosan-CNT. Adsorption isotherm results indicated that single adsorption
experimental data was better fitted by the nonlinear Freundlich isotherm model, while binary and
ternary system experimental data were better fitted by the nonlinear competitive extended Sips
adsorption isotherm models. Moreover, results for binary and ternary adsorption showed that
multicomponent adsorption systems exhibited both antagonistic and synergistic adsorption of AMX,
CIP and SMX. From the thermodynamic fundings, it was evident that the adsorption of AMX, CIP and
SMX from solution is an endothermic process governed by both physical and chemical adsorption
mechanisms. Based on the findings of the current study, it was concluded that chitosan-CNT has

potential as a green technology for the removal of antibiotics from solution.

4.2. Introduction

Antibiotics have been successfully used to treat common infectious diseases making them crucial drugs
for medical interventions particularly for human and agricultural use. As such, there has been a
noticeable global increase of about 65% in the consumption of antibiotics (Manjunath, Baghel and
Kumar 2020). Recently (Patel et al. 2020), meat producers in the United States of America have been

identified as the largest users of antibiotics, far more intensely than do their counterparts in other
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countries. Sadly, other countries like India and China have demonstrated an upward trend in the
consumption of antibiotics (Van Boeckel et al. 2014). The same trend has been observed for developing
countries like South Africa and Brazil (Gelband et al. 2015). Unfortunately for developing countries,
the upward trend in antibiotic consumption is expected to increase until 2030 due to rapid population
growth (Gelband et al. 2015). On the other hand, different classes of antibiotics have been detected in
wastewater streams (Karthikraj ef al. 2017; Mhuka, Dube and Nindi 2020), surface water (Madikizela,
Tavengwa and Chimuka 2017; Mhuka, Dube and Nindi 2020), ground water (Zainab et al. 2020; Zeng
et al. 2022) as well as in soil (Gothwal and Shashidhar 2015) at trace amounts ranging from ng/L to
png/L. The environmental occurrence of antibiotics is ascribed to their continuous release from different
point sources such as households, hospitals, pharmaceuticals manufacturing and agricultural industries
(Almomani ef al. 2016). These environmental contaminants of emerging concerns are introduced into
the environment via human secretion through urine and faeces, improper disposal of antibiotics,
antibiotic metabolites, use of animal manure etc. The common practice of using animal organic
excretion (i.e., faeces) as an option for manure (fertiliser) to enhance plant growth can cause veterinary
antibiotics to end up in the environment particularly in surface and ground water systems through runoff
and percolation (Yao et al. 2017). It is worth noting that antibiotics are pseudo-persistent in nature. As
such, their presence in the aquatic environment triggers antimicrobial resistance against pathogens
subsequently leading to ecotoxicity (Manjunath, Baghel and Kumar 2020; Patel et al. 2020). According
to Patel et al. (2020), globally, about seven hundred thousand people each year die from infection with
antibiotic-resistant organisms, with one-third being children under the age of five years. This number is
projected to 10 million deaths per year globally by the year 2050 (Patel et al. 2020). Therefore, there is
aneed for antibiotic removal from aqueous environments on the basis that antibiotic resistance is being

considered as one of the emerging health challenges.

Hitherto, a variety of biological and physicochemical treatment technologies have been used for the
removal of antibiotics from aqueous environments ranging from biodegradation using novel bacteria
strains (Bessa ef al. 2017; Pan et al. 2017; Pan et al. 2018); advanced oxidation process (Anjali and
Shanthakumar 2019; Cuerda-Correa, Alexandre-Franco and Fernandez-Gonzalez 2019); membrane
technology (Yin et al. 2021; Nasrollahi, Vatanpour and Khataee 2022); chemical coagulation
(Alexander, Hai and Al-Aboud 2012); and solid-liquid adsorption (Dutta and Mala 2020; Mangla,
Sharma and Ikram 2022). However, most of these technologies are associated with some drawbacks
such as being expensive (i.e., membrane technology), energy intensive (i.e., advanced oxidation and
electro-coagulation), as well as slow processing or having high hydraulic retention time
(biodegradation) (Karimi-Maleh ez al. 2021). The increasing appetite in finding effective technologies
for antibiotic removal can be ascribed to their detection in wastewater treatment plants (WWTPs)
effluent streams (Madikizela, Tavengwa and Chimuka 2017; Mhuka, Dube and Nindi 2020), which is

evident that conventional wastewater treatment techniques cannot completely eliminate antibiotics at
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least in the context of South Africa. Amongst the emerging technologies, solid-liquid adsorption has
been the preferred technology for antibiotic removal from aqueous environments owing to its
advantages for being cost effective, easy to operate without any sludge or byproduct generation, its
reusability and online operation (Karimi-Maleh et al. 2021). It is worth noting that there has been a
paradigm shift in the use of non-renewable sources of adsorbents such as, polymers, bitumen, petroleum
residues as well as activated carbon from coal on the basis that they render this process expensive. As
such, this has compelled researchers within the scientific community to explore the use of low-cost
adsorbents for the removal of emerging contaminants of environmental concern. A variety of low-cost
adsorbents have been evaluated for the removal of antibiotics from aqueous environments such as
sugarcane bagasse (Jais ef al. 2021), walnut shell (Teixeira, Delerue-Matos and Santos 2019), coffee
residue (Zhang et al. 2020), Siris seed pods (Ahmed and Theydan 2013), bamboo biochar (Wang et al.
2015), rice husk ash (Kaur, Singh and Rajor 2021), porous carbonaceous material (Ayati et al. 2023),

etc.

Recently, the application of carbonaceous adsorbents in eradicating pharmaceutical compounds from
aqueous solutions has been extensively investigated precisely for the uptake of ibuprofen (Ahmadpour
et al. 2023; Ayati et al. 2023; Osman et al. 2023). The appetite in carbonaceous adsorbents is attributed
to the existence of carbonaceous materials in various zero-, one-, two-, and three-dimensional structures
such as fullerenes, activated carbon, biochar, graphene-based adsorbents, carbon nanotubes (CNTs) and
clay which have demonstrated remarkable results for the uptake of pharmaceutical compounds from
aqueous solutions (Ahmadpour et al. 2023; Ayati et al. 2023; Osman et al. 2023). Moreover, other
emerging nanocomposite materials have been reported in literature such as polyvinyl-alcohol-zinc
oxide-silver iodide-chlorophyll nanocomposites (Soltaninejad et al. 2021); geopolymer paste
synthesised from agricultural waste materials (Maleki ef al. 2020) and halloysite nanotubes (Hajizadeh
et al. 2020) with the potential of being tested for pharmaceutical remediation from aqueous solutions.
Despite the high removal efficiencies demonstrated by the aforementioned adsorbents in antibiotic
removal, the quest for environmentally green and economically feasible adsorbents is still not yet over.
As such, there has been a growing appetite for the application of chitosan-based composites for the
removal of antibiotics from aqueous environments (Danalioglu et al. 2017; Rizzi et al. 2019; Ahamad

et al. 2020; Zhao et al. 2020; Yaqubi ef al. 2021) which is the primary focus of the present work.

Chitosan is characterised as an amino polysaccharide obtained from the deacetylation of chitin i.e.,
poly-N-acetyl-D-glucosamine which is by far the second most abundant biopolymer in nature after
cellulose (Karimi-Maleh et al. 2021). Chitin is derived from crustaceans such as crabs, lobsters,
shrimps, etc., as well as insects and fungi. Owing to its distinct properties of chitosan such as low
processing cost, biodegradability, hydrophobicity, biocompatibility, and non-toxicity, it has cemented
its application as a biosorbent in wastewater treatment processes (Danalioglu ef al. 2017; Rizzi et al.

2019; Ahamad et al. 2020; Jais et al. 2021). The presence of highly active amino and hydroxyl
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functional groups within the chitosan structure potentiate it to be an excellent biosorbent with chelating
sites for targeted contaminants in aqueous environments. However, it is worth noting that the
physicochemical properties of chitosan may differ by source as well as preparation methods thus
affecting its functional groups (Karimi-Maleh ez al. 2021). Despite the desirable features of chitosan,
the use of pristine chitosan-based adsorbents is associated with drawbacks such as low stability, weak
mechanical strength, low porosity, low surface area, hydrolystability in acid medium, and high
crystallinity (Karimi-Maleh et al. 2021; Abd El-Monaem et al. 2022). The presence of amino and
hydroxyl groups makes chitosan susceptible to modification through grafting, cross-linking,
composites, and other chemical and physical techniques subsequently tackling the undesirable features.
In the context of the present study, for an adsorbent to be considered economically feasible, the
preparation and application of the material ought to require easy processing steps, consume minimal
energy, have abundant sources from nature, and possess byproduct-free ability. As such, chitosan meets
these criteria and it has been acknowledged as a low-cost feedstock to develop novel adsorbents as

reported by Long et al. (2019).

Owing to the lack of studies focusing on the removal of different classes of antibiotics from
multicomponent systems, this chapter focuses on the removal of three commonly detected classes of
antibiotics i.e., amoxicillin (AMX), ciprofloxacin (CIP), and sulfamethoxazole (SMX) from aqueous
solution using chitosan-carbon nanotube (chitosan-CNT) hydrogel beads. Available literature suggest
that no studies have been conducted on multicomponent adsorption for the removal of AMX, CIP and
SMX from solution using chitosan-CNT hydrogel beads. Due to the remarkable features of CNTs such
as high tensile strength, large surface area, and low density, for the present study CNTs potentiate as
ideal nanofillers in tackling the undesirable features of pristine chitosan composites in the context of
water treatment. The scope of this chapter entails the study of adsorption kinetics by utilising nonlinear
adsorption empirical models, the study of adsorption isotherms for single, binary and ternary adsorption
systems to elucidate the synergistic and/or antagonistic effects of the sorption of one antibiotic in the

presence of other antibiotics, and the evaluation of thermodynamic adsorption parameters.

4.3. Material and Methods

4.3.1. Materials

All chemicals used in the current study were of analytical grade and no further purification was done.
Amoxicillin (=95% anhydrous basis), ciprofloxacin (=98% pure), sulfamethoxazole (HPLC grade),
and multi-wall carbon nanotubes (>98% carbon basis) were supplied by Lasec laboratories, Durban,
South Africa. Chitosan powder from shrimp shells with a degree of deacetylation of >75%, sodium
hydroxide (NaOH) pellets (=99.5% pure), methanol (CH3;OH) (=99.9% pure), and sulfuric acid
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(H2S04) (98% pure) were supplied by Sigma-Aldrich, South Africa. Glacial acetic acid (C2H40,)
(=299.7% pure) was supplied by Shalom Laboratories, South Africa.

4.3.2. Adsorbent preparation

The chitosan-CNT hydrogel beads were synthesised by using acid modified multi-wall carbon
nanotubes. The natural chemistry of pristine CNTs is that they bundle together and become inseparable
is solution. On the other hand, the success of CNTs application in aqueous environments is strongly
dependent on the capability of disbanding them into individual nanotubes, thus making them
homogenous and stable suspensions (Sobczak-Kupiec ef al. 2021). Hence for the current study, CNT
modification was done by soaking a specific amount of CNTs in a solution of concentrated sulfuric acid
(99%) and nitric acid (65%) at a volume ratio of 1:2, respectively for 24 hours. It is worth noting that
the use of an acid containing oxygen molecules, result in the attachment of functional groups such as
carboxylic and hydroxyl groups on the CNT surface which are essential for antibiotics removal from
aqueous solution (Sobczak-Kupiec ef al. 2021). Thereafter, the acid functionalised CNTs were rinsed
with deionised water until a pH of 7 was achieved for the filtrate. The pH of the filtrate was measured
using a HANNA HI 9828 pH meter. Furthermore, CNTs were functionalised to obtain a more

hydrophilic surface as compared to pristine CNTs.

Thereafter, 100 g of chitosan was dissolved in 400 mL of 1 %v/v of glacial acetic acid solution. It is
noted that chitosan has a low solubility in water but relatively high solubility in weak acidic aqueous
environments. The chitosan-glacial acetic acid mixture was then vortexed using a magnetic stirrer at
200 rpm for 24 hours at room temperature to allow for complete dissolution of chitosan due to its low
solubility. Thus, prolonged periods of agitation are necessary. During vortexing, the mixture of chitosan-
glacial acetic acid was covered with aluminium foil to minimise any evaporation since glacial acetic
acid is relatively volatile. Thereafter, 5 wt% (with respect to chitosan) of functionalised multiwall CNTs
were added into the chitosan-glacial acetic acid mixture and vortexed at 200 rpm for 2 hours. This was
done to obtain a homogeneous distribution of CNTs in the mixture. The viscous chitosan-CNT mixture
was allowed to degas in a vacuum desiccator at room temperature until all air bubbles disappeared (i.e.,
disappearance of air pockets within the viscous mixture). Chitosan-CNTs microbead composite was
synthesised by adding the viscous chitosan-CNT gel dropwise in a solution of 15 wt.% NaOH and
95%(v/v) methanol at a volume ratio of 4:1, respectively, using a 10 mL syringe which precipitated into
chitosan-CNT beads. The chitosan-CNT beads were soaked in the NaOH-methanol solution for 24
hours, then rinsed with deionised water until a pH of 7 was obtained from the filtrate prior to being
utilised for adsorption studies. The Fourier transform infrared spectrophotometry (FTIR, VERTEX 70)

was used to analyse the presence of functional groups.
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4.3.3. Batch studies

The adsorption profile of AMX, CIP and SMX on chitosan-CNT hydrogel beads was investigated by
adopting the batch adsorption standard method as presented by Zhou et al. (2022). Experiments for
adsorption kinetics were conducted using 50 mL clear bottles with screw caps, each having a sample
size of 50 mL for a predetermined initial concentration of 40 mg/L of AMX, CIP and SMX at a fixed
solution pH of 7. The solution pH was adjusted using 1.0 M NaOH and 1.0 M H,SOs. A predetermined
quantity of 1.5 g/L of chitosan-CNT hydrogel beads was added into the respective AMX, CIP and SMX
aqueous solutions and placed in a water bath shaker and agitated for 12 hours at a rate of 150 rpm at
293 K. At a set time interval, samples were drawn and filtered using a 0.45 um syringe filter, thereafter,
transferred into a 10 mL sample tube. The filtered samples were centrifuged at 5000 rpm for 10 minutes.
Thereafter, a supernatant solution of the centrifuged sample was analysed for the residual of AMX, CIP

and SMX concentration using a Uv-vis spectrophotometer (UV-1900i, Shimadzu, South Africa).

Adsorption isotherm studies were conducted at a temperature range of 283 K, 293 K and 303 K for an
initial concentration range of 5 mg/L to 50 mg/L for AMX, CIP and SMX at a fixed solution pH of 7
for an interaction time of 24 hours. For both binary and ternary systems, an equal parts solution in terms
of adsorbate initial concentration was prepared for each system i.e., AMX+CIP; AMX+SMX;
CIP+SMX; and AMX+CIP+SMX. The adsorbent dose was maintained at 1.5 g/L of chitosan-CNT. The
amount of antibiotics adsorbed by the chitosan-CNT adsorbent and adsorption efficiency were

calculated using equations (4.1) and (4.2).

_G-c) @.1)
- m

Ge,i

Co—Ce

“4.2)

Adsorption % = [ ] X 100

0
Where C, is the initial adsorbate concentration measured in mol/L; C, is the concentration of the
adsorbate in solution after adsorption equilibrium; m is the mass of adsorbent on a dry basis; and V is
the volume of the adsorbate solution with the initial concentration measured in L. It is worth noting that
calculations for kinetics studies, the concentration of each antibiotic was presented in mg.L!' and
adsorption capacity q; was presented in mg.g"'. The subsequent subsection presents the kinetics,

isotherms, thermodynamic and statistical analysis empirical models used in this study.
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4.3.4. Adsorption empirical models
4.3.4.1. Adsorption kinetics

Adsorption kinetics for the present study were studied for single adsorption systems by applying the
pseudo-first order (PFO) (4.3) and pseudo-second order (PSO) (4.4) nonlinear empirical models.

qt = qe,[1 — exp(—kt)] (4.3)

qs, kot (4.4)

Q=7 —
t [kzqezt+1]

where g, is the adsorption capacity in mg.g" at time t; k; and g, are the PFO rate constant in min™
and adsorption capacity at equilibrium in mg.g™'; k, and qe, are the PSO rate constant in g.mg . min’!,

and the adsorption capacity at equilibrium in mg.g™!, respectively. Kinetic model validation was
conducted by employing the Bayesian Information Criterion (BIC) (4.5), residual sum of squares (RSS)
(4.6), and coefficient of determination (R?) (4.7).

RSS
BIC = nLn (T) + pLn(n) (.5)
- 2 (4.6)
RSS = Z (qiexp - qimodel)
i=1
4.7

xi (Qiexp - Qiexl,)z -2 (qiexp - qimodel)z

R? = 2
Xi (ql’ex,, - f?iex,,)

Where n is the number of experiments; Qi and q;,, ., are the experimental value and the theoretical
value predicted by the model, respectively; Tigrp is the average of all experimental values measured;
and p is the number of parameters in the fitting model (Lima ef al. 2021). The difference of the BIC
value of PFO and BIC value of PSO (i.e., ABIC) was employed in evaluating the best model fit.
According to Lima ef al. (2021), values of ABIC < 2.0 suggest an insignificant difference between the
two models applied i.e., PFO and PSO kinetic models, a range of 2.0 < ABIC < 6.0 suggest that the
model with lower BIC is most suitable; a BIC range of 6 < ABIC < 10 suggest that a model with lower
BIC value best fit the adsorption data. Moreover, a ABIC > 10 suggest that the model with a lower BIC

value is better fitted.
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4.3.4.2. Model Selection

The nonlinear kinetic models of the PFO (4.3) and PSO (4.4) were employed for the current study on
the basis that it is not mathematically possible to compare the values of R? of the linearised PFO (4.8)
and PSO (4.9) models due to the different values of the “Y” variable.

ln(qe1 — qt) = Inq,, —kqt (4.8)

t 1 1
t__ 1 1 (4.9)

qa@ ky(qe,)" e

It is worth noting that the coefficient of determination of a standard linear equation (4.10) is given by

equation (4.11).

Y =a+bX (4.10)

i (R N . (R
57 (YViry = Foy)

(4.11)
R? =

Where Yiexp is the experimentally measured Y variable; l_ﬂ-exp is the average of all measured experimental
values of Y;and Y; .  is the predicted Y value by the fitted model. It is apparent from equations (4.8)
and (4.9) that the Y variables are not the same, hence it is mathematically incorrect to make a
comparison of plots with different Y scales i.e., ln(qe L qt) (4.8) and t/q; (4.9). However, the Y
variable is given by q; (mg.g™") for the nonlinearized PFO (4.3) and PSO (4.4) which makes it possible

to compare the values of R2,

4.3.4.3. Adsorption isotherms

Moreover, herein, two-parameter nonlinear adsorption isotherm equations (4.12) — (4.14) and three-
parameter nonlinear adsorption isotherm equations (4.15) — (4.24) were applied in modelling single
adsorption experimental data at equilibrium. The nonlinear adsorption isotherms were employed in
order to eliminate the errors associated with linearised adsorption isotherm models as discussed by

Mudhoo and Pittman Jr (2023) and Lima et al. (2021).

Equation (4.12) presents the Freundlich empirical model which describes the heterogeneous adsorption

mechanism (Yeo et al. 2023):
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Gei = KeiClt" (4.12)

Where Kp; is the Freundlich constant for compound i measured in [(mol/kg)/(mol/L)™]; nf is the

dimensionless Freundlich’s constant representing surface heterogeneity.

Langmuir model:

_ QuiKiiCey (4.13)
Qi = 11K, .C,,

Where Q,,; (mol/kg) and K| ; (L/mol) are the Langmuir maximum monolayer adsorption capacity and

the Langmuir equilibrium constant for compound i, respectively.

Modified Langmuir model

Gu: = QmriKur,iCe (4.14)
(G5 = Cop) + Kup,iCeyi

Where Qy,,; (mol/kg) and K, ; are the modified Langmuir maximum adsorption capacity of the model
adsorbent and the dimensionless modified Langmuir equilibrium constant for compound i, respectively,

and C, ; (mol/L) is the saturation concentration of antibiotics in concentration.

Langmuir-Freundlich model:

_ Qur (K pCe)™F (4.15)
Tet T T (KpComir

Where Qpr; (mol/kg), Ky r; (L/mol) and n;p; are the Langmuir-Freundlich maximum adsorption

capacity of adsorbent, equilibrium constant, and dimensionless exponent, respectively.

Modified Langmuir-Freundlich model:

n i
Quiri(KupriCoi) (4.16)
(Csi — Ce,i)nMLF'i + (Kupr,iCes ML

Gei =

Where Qppr; (mol/kg), Ky ri,and 1y, ; are the modified Langmuir-Freundlich adsorption capacity
of the model adsorbent, dimensionless constant, and dimensionless exponent of the modified Langmuir-

Freundlich model, respectively.

Sips model:
ngi svi
— QSips,iKSips,iCe s (4.17)
1+ KSipS'iCn..S’ips,i

el

el
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Where Qg;ps; (mol/kg) is the Sips adsorption capacity of the model adsorbent; Ky, is the Sips

equilibrium constant measured in (L/mol)"ss; and ng; is the dimensionless exponent of the Sips

model.
Liu model:
Quiu,iCor™ (4.18)
qe,i = Nriiu NLiu
KLL'II:L + Ce,f

Where Qp;,, ; (mol/kg) is the Liu adsorption capacity of adsorbent; K; ;;, (mol/L) is the Liu constant; and

Ny, 1s the dimensionless exponent of the Liu model.

Khan model:

_ QKhanKKhan Ce,i (4.19)
Gei = NKhan
(1 + KKhanCe,i)

Where Qgpan (mol/kg) is the Khan maximum adsorption capacity of adsorbent; Kyp,pn (L/mol) and

Nghan are the Khan equilibrium constant and dimensionless exponent of the Khan model.

Hill model:

_ _QuuCe™ (4.20)
KHill + C:-Hill

el

Where Qy;;; (mol/kg) is the Hill maximum adsorption capacity of adsorbent; Ky;;; (mol/L)™Hit and
1/Kyiy [(L/mol)™il] are the Hill model constant, and the Hill equilibrium constant, respectively; and

nyiy 1s the dimensionless exponent if the Hill model.

Equation (4.21) represents the Toth model which is a modified Langmuir model that generally fits well

on sub-monolayer adsorption system.

QrotnKrotnCe 4.21)
"Totivl + (KToth Ce)nTOth

Qe,i =

Where Qpotn (mol/kg), Kporn (L/mol) and ng,e, are the maximum adsorption capacity, the Toth

equilibrium constant, and the dimensionless exponent of the Toth model, respectively.

Redlich-Peterson model:

K, (4.22)
Qei =77 agpCoRP
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Where Kzp (L/kg), agp (L/mol)"RP and ngp are the Redlich-Peterson constant, Redlich-Peterson
equilibrium constant, and the dimensionless exponent of the Redlich-Peterson model. According to Tran

et al. (2021), the dimensionless exponent of the Redlich-Peterson model ranges from 0 to 1.
Koble-Corrigan Model:

AcC ¢ (4.23)

Where Agc [(L/mol)™kc(mol/kg)] and Kg. (L/mol)™ ¢ are the Koble-Corrigan constant and
equilibrium constant, respectively; the Koble-Corrigan maximum adsorption capacity is given by

Qxc(mol/kg) = Akc/Kxc; and ng is the dimensionless exponent od the Koble-Corrigan model.
Radke-Prausnitz model:

abC™ (4.24)

Gei = Tr bCpT

Multi-adsorption isotherms were studied by applying the Extended Langmuir (4.25) and Extended Sips
(4.20).

Gos = QrLiKeL,iCe i (4.25)
“1 + 201 Kepj Ce j
1
Qis, i KesiC. !
Gei = e (4.26)
nj

1+ ij=1 KES,jCe]

Where Qqy is the theoretical maximum biosorption capacity measured in molkg” , Kgy ; (L.mol™)
and Kg; ;j (L.mol') are the competitive Extended-Langmuir constants of components i and j,
respectively; C,; (mol.L") is the equilibrium concentration of component j; qy,; (mol.kg") is the
theoretical maximum binary adsorption capacity of component i; Kgs; (L.mol™)" and Kgg ;
(L.mol ™)™ are the Sips constants of components i and j, respectively; n; and n; are the Sips constants

for components i and j, respectively obtained by fitting of experimental data for the binary adsorption

system.

4.3.4.4. Thermodynamic models

The nature of the adsorption interaction between model contaminants and adsorbent was determined

from the thermodynamic parameters i.e., standard Gibbs free energy change (AG®), standard enthalpy
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change (AH®) as well as the standard entropy change (AS®°) as shown from equations (4.27) to (4.30)
(Pauletto et al. 2021).

AG° = —RT In(K}) (4.27)
AG® = AH® — TAS® (4.28)
. (—AH\1  AS° (4.29)
InK. = ( R >T R
o I(modelcO (430)
K, =/
Yadsorbate

Where R is the universal gas constant [8.3145 J/(mol.K)]; T is the absolute temperature (K); K, is the
standard thermodynamic equilibrium constant; Kj,,,4.; i the equilibrium constant of the adsorption
isotherm model measured in (L/mol); C° is the standard state of solute equivalent to 1 mol/L; and
Yadsorbate 15 the activity coefficient of adsorbate in solution (Tran et al. 2023). Equation (4.29) is the
linear form of the van’t Hoff equation obtained by substituting equation (4.27) into equation (4.28). In
the linear form of the van’t Hoff equation, AH® and AS® are the slope and intercept of the plot of an;’q

as a function of 1/T, respectively.

4.4. Results and Discussion

4.4.1. Adsorbent surface characterisation

The functional groups of chitosan-CNT active sites involved in the adsorption of AMX, CIP and SMX
were studied using the FTIR at a spectrum range of 650 cm™' to 4000 cm™!, as depicted in Figure 4.1.
From the peaks, it is evident that the adsorbent surface contains functional groups which are essential
for the adsorption of antibiotics. Chitosan stretching vibrations were detected such as C-N at
1379 cm™!, C-O-C bending vibration at 1070 cm™ as well as C=N stretching vibration at 1559 cm™.

Similar functional groups on chitosan composites have been reported by Ngo et al. (2023).
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Figure 4.6: FTIR analysis of chitosan-CNT composite.

4.4.2. Effect of solution pH on the adsorption of AMX, CIP and SMX on chitosan-CNT

The solution pH plays a vital role in the protonation and/or deprotonation of the adsorbent surface
charge as well as the speciation of the model contaminants. As such, for the current study, the one-
factor-at-a-time approach was applied in ascertaining the effect of solution pH for the sorption of AMX,
CIP and SMX (Figure 4.2) at a pH range of 2 — 11 at a fixed AMX, CIP and SMX initial concentration
(40 mg/L) and adsorbent dose of 1.5 g/L. Highest removal efficiencies of 84% for CIP, 73 % for AMX,
and 72 % for (SMX) were recorded for a solution pH of 6 for CIP and 7 for both AMX and SMX.
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Figure 4.7: The effect of pH on the sorption of AMX, CIP and SMX from solution.

Page | 83



The observed behaviour on the removal of CIP with varying solution pH (Figure 4.2) can be ascribed
to the mere fact that CIP is characterised with a carboxylic acid functional group (-COOH) and an amine
functional group (-NH:) on the piperazine moiety with corresponding pK, values of 6.1 and 8.7,
respectively (Wang et al. 2016). Therefore, the CIP pK, values suggest that at solution pH greater than
6.1 and 8.7 the carboxylic and amine functional groups, respectively, within the chemical structure of
CIP becomes deprotonated (i.e., negatively charged). It is worth noting that the point of zero charge
(pHpzc) for chitosan-CNT was found to be 8.5 suggesting that the surface of chitosan-CNT is positively
charged at a solution pH less than the pHp,.. When traversing the sorption of CIP from Figure 4.2, it is
apparent that CIP removal was significant at a solution pH range of 6 and 8. These removal efficiencies
can be ascribed to the deprotonation of CIP (i.e., at a solution pH range between 6 and 8), thus initiating
the electrostatic interaction mechanism as the major adsorption mechanism as opposed to pore filling.
The low removal efficiencies between a pH range of 2 — 5 can be ascribed to CIP being in an
undissociated form (Manjunath, Baghel and Kumar 2020), suggesting that the adsorption of CIP was
initiated by the pore filling mechanism. Moreover, at a solution pH of greater than the model adsorbent’s
PHpzc, the surface of the adsorbent becomes deprotonated with a negative charge. As such, the m-electron
interaction between the adsorbate and the adsorbent is destabilised due to charge repulsion thus

compromising the adsorption efficacy of the targeted pollutant (Ngo ef al. 2023).

It is worth noting that available literature (Ngo ef al. 2023) suggest that the -  bond is crucial in the
sorption mechanism of SMX molecules from solution. This is ascribed to the benzene rings as well as
amine groups within the chemical structure of antibiotics allowing them to accept m-electrons. From
the FTIR results it is evident that the chitosan-CNT composite adsorbent contains functional groups
which can give strong m-electrons such as C=C, C=0 as well as C=N as suggested by Ngo et al. (2023).
On the other hand, Liu, Nie and Yu (2021) reported that the ring m-electron interaction between SMX
and double bonds on the adsorbent surface forms -m electron coupling. For the current study, it is
apparent that the highest SMX removal percentage was achieved at a solution pH range of 5 - 8. The
observed trend can be ascribed to SMX having a pKa of 5.6 suggesting that at a solution pH greater
than 5.6, it deprotonates, releasing an -OH functional group which interacts with the adsorbent
functional groups. The release of the -OH functional groups promote the sorption of the model antibiotic
by the electron interaction between the negatively charged antibiotic and the positively charged
adsorbent (Fan ef al. 2012). Moreover, the high removal efficiencies can be ascribed to m-electron
interaction between the adsorbent and SMX. It is worth noting that from the thermodynamic results
presented in Table 4.6 to Table 4.19 4.8 (see subsection 4.4.6), it is apparent that the sorption of SMX
on chitosan-CNT can also be characterised by the physical adsorption mechanism as the high removal

efficiencies at a solution pH of 5 can be ascribed to pore filling.

From Figure 4.2, it is apparent that the uptake of AMX by chitosan-CNT adsorbent was the least as
compared to CIP and SMX. According to Verma and Subbiah (2019), at a solution pH of 7, about 60%
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of amoxicillin exists as a zwitterionic form and 40 % exists as a cationic with a pKa value of 7.2. From
Figure 4.2 the highest removal of AMX at a solution pH of 7 can be ascribed to electrostatic force
interaction between the positively charged adsorbent with the negatively charged adsorbate. Moreover,
at a solution pH of less than 9, a significant decline in the sorption of AMX on chitosan-CNT was
observed which can be ascribed to the destabilised m-electron interaction due to charge repulsion

between the negatively charged AMX and the adsorbent surface.

4.4.3. Effects of initial adsorbate concentration and adsorbent dosage on the sorption of AMX, CIP
and SMX on chitosan-CNT adsorbent

For the present study, the effect of varying the adsorbate and adsorbent dose on the removal efficiency
of AMX, CIP and SMX was conducted at an adsorbent dose range of 40 mg/L to 240 mg/L for each
antibiotic and at an adsorbent dose range of 0.5 g/L to 3 g/L. The solution pH was maintained constant
at 7 for a contact time of 24 hours. When traversing Figure 4.3a, it is apparent that the adsorption
efficiency decreased to an asymptotic value with an increase in the initial adsorbate concentration for a
fixed adsorbate dose of 1.5 g/L. According to Chandrasekaran et al. (2020), the observed trend can be
ascribed to the limited number of adsorption sites on the adsorbate surface which eventually become
saturated under higher adsorbate (i.e., AMX, CIP and SMX) concentration. On the other hand, the high
removal efficiencies under low adsorbate concentrations can be ascribed to the availability of vacant
adsorption sites thus adsorbing a higher composition of the adsorbate from solution. It is worth noting
that the number of vacant sites acts as a driving force for the adsorption efficiency of the model
adsorbent. It is evident that as the initial adsorbate concentration increases, the number of available

adsorption sites decreases subsequently reducing the adsorption removal efficiency.

Page | 85



100
90 £ —+CIP —+ AMX —s—SMX
80 +
70 §
60 ¢
50 §
40 ¢
30 ¢
20 §
10 §

Removal, %

0 40 80 120 160 200 240 280
C,, mg/L

Figure 4.8a: The influence of varying adsorbate initial concentration on the adsorption efficiency of AMX, CIP
and SMX on chitosan-CNTs.
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Figure 9.3b: Influence of varying adsorbent dosage on the adsorption efficiency of AMX, CIP and SMX on
chitosan-CNTs.

On the other hand, the adsorption efficiency increased up to an asymptotic value with an increase in
adsorbent dosage for a fixed adsorbate concentration of 40 mg/L. From Figure 4.3b, it can be observed

that maximum removal efficiencies were achieved at an adsorbent dose of 1.5 g/L recording removal
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efficiencies of above 70% for the model adsorbates. The observed trend on the adsorption efficiency
can be ascribed to an increase in adsorption available sites with an increase in the adsorbent dose
subsequently increasing the composition of the model antibiotics adsorbed. Chandrasekaran et al.
(2020) reported that when the adsorbent dose increases at a fixed adsorbate concentration, the
distribution of the adsorbate molecules in the adsorbent active sites will decrease. This will subsequently
increase the rate of mass transfer resulting in higher loading of the model adsorbate in the adsorbent
active sites. However, a further increase in the adsorbent dose will result in an increase in the availability
of active sites subsequently resulting in a decrease in the rate of mass transfer to a point where mass
transfer will cease, hence the adsorption efficiency will reach an asymptotic value as depicted in

Figure 4.3b.

4.4.4. Single adsorption kinetics

The underlying sorbate-adsorbent interaction kinetics for the single adsorption system was studied using
the nonlinear PFO, PSO as well as the Weber-Morris kinetic models. The adsorption kinetic parameters,
coefficient of determination values as well as the difference of the BIC values for the competing PFO
and PSO empirical models are presented in Table 4.1. The PFO rate constant (k;) values suggest that
the sorption rate for the model antibiotics was in the order of CIP (0.0039 min™') > AMX (0.0032 min’
) > SMX (0.0024 min™"). Moreover, it is worth noting that for the PFO kinetic model the difference
between experimental and model predicted adsorption capacities at equilibrium was not significant,
recording standard deviations in the order of +1.37 mg.g™! for CIP < +2.83 mg.g”' for AMX < +4.32
mg.g"' for SMX. The low standard deviations and high R? values of greater than 0.98 for all model
antibiotics suggest that experimental data was best fitted by the PFO kinetic model. On the other hand,
for the PSO kinetic model, it is apparent from Table 4.1 that for the single adsorption system, there was
a significant difference between the experimental and predicted adsorption capacities at equilibrium,
with standard deviations in the order of +£7.39 mg.g™!' (CIP) < +10.15 mg.g”' (AMX) < +14.18 mg.g"!
(SMX). Despite the high R? values of greater than 0.97 recorded for the PSO kinetic model for all model
antibiotics, the significant difference between experimental and predicted adsorption capacities at
equilibrium, suggest that the PSO kinetic model failed to fit the single adsorption experimental data

well.

Moreover, it is worth noting that the competing PFO and PSO kinetic models cannot simply be validated
by the coefficient of determination alone. For the present study, the PFO and PSO kinetic models were
validated by applying the difference of the BIC values of the PFO and BIC values of the PSO kinetic
models. The guidelines outlined by Raftery (1995) and Lima et al. (2021) were used in assessing the
PFO and PSO as discussed in the materials and methods section. Herein, ABIC values of 2.44 and 5.44
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were obtained for the adsorption systems of CIP and SMX, respectively, suggesting that the PFO was

the suitable empirical model in fitting experimental data for the single adsorption system.

Table 4.12: AMX, CIP and SMX adsorption kinetics parameters.

Antibiotics
Model Parameters AMX CIP SMX
PFO Qeexp (Mg.g") 19.1 21.8 19.05
q. (mg.g™h 23.1 23.74 25.174
ki (min™) 0.003188 0.003851 0.00238
R? 0.9840 0.9991 0.9802
BIC -3.28 -26.52 0.75
PSO Qe exp (ME.g") 19.1 21.8 19.05
qe (mg.g™h 33.46 32.25 39.11
ks (g.mg'.min") 7.16E-05 1.02E-04 4.1E-05
R? 0.9768 0.9932 0.9777
BIC 5.57 -24.08 6.19
ABIC 8.86 2.44 5.44

Moreover, the single adsorption system of AMX gave a ABIC value of 8.86 suggesting that the
experimental data was better fitted by the PFO kinetic model. The supremacy of the PFO kinetic model
in fitting the experimental data is cemented by the relatively high R? values demonstrated by the PFO
model when compared to the PSO model. Figure S4.1 to Figure S4.3 (see supplementary data), clearly
depicts that the experimental data was better fitted by the PFO kinetic model. From Figure S4.1 to S4.3
it is apparent that the adsorption of the model antibiotics on chitosan-CNT hydrogel beads was rapid
during the initial stage (i.e., within 500 minutes) of the process subsequently slowed down over time as
a consequence of decreasing active adsorption sites within the surface of the adsorbent. On the other
hand, the fast adsorption rate within the first 500 minutes of the process can be partly ascribed to the
presence of mesopores in the adsorbent which can be accessible to the adsorbates. Note that the

aforementioned mechanism is not explicitly accounted for in the present work.

Herein, the findings of the current study on the adsorption kinetics studies were compared with studies
reported in literature for the adsorption of AMX, CIP and SMX on chitosan-based composites
(see Table 4.2).

Page | 88



Table 4.13: Literature studies on antibiotics adsorption on chitosan-based composites.

Antibiotic Adsorbent Kinetic model Reference
Amoxicillin Leached carbon black waste Nonlinear-PFO (Yaqubi et al. 2021)
chitosan
Chitosan-Fe/Ni Linear-PFO (Weng et al. 2013)
nanocomposite
Fes;Os-activated carbon- Linear-PSO (Danalioglu et al. 2017)
chitosan nanocomposite
Chitosan-CNT Nonlinear-PFO Present study
Ciprofloxacin Magnetic imprinted chitosan ~ Linear-PSO (Rasoulzadeh et al.
polymer nanocomposites 2019)
Chitosan-biochar ~ hydrogel Nonlinear-PSO (Afzal et al. 2018)
beads
Ethylenediaminetetraacetic Linear-PSO (Verma et al. 2021)
Acid-Functionalized B-
Cyclodextrin-Chitosan
Chitosan-CNT Nonlinear-PFO Present study
Sulfamethoxazole Starch-chitosan-UiO-66- Linear-PSO (Jia et al. 2021)

COOH

Graphitic carbon nitride Nonlinear-PSO (Zhou et al. 2022)
embedded chitosan-polyvinyl
alcohol

Chitosan-CNT

Nonlinear-PFO Present study

For the work reported by Weng et al. (2013), it is noted that only the linearised PFO model was used to
fit experimental data on the basis that it was assumed that the reduction of AMX by chitosan-Fe/Ni was
a solid-liquid interphase reaction. As such, Weng et al. (2013) reported that such a reaction can be
modelled in accordance with the linear PFO kinetic model. It is apparent that Wang and co-workers did
not consider the PFO and PSO empirical kinetics model as competing models therefore no statistical
analysis was used for the model selection. Similarly, Danalioglu ef al. (2017) modelled experimental
data for the sorption of AMX on Fe;O4-activated carbon-chitosan nanocomposite using a linear PSO
kinetic model without any comparison with the PFO. It was reported that the linear PSO kinetic model
best fitted the experimental with an R? value 0.9344. On the other hand, in the context of AMX sorption
on chitosan-based composites Yaqubi ef al. (2021) reported that the nonlinear-PFO empirical model
best fitted the experimental data (R? >0.995) when compared with the PSO for the sorption of AMX on
leached carbon black waste chitosan. The validity of the nonlinear-PFO model for the work reported by

Yaqubi et al. (2021) was confirmed by the insignificant disparity between the experimental and
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calculated values of the adsorption capacities at equilibrium. Therefore, the findings of the current study

are congruent with the work reported by Yaqubi et al. (2021).

Rasoulzadeh et al. (2019) reported the supremacy of the linearised PSO kinetic model over the
linearised PFO model on the sorption of CIP on magnetic imprinted chitosan polymer nanocomposites
recording an R? value of 0.99. Model selection and validation was based on the R? values as well as
comparison between experimental and calculated values of adsorption capacities at equilibrium.
Similarly Verma et al. (2021) employed the nonlinear PSO and PFO kinetic models and concluded that
experimental data for the sorption of CIP on ethylenediaminetetraacetic acid-functionalized f-
cyclodextrin-chitosan was best fitted by the linearised PSO model recording an R? value of 0.999.
Model validation was conducted by evaluating the chi square test, 2. However, it is noted that within
the scientific community, the comparison of the linearised PFO and PSO is strongly discouraged (Tran
et al. 2017; Mudhoo and Pittman Jr 2023) despite the approach being deeply-rooted in the practice and
literature of adsorption science. The short comings of comparing the linearised PFO and PSO kinetic
models are discussed in the materials and methods section. On the other hand, Afzal ef al. (2018)
reported that experimental data for the sorption of CIP on chitosan-biochar hydrogel beads was best
fitted by the nonlinearized PSO empirical model. It is worth noting that, for the work reported by Afzal
et al. (2018), the nonlinearized PFO model demonstrated a better fit in terms of R? values for an initial
adsorbate concentration in the range of 5 mg.g™! to 30 mg.g™! when compared to the nonlinearized PSO
model. However, for initial concentration of 50 mg.g"! and 80 mg.g!, the nonlinearized PSO model
recorded higher R? values of 0.980 and 0.982, respectively. It should be noted that no other statistical
tool was used for the model selection and validation apart from the coefficient of determination. As
such, the findings of the present study are similar to the work reported by Afzal ef al. (2018) for an
initial adsorbate concentration range of 5 mg.g™!' to 30 mg.g™'. The difference in terms of selecting the
nonlinear PSO model can be ascribed to the lack of model validation statistical tool apart from the

coefficient of determination.

Zhou et al. (2022) and Jia et al. (2021) conducted studies on the sorption of SMX and sulfanilamide
from aqueous solutions on graphitic carbon nitride embedded chitosan-polyvinyl alcohol and starch-
chitosan-UiO-66-COOH composites, respectively. For the work reported by Zhou et al. (2022), the
nonlinear PSO model was selected as the best model to fit the experimental solely on the basis of the
recorded higher coefficients of determination when compared to the nonlinear PFO. On the other hand
Jia et al. (2021) applied the linearised PFO and PSO model to study the kinetics of SMX sorption on
the model antibiotics. It was concluded that the linearised PSO kinetic model with the higher coefficient
of determination presented a preferable fit than that of a PFO. Moreover, the linearised PSO model was
selected on the basis of the insignificant differences between simulated and experimental equilibrium
adsorption capacities. However, for the present study, the nonlinearized PFO kinetic model gave a better

fit of the experimental data. Model selection and validation was not limited to the coefficient of
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determination, but a statistical tool was adopted in terms of ABIC in determining the most appropriate
kinetic model since both the PFO and PSO models were treated as competing models. Based on the
comparison studies presented in Table 4.2, it is evident that there is a need for rigorous statistical

analysis as the basis of model selection and validation.

Furthermore, a typical adsorption process involves four stages i.e., adsorbate transport from bulk
solution to adsorbent surface; diffusion through a boundary layer to the adsorbent surface; adsorption
onto active adsorbing sites of surface; and intraparticle diffusion of adsorbate into the interior pores of
the adsorbent. As such, the Weber-Morris (4.31) kinetic model was applied in ascertaining the rate
control mechanism for the adsorption process of the model antibiotics on chitosan-CNT hydrogel beads

as proposed by Weber Jr and Morris (1963).

qe = kit + C (4.31)

Where k; (mg.g”!.min'"?) is the intraparticle diffusion rate constant and C is a dimensionless constant
which gives information related to the film thickness and relates to the adsorbate concentration on the
adsorbent’s surface. It is noted that a number of studies that are reported in literature (Zhou et al. 2022)
have employed mg.g™! as the units of C and it appears dubious to have mg.g™! as the units of C if it is a
boundary layer thickness. However, one has to acknowledge that, despite the mismatch in the units of
the constant C with its physical meaning as a boundary layer thickness it does not result in a dimensional

inconsistency if one agrees that the units of the boundary layer thickness can be mg.g™!' and not meters.

According to Sahoo and Prelot (2020) and Weber Jr and Morris (1963), in a typical solid-liquid
adsorption process, intraparticle diffusion is involved during the adsorption process if the plot of g; as

a function of t°-°

yields a straight line. It is noted that multilinear plots indicate that multiple processes
are limiting the overall adsorption rate. Figure 4.4 presents single adsorption system experimental data
for the adsorption of AMX, CIP and SMX on chitosan-CNT hydrogel beads fitted using the Weber-
Morris kinetic model. From Figure 4.4, it is apparent that experimental data for the current study gave
multilinear plots for all three model antibiotics i.e., AMX, CIP and SMX suggesting that multiple

processes were limiting the overall adsorption rate of the antibiotics on chitosan-CNT hydrogel beads.

Traversing Figure 10.4 from left to right, the very first segment of the plot with the highest slope depicts
a zone that is controlled by external mass transfer. In the external mass transfer zone (Figure 10.4), the
constant C of the fitted model is approximately zero indicating insignificant effects of the boundary
layer diffusion on the adsorption of AMX, CIP and SMX but the antibiotics were adsorbed on the
surface of the model adsorbent i.e., chitosan-CNT hydrogel beads. The subsequent segment represents
a zone controlled by intraparticle mass transfer, suggesting that the model antibiotics were gradually
diffused into the model adsorbent, and the last segment which is almost plateau denotes an incipient of

an equilibrium state indicating that the model antibiotics were adsorbed in the active sites of the model
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adsorbent. As such, it is apparent that the last two zones were the rate-limiting steps for the adsorption
process for the model antibiotics on the chitosan-CNT adsorbent. It is worth noting that the findings of
the current study are congruent to the work reported by Zhou et al. (2022) for the adsorption of
sulfamethoxazole on graphitic carbon nitride embedded chitosan-polyvinyl alcohol composite with

light regeneration.
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Figure 10.4: Weber-Morris kinetic model curves for AMX, CIP and SMX sorption on CCNT.

However, it is noted that the adsorption mechanism for any adsorption process cannot be explicitly
explained by the PFO and PSO kinetic empirical models. As such, available literature (Lima et al. 2021:
Tran et al. 2023) suggests that adsorption mechanisms are solely established using analytical techniques
e.g., FTIR, scanning electron microscopy, X-Ray diffraction analysis etc., and having a clear chemical
nature of the adsorbate and adsorbent, adsorbent’s surface, and chemical or physical interactions

between the adsorbent and adsorbate.

4.4.5. Equilibrium isotherms.

Most of studies reported in literature on solid-liquid adsorption are presented in units of mg.L! for
concentrations and mg.g? for the sorption capacities. Similarly. most discharge regulations of
pharmaceutical wastewater are presented on a mass basis. However, for dimensional consistency in
modelling thermodynamic parameters, the isotherm units are presented on a mole basis as
recommended by Tran ef al. (2021). Recently done studies (Lima ef al. 2021) have discussed new
approaches on applying adsorption isotherms in calculating thermodynamic parameters for solid-liquid
adsorption studies, requiring constants to be expressed in mole basis. Moreover, herein the nonlinear

technique in modelling and evaluating the relevant adsorption isotherm parameters was applied on the
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basis that the conversional linear approach has been associated with some error functions (i.e., over-

linearisation) during modelling as discussed by Tran ef al. (2017) and Lima et al. (2021).

4.4.5.1. Single adsorption isotherms

Table 4.3 presents the nonlinear fitting results for the selected two parameter and three parameter
adsorption isotherm models. Model parameter values were optimised by performing sensitivity analyses
i.e., (1) initialisation of the model parameters with the minimum possible value of the objective function
through the evaluation of the sum of square error (SSE); (2) nonlinear regression analysis was
performed to ascertain the optimal solution which minimised the objective function (SSE); (3)
thereafter, the perturbation concept was applied, by modifying one parameter at a time while keeping
other parameters constant. This approach was used to implicate a sensitivity analysis to each model
parameter; (4) lastly, re-evaluation of the objective function (SSE) was done for each perturbation. It
should be noted that the global minimum was obtained if the perturbation for all model parameters was
zero. Higher values i.e., values greater than zero denotes poor nonlinear regression analysis of the values
of the model parameters. A similar approach was reported by Al-Ghouti and Da'ana (2020) in their
recent work where they discuss the guidelines for the use and interpretation of adsorption isotherm

models.

Based on the chi square test values (x?) of less than 0.0 and high values of the coefficient of
determination of greater than 0.9 it is apparent that the single adsorption studies experimental data was
well fitted with almost all the models investigated, but not with the Sips (R? = 0.7771), Hill
(R* =0.7814), and Koble-Corrigan (R? = 0.773) for the AMX system. Despite the recommended low
coefficients of determination values, the chi square test gave values of less than 0.01 for all systems
studied.

Table 4.14: Isotherm constants for the removal of AMX, CIP and SMX using chitosan-CNT in single-
component adsorption system.

Antibiotic
Model Model Parameters Units AMX CIP SMX
Freundlich Kr (mol/kg)/(mol/L)" 33.732 4.348 68.25
model ng - 0.615 0.395 0.6769
R? -- 0.9928 0.9529 0.9920
x? 2.45E-07 0.00135 4.20E-07
Langmuir model Qg mol/kg 0.07514 0.0791 0.09718
Ky L/mol 81336 180 734 65 464
R? -- 0.9342 0.9559 0.8736
x2 0.000118 0.00251 6.42E-04
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Table 4.3: Continues

Modified Qv mol/kg 0.07215 0.0795 0.1762
Langmuir model Ky - 1773 3673 19.11
R? - 0.9206 0.968 0.9896
x? 0.000165 4.11E-05 3.20E-05
Langmuir- Qrr mol/kg 0.07026 0.0759 0.09145
Freundlich Kir L/mol 96 852 259 713 57 142
model nLr - 1.0339 1.103 1.8102
R? - 0.9169 0.9610 0.9389
x2 0.000155 3.150E-05 0.0001
Modified Qmrr mol/kg 0.07165 0.0759 0.09145
Langmuir- Kwmrr - 1781 4126 59.78
Freundlich NMLF -- 1.0349 1.103 1.7054
model R? - 0.9247 0.9611 0.9442
x2 0.000129 3.13E-05 7.17E-04
Sips model Qsips mol/kg 0.0727 0.0819 0.1006
Ksips (L/mol)Sirs 1403 12 329 2.4E07
Nips -- 0.6245 0.7572 1.5751
R? - 0.7771 0.9265 0.9593
x? 0.000779 4.05E-04 7.99E-05
Liu model QLiu mol/kg 0.07083 0.0759 0.09521
Kvriy mol/L 1.15E-05 3.851E-06 1.93E-05
NLiy -- 1.2365 1.1034 1.6547
R? - 0.9451 0.9610 0.9511
x2 1.15E-06 3.14E-05 5.47E-04
Qxhan mol/kg 0.06870 0.0792 0.0830
Kkhan L/mol 370629 122 201 39570
Khan model NKhan -- 0.4020 0.8539 0.6201
R? - 0.9373 0.9312 0.9908
x? 0.00127 0.00133 1.77E-05
Hill model Quin mol/kg 0.07272 0.0818 0.0939
Kin (mol/L)rHill 6.58E-04 6.96E-05 1.08E-08
Nl -- 0.6316 0.7698 1.679
R? - 0.7814 0.9302 0.9455
x2 0.00077 3.77E-04 4.52E-05
Toth model Qoth mol/kg 0.06066 0.0797 0.0927
Kroth L/mol 36417 965 689 25271
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Table 4.3: Continues

Toth model DToth - 546 0.6026 3.4209
R? - 0.9040 0.8683 0.9755
x2 0.00134 6.31E-04  1.25E-04

Redlich- Krp L/kg 2.19E09 8.75E08 2.85E09

Peterson arp (L/mol)"R? 6.22E07 2.01E08 4.17E07

model ngrp -- 0.385 0.605 0.3229
R? -- 0.993 0.9529 0.992
x2 1.03E-06 0.00134 4.35E-07

Koble- Axc (mol/kg)(L/mol)"K€ 36.7781 729 218

Corrigan Kkc (L/mol)"KE 448 7 734 2003

model Qkc mol/kg 0.08195 0.0942 0.8045
nkc - 0.5467 0.7533 0.6993
R? - 0.7773 0.9747 0.8045
x2 0.000826 1.06E-04 0.0011

Radke- a L/kg 4.5E06 20 075 6486

Prausnitz b (mol/kg)/(mol/L)™ 34.927 0.3795 19.55

model m -- 0.615 0.1530 0.5208
R? - 0.9927 0.9629 0.9922
x? 3.31E-07 0.00205 1.47E-06

When considering the R? and y? values for the investigated two parameter adsorption isotherm models
i.e., the Freundlich, Langmuir, and Modified-Langmuir models, the best fitting models for AMX were
in the order of Freundlich model (R? = 0.9928; y? = 2.45E-07) > Langmuir model (R> = 0.9342; y2 =
1.18E-04) > Modified-Langmuir model (R? = 0.9206; y? = 1.65E-04); for CIP were in the order of
Modified-Langmuir model (R? = 0.9680; y? = 4.11E-05) > Langmuir model = Freundlich model
recording R? and y? values of 0.9959, 0.9529, 0.00251, and 0.00135, respectively. For SMX Freundlich
model (R? = 0.9920; y? = 4.2E-07) > Modified-Langmuir model (R> = 0.9896; y? = 3.20E-05) >
Langmuir model (R? = 0.8736; y? = 6.42E-04). From the single adsorption two parameter isotherm
models it is apparent that both AMX and SMX experimental data were well fitted in the Freundlich

model with CIP experimental data favouring the Modified-Langmuir model.

Based on the Freundlich model demonstrating supremacy in the sorption of AMX and SMX, the
findings of the current study suggest the heterogeneity of the surface as well as the exponential
distribution of the active sites for the model adsorbent. As such, the Freundlich adsorption isotherm
model suggests that AMX and SMX were adsorbed by firstly occupying the stronger binding sites of
the adsorbent; subsequently an exponential decline in the adsorption energy occurred upon completion

of the adsorption process. Despite the relatively high values of R? (>0.9) and y? values of less than 0.01
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suggesting a good fit, the values of 1/nr of greater than 1 (i.e., 1/nr = 1.626 for AMX and 1/nr=1.477
for SMX) suggest a weak surface heterogeneity of the model adsorbent indicating the lack of adsorption
intensity of AMX and SMX on chitosan-CNT adsorbent. According to Al-Ghouti and Da'ana (2020),
the parameter 1/nr is the intensity of the adsorption or surface heterogeneity indicating the energy

relative distribution and the adsorbate sites’ heterogeneity.

On the other hand, the adsorption isotherms result in Table 4.3, which suggests that CIP experimental
data was well fitted by the Modified-Langmuir isotherm model. The model suggest that the thickness
of the adsorbed layer is a single molecule i.e., monolayer adsorption, suggesting that the adsorption of
CIP on chitosan-CNT adsorbent occurred at identical and equivalent definite localised sites. Therefore,
without explicitly accounting for the sorption mechanism of CIP, the findings suggest that no steric
hindrance manifested on adjacent sites, nor between the adsorbed molecules of CIP. According to
Kundu and Gupta (2006) and Al-Ghouti and Da'ana (2020), the observed behaviour for the single
adsorption of CIP on chitosan-CNT suggest that adsorbent sites had equal affinity towards the model
antibiotic without any transmigration in the adsorbent surface plane. Within the framework of the
Modified-Langmuir model, the separation factor (Rm) for the CIP adsorption system was 0.9557
suggesting that the adsorption process of CIP on chitosan-CNT hydrogel beads was favoured. Al-Ghouti
and Da'ana (2020) reported that the variation of the suitable area and porosity of an adsorbent can be
correlated with the separation factor suggesting that higher adsorption capacities can be achieved from
large surface area and pore volume. On the other hand, Weber and Chakravorti (1974) reported that, the
nature of the adsorption process can be indicated by the separation factor to be either linear when
Rwme = 1, irreversible when Ry = 0, unfavourable when Ry > 1, and/or favourable when Ry ranges
between 0 and 1. Based on the work reported by Weber and Chakravorti (1974), the obtained Rm. value
0f 0.9557 is evident that CIP sorption on the model adsorbent was favoured.

Furthermore, single adsorption experimental data was also fitted in three parameter adsorption isotherm
models. AMX experimental data was well fitted in the order of Redlich-Peterson model (R? = 0.9930;
x2 =1.03E-06) ~ Radke-Prausnitz model (R?> = 0.9927; x? = 3.31E-07) > Liu model (R> = 0.9451; x?
= 1.15E-06) > Khan model (R? = 0.9373; 2 = 1.27E-03) > modified Langmuir-Freundlich model (R?
=0.9247; x? = 1.65E-04) ~ Langmuir-Freundlich model (R? = 0.9930; y2 = 1.55E-04) > Toth model
(R?=0.9040; 2 = 0.00134) > Hill model (R?> = 0.7814; y? = 0.06066) > Koble-Corrigan model (R =
0.7773; x? = 8.26E-04) =~ Sips model (R? = 0.7771; y? = 7.79E-04). From the results presented in
Table 4.3Table 4.14, it is apparent that that the Redlich-Peterson isotherm model best fitted the
experimental data for the single sorption of AMX on the model adsorbent. It is worth noting that the
Redlich-Peterson model is characterised as a hybrid model featuring the Freundlich and Langmuir
isotherm models making it to have three parameters. The adsorption isotherm results in terms of the
Redlich-Peterson model suggest that the sorption of AMX on the model adsorbent did not follow an

ideal monolayer adsorption. This is ascribed to the mere fact that the favoured three parameter model
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is a versatile isotherm model which can be applied to heterogeneous and homogeneous systems. It
should be noted that for the two-parameter model, the AMX single sorption experimental data was well
fitted in the Freundlich model, which is one of the isotherm models from which the Redlich-Peterson
model was derived. Moreover, from the results presented in Table 4.3, SMX sorption experimental data
was best fitted by the Redlich-Peterson isotherm model with an R? value of 0.9920 and y? = 4.35E-07.
Hence, the findings become instructive that the sorption of SMX on chitosan-CNT hydrogel beads from

aqueous solutions was analogous to that of AMX.

CIP experimental data was fitted using the three parameter model and the model was well fitted in the
order of Koble-Corrigan model (R? = 0.9747; y? = 1.06E-04) > Redke-Prausnitz model (R? = 0.9629;
x? = 0.00205) > modified Langmuir-Freundlich model (R?> = 0.9611; y? = 3.13E-05) ~ Langmuir-
Freundlich model (R? = 0.9610; y? = 3.15E-05) =~ Liu model (R? = 0.9610; y? = 3.14E-05) > Redlich-
Peterson model (R =0.9526; x? = 0.00134) > Khan model (R>=0.9312; y? = 0.00133) ~ Hill model
(R? =0.9302; x2 = 0.0797). On the basis of the values of R? and y?, it is evident that the CIP single
adsorption experimental data was best fitted in the Koble-Corrigan isotherm model which is a three-
parameter model derived from the combination of the Freundlich and Langmuir isotherm models. The
Koble-Corrigan isotherm gave a relatively high value of R? despite the low value of nkc of 0.7533.
According to Majd et al. (2022), the obtained nkc value of less than a unit suggest that the Koble-
Corrigan isotherm model was unable to specify the CIP experimental data due to a high concentration
coefficient thus compelling the model to become a Freundlich isotherm at high concentration. This is
evident from the relatively high R? value of 0.9529 obtained from the Freundlich isotherm model for

the single sorption of CIP from aqueous solutions.

4.4.5.2. Binary and Ternary Adsorption Isotherms

The study of multicomponent sorption is crucial for optimal wastewater remediation on the basis that
wastewater is associated with numerous organic and inorganic pollutants which may have a significant
effect on the sorption of the targeted pollutant. Herein, the nonlinear extended Langmuir and extended
Sips competitive adsorption isotherms were applied to elucidate the competitive adsorption of AMX,
CIP, and SMX on chitosan-CNT hydrogel beads. Herein, the traditional models for mono-adsorption
systems where modified in order to account for the adsorbates involved and interactions between them
i.e., binary and ternary adsorption as recommended by Martin-Lara et al. (2016). Multicomponent
competitive isotherms that are commonly used can be classified into two groups i.e., 1) competitive
isotherms related only with parameters of single isotherms which are the competitive Langmuir model
(extended Langmuir model), competitive Freundlich model (extended Freundlich model), competitive
Sips model (extended Sips model) etc., and 2) competitive isotherms related with parameters of single

isotherms and correction factors which are the competitive modified Langmuir model, competitive
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modified Freundlich model, etc. (Martin-Lara et al. 2016). The extended Langmuir adsorption isotherm
model is based on the traditional Langmuir isotherm, which assumes that the surface sites are uniform,

and the monolayer adsorption prevails.

Table 4.4 presents adsorption isotherm parameters for both binary and ternary systems, on the other
hand Figure 4.5 a to Figure 4.5f present the adsorption profile of AMX, CIP, and SMX on chitosan-
CNT hydrogel beads. Based on the relatively high values of R? and x? values of less than 0.01, the
experimental data for both the binary and ternary system was best fitted by the competitive extended-
Langmuir and extended-Sips isotherm models. It is worth noting that both isotherms demonstrated
supremacy for different systems i.e., the extended-Sips isotherm model best fitted experimental data for
the sorption of AMX in AMX+CIP; AMX in AMX+SMX; CIP in AMX+CIP and CIP in SMX+CIP. On
the other hand, the extended-Langmuir isotherm model best fitted experimental data for the sorption of
SMX in AMX+SMX and SMX in CIP+SMX. Furthermore, the ternary sorption of AMX in
AMX+CIP+SMX was best fitted by the extended-Langmuir isotherm model (R*> = 0.9847), while the
ternary sorption of CIP in AMX+CIP+SMX and SMX in AMX+CIP+SMX was best fitted by the
extended-Sips isotherm model recording R? values of 0.9942 and 0.8980, respectively.

The efficacy of the competitive extended-Langmuir and extended-Sips isotherm models was cemented
by the insignificant difference between the experimental and calculated maximum adsorption capacities
as depicted in Table 4.4. In a typical multiple adsorption system, the mixture of the model compounds
can exhibit three possible behaviours i.e., antagonism, synergism, and non-interaction (Martin-Lara et
al. 2016). These behaviours were measured by the ratio of the maximum adsorption capacity of one
compound in the presence of another @, ; to the maximum adsorption capacity of the same compound
when it is present alone in solution Qg ;. A ratio of less than 1 indicates that the adsorption process is
suppressed by the presence of the other compound (i.e., antagonism); a ratio of more than 1 indicates
that the adsorption process is promoted by the presence of the other compounds (synergism); and lastly
a ratio of 1 indicates that there is no observable net interaction between the compounds in solution

during their adsorption (Martin-Lara et al. 2016).

When studying Table 4.4, Figure 4.5a and Figure 4.5b, it is apparent that the binary sorption of AMX
in AMX+CIP recorded a higher maximum adsorption capacity as compared to the single, binary (i.e.,
AMX in AMX+SMX), and ternary (i.e., AMX in AMX+CIP+SMX) adsorption systems. The Q,, ; / Qs ;
ratio of 1.31 for the sorption of AMX in AMX+CIP suggest a synergistic effect of CIP on the sorption
of AMX from solution i.e., the sorption of AMX was promoted by the presence of CIP. The observed
behaviour can be ascribed to an increase in the adsorption capacity of AMX in the AMX +CIP system.
On the other hand, from Figure 4.5b there was a slight decrease in the sorption of AMX from
AMX+SMX with an increase in initial concentration when compared to the single sorption system. The

Qm,i/Qs,i of 0.930 suggest that SMX had an antagonistic (i.e., competitive) effect on the sorption of
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AMX. Similarly, from Figure 4.5a to Figure 4.5f when comparing the results of the mono and/or single
adsorption of the model antibiotics to the binary and ternary sorption system, there was a considerable
decrease in the uptake of AMX, CIP and SMX but AMX in AMX+CIP, whereas a significant decline in
AMX, CIP and SMX uptake by chitosan-CNT as a model adsorbent was observed for the ternary
adsorption system recording Q,, ;/Qs; values of 0.319, 0.169 and 0.132, respectively. Both the binary
and ternary findings suggest that the presence of other antibiotics has an antagonistic effect on the
uptake of the targeted antibiotic which can be ascribed to competition of antibiotics for the limited

binding sites over the model adsorbent.
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Table 15.4: Binary and ternary adsorption isotherm parameters

Binary Adsorption Ternary Adsorption
Model Parameter AMX in AMX in CIP in CIP in SMX in SMX in AMX in CIP in SMX in
AMX+CIP  AMX+SMX AMX+CIP CIP+SMX  AMX+SMX CIP+SMX | AMX+CIP+SMX AMX+CIP+SMX AMX+CIP+SMX

Qmax,exp 0.0861 0.0610 0.0633 0.0666 0.0427 0.0454 0.02095 0.01308 0.01224
(mol.kg™")

Extended | Qmax(molkg') | 0.09298 0.0796 0.0668 0.0668 0.0698 0.05902 0.02945 0.01845 0.01754

Langmuir | KgrL 102 367 89172 91 986 77 828 19 795 31926 23 872 28 495 17 00
R? 0.7848 0.9687 0.8975 0.8965 0.9873 0.9809 0.9847 0.9915 0.8798
x? 4.31E-04 7.43E-04 4.90E-04 3.84E-04 1.32E-05 9.56E-06 7.63E-08 2.57E-06 1.55E-06

Extended | Qmax(molkg') | 0.08759 0.07418 0.06705 0.06749 0.0432 0.04620 0.02129 0.01501 0.014

Sips Kes 2.02E08 184 273 28290 2.1E07 1.12E07 946 459 5.9E07 5.1E07 9.7E06
nEs 0.6002 0.9458 0.3645 0.6605 0.665 0.7928 0.5985 0.89 0.6297
R? 0.8323 0.9690 0.9673 0.9427 0.9438 0.9572 0.9654 0.9942 0.8980
x? 1.11E-04 1.701E-05 7.62E-05 1.58E-05 5.32E-06 6.81E-05 2.02E-06 1.79E-06 9.79E-07
Qmi/Qs,i 1.31 0.930 0.818 0.861 0.461 0.491 0.319 0.169 0.132
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mol/
o
o
(8]

0 000002 000004 0.00006 0.00008 0.0001 0.00012 0.00014
C, (moliL)

—+—Single —+—AMX+CIP —=—AMX+SMX —e—Ternary

Figure 4.12b: Single, binary and ternary adsorption profile of AMX.

Page | 101



100

Removal, %
3

40
30 4
20 A
10 4
U e L B S B
0 0.00002 0.00004 0.00006 0.00008 0.0001 0.00012 0.00014 0.00016
C, (moliL)
—+—S8ingle —+*—CIP+AMX —+—CIP+SMX —e—TERNARY
Figure 4.13c: Single, binary, and ternary percentage removal profile of CIP.

0.08 T
007 §

0.06 §

0 0.00002 0.00004 0.00006 0.00008 0.0001 0.00012 0.00014 0.00016
C, (mollL)

—— Single *— CIP+AMX —+—CIP+SMX —e—TERNARY

Figure 4.14d: Single, binary, and ternary adsorption profile of CIP.

Page | 102



100 T

90 - %
80 *i\ -

70 I

Removal, %
(o)
o

40 §

30 §
20 § .\'\1—/'/"\_\'/\‘\’
10 §
0 ; — ; — ; S
0 0.00005 0.0001 0.00015 0.0002
C, (mol/L)
—4a— Single SMX+AMX ——SMX+CIP —e—TERNARY

Figure 4.15¢: Single, binary, and ternary percentage removal profile of SMX.

01 1
0.09 + }

0.08 { P .
b I

0.07 $ I
_\@ 0.06 I
=004 § x :;/f -

0.03 § e

0.02

0.01 §

O F + N N + N N + N N N
0 0.00005 0.0001 0.00015 0.0002
C, (mol/L)
— 4+ single SMX+AMX ¢ SMX+CIP e TERNARY

Figure 4.16f: Single, binary, and ternary adsorption profile of CIP

Similar findings have been reported by Manjunath, Baghel and Kumar (2020) on the sorption of
sulfadiazine, metronidazole and tetracycline on potassium hydroxide activated Prosopis juliflora activated
carbon (KPAC). It was reported that the observed decline in antibiotics uptake on KPAC in multicomponent
adsorption systems can be ascribed to the mere fact that the finite number of adsorption sites present on the

KPAC surface became saturated at higher antibiotic concentrations in a multicomponent system in
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comparison with single adsorption systems. Hence, the findings of the current study are congruent to the

work reported by Manjunath, Baghel and Kumar (2020).

Moreover, the percentage removal of AMX, CIP and SMX for the single, binary and ternary adsorption
systems were statistically analysed using the single factor analysis of variance (ANOVA). In the single
factor ANOVA test, one continuous dependent mean variable (adsorbate percentage removal) is compared
with the mean of one categorical independent variable (initial concentration of adsorbate) with two
hypotheses i.e., 1) null hypothesis: assumes that there is no statistically significant difference that exists
between the means, and 2) alternative hypothesis: assumes that there is a statistical difference between the
means. Herein, the investigated adsorption systems gave p-values of less than 0.05 (see Table 4.5) indicating
that the mean differences between the compared variables were statistically significant. Therefore, the
ANOVA results presented in Table 4.5 suggest that there was a significant variation in the percentage
removal of the model antibiotics with a change in the adsorbate initial concentration. Moreover, the mean
differences were further confirmed at 95% confidence level by the F-values of more than 1 for all adsorption
systems. The relatively high F-values and sum of squares (SS) values statistically confirm that there was a
significant uptake of AMX, CIP and SMX with varying adsorbate initial concentration. The low p-, F- and
SS-values for ternary adsorption systems statistically confirm that there was a relatively low uptake of the
model antibiotics in ternary adsorption systems when compared to single and binary adsorption systems

due to the antagonistic effects caused by the co-existing antibiotics.

Table 4.16: ANOVA results for the percentage removal of AMX, CIP and SMX on chitosan-CNTs.

Compound System SS F-value P-value
AMX in Solution 311259 1572.202 5.59E-19
AMX in AMX+CIP 34944.74 4544.836 4.3E-23
AMX AMX in AMX+SMX 32967.14 865.532 1.13E-16
AMX in AMX+CIP+SMX  5577.78 160.28 2.12E-10
CIP in Solution 38849.79 1625.129 4.23E-19
CIP in CIP+AMX 27124.61 1355.78 2.12E-18
CIpP CIP in CIP+SMX 26920.22 1442.868 1.22E-18
CIP in CIP+AMX+SMX 2655414 109.7327 4.35E-09
SMX in Solution 29271.71 2182.818 3.05E-20
SMX in SMX+AMX 24255.22 1515.349 7.89E-19
SMX SMX in SMX+CIP 22780.16 678.2488 9.68E-16
SMX in SMX+AMX+CIP 1249.841 103.3647 6.92E-09
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4.4.6. Adsorption thermodynamic studies

The thermodynamic equilibrium constant K, is the most imperative parameter in the evaluation of the
thermodynamic parameters as discussed by Tran et al. (2021). As such, attention must be paid in selecting
the relevant adsorption isotherm equilibrium constant as well as in the derivation of the thermodynamic
equilibrium constant. Herein, eleven adsorption isotherm models were considered in the derivation of the
thermodynamic equilibrium constant. The approach that was used in the derivation of K, values is
congruent to the work reported by Tran et al. (2021), where K, was considered to be equal to Ky,qe; for
all adsorption isotherm models in which the units of K,,,,4.; are expressed in L/mol as presented in equation
(30). However, it is worth noting that the equilibrium constants for the modified Langmuir and modified
Langmuir-Freundlich adsorption isotherm models are dimensionless, as such they were considered
tantamount to K, and appropriate to be applied directly in evaluating the thermodynamic parameters as
reported in literature (Zuyi and Taiwei 2000; Zhou and Zhou 2014; Ghosal and Gupta 2017). Moreover, the
equilibrium constants for the Sips, Liu, Hill, Redlich-Peterson, and Koble-Carrigan adsorption isotherm
models were first converted from dimensional to dimensionless constants using equations S1-S5 prior to

being used in the evaluation of the thermodynamic parameters.

4.4.6.1. Thermodynamic parameters

Herein, thermodynamic studies for the solid-liquid adsorption of AMX, CIP and SMX on chitosan-CNT
hydrogel beads were conducted to study the adsorption mechanism of the model antibiotics on chitosan-
CNT. Table 4.6 to Table 4.8 present the thermodynamic properties for the single adsorption of model
antibiotics under different temperature conditions of 283 K, 293 K, and 303 K. The Gibb’s free energy
change parameter was used to determine the spontaneity of the adsorption process of AMX, CIP and SMX
in chitosan-CNT. All three single adsorption systems gave negative results in terms of the Gibb’s free energy
change suggesting that the adsorption of AMX, CIP and SMX on chitosan-CNT is spontaneous. The
negative Gibb’s free energy change results is an indication of the feasibility and spontaneity of the
adsorption of the model antibiotics on chitosan-CNT within a temperature range of 283 K to 303 K.
Moreover, when studying Table 4.6 to Table 4.8, it is apparent that the Gibb’s free energy change decreased
with an increase in temperature for the adsorption of AMX, CIP and SMX on chitosan-CNT. The observed
decrease in the Gibb’s free energy change with temperature increase is an indication that the adsorption
process of the model antibiotics is more favourable with an increase in temperature i.e., from 283 K to 303
K. This can be ascribed to the mere fact that the mobility of adsorbate molecules in solution increases

noticeably with an increase in temperature thus resulting in an increase in the affinity of the model
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antibiotics on chitosan-CNT hydrogel beads. However, it is worth noting that higher temperatures can

compromise the adsorption process efficacy depending on the properties of the adsorbate and adsorbent as

well as the adsorption process mechanism. Liu, Nie and Yu (2021) reported low adsorption efficacy of SMX

on genipin crosslinked carboxyalkyl-chitosan combined with sulfonated graphene oxide at an operating

temperature of 310 K and above. The poor adsorption efficiency was ascribed to the exothermic nature of

the adsorption process thus compromising the adsorption affinity of the model adsorbent for the

sulfonamide antibiotic at temperatures of 310 K and above. Furthermore, an increase in temperature results

in an increase in the solubility of the adsorbate species resulting in stronger interaction forces between the

adsorbate and the solvent than those between the adsorbate and adsorbent compelling the adsorbate to be

more difficult to adsorb.

Table 4.17: Thermodynamic studies for the sorption of AMX on chitosan-CNT.

Model Parameters

Thermodynamic Parameters

o

o

o

Model Temp. (K) K, R? x? AG AH AS
(kJ/mol) (kJ/mol)  (kJ/mol.K)

Langmuir 283 47 424 0.7352 1.4E-03 -25.3

model 293 81336 0.9342 1.2E-04 -27.5 53.2 0.277
303 2.12E05 0.9588 7.0E-06 -30.9

Modified 283 948 0.7306 1.4E-04 -16.1

Langmuir 293 1773 0.9206 1.7E-04 -18.2 52.3 0.242
303 4131 0.9588 6.9E-06 -21.0

Langmuir- 283 54 717 0.9298 2.4E-04 -25.7

Freundlich 293 96 852 0.9169 1.6E-04 -28.0 47.8 0.259
303 209 563 0.9589 2.4E-06 -30.9

Modified 283 1 064 0.9300 2.5E-04 -16.4

Langmuir 293 1780 0.9247 1.3E-04 -18.2 47.8 0.226

Freundlich 303 4079 0.9586 2.52E-06  -20.9

Sips 283 4.41E04 0.9663 7.9E-08 -25.2
293 1.09E05 0.7771 7.8E-04 -28.3 49.5 0.264
303 1.76E05 0.9662 5.4E-05 -30.4

Liu 283 4.83E04 0.9557 2.7E-07 -25.4
293 8.70E04 0.9451 1.2E-06 -27.7 50.2 0.267
303 1.98E05 0.9598 2.7E-05 -30.7

Khan 283 29 303 0.9461 4.7E-04 -24.2
293 37 629 0.9373 1.3E-03 -25.7 64.3 0.311
303 180 867 0.9690 4.4E-05 -30.5

Hill 283 5.55E04 0.8830 8.2E-04 -25.7
293 1.09E05 0.7814 7.7E-04 -28.3 46.8 0.256
303 2.06E05 0.9593 6.0E-06 -30.8

Toth 283 22 221 0.9687 1.4E-04 -23.6
293 36417 0.9040 1.3E-03 -25.6 49.4 0.257
303 89 389 0.8702 4.6E-04 -28.7

Redlich- 283 1.47E24 0.8428 9.1E-04 -131

Peterson 293 3.28E24 0.9927 1.0E-06 -138 -659 -1.84
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Table 4.6: Continues

303 1.09E16 0.9659 1.2E-05 -93.0

Koble- 283 1610 0.9665 6.7E-05 -17.4

Corrigan 293 71 000 0.7773 8.3E-04 -27.2 133 0.537
303 64 600 0.9765 1.2E-07 -27.9

Herein, the enthalpy, AH® parameter was evaluated to determine the nature of the adsorption of AMX, CIP,

and SMX on the model adsorbent which is chitosan-CNT hydrogel beads. The investigated isotherm models

gave positive enthalpy values except for the Redlich-Peterson isotherm model.

Table 4.18: Thermodynamic studies for the sorption of CIP on chitosan-CNT.

Model Parameters

Thermodynamic Parameters

Model Temp. (K) Kg, R? x2 AG’ AH’ AS’
(kJ/mol)  (kJ/mol)  (kJ/molL.K)

Langmuir 283 12 996 0.8889 2.2E-04 -22.3

model 293 1.80E05 0.9559 2.5E-03 -29.5 123.9 0.518
303 411 805 0.9365 1.5E-05 -32.6

Modified 283 207 0.8889 2.2E-04 -12.5

Langmuir 293 3673 0.9682 4.11E-05 -20.0 109.7 0.435
303 4360 0.9421 1.4E-05 -21.1

Langmuir- 283 66 219 0.9769 6.1E-06 -26.1

Freundlich 293 259 713 0.9610 3.15E-05 -30.4 61.5 0.311
303 367 243 0.9417 2.1E-05 -32.3

Modified 283 1052 0.9769 6.1E-06 -16.4

Langmuir 293 4125 0.9611 3.13E-05 -203 53.8 0.249

Freundlich 303 4692 0.9417 2.0E-05 -21.3

Sips 283 65900 0.9769 6.2E-06 -26.1
293 254 000 0.9265 4.05E-04 -30.3 61.5 0.311
303 366 000 0.9417 2.1E-05 -32.3

Liu 283 1.5E-05 0.9769 6.1E-06 -26.1
293 3.85E-06 0.9610 3.14E-05 -30.4 61.5 0.311
303 2.7E-06 0.9415 4.0E-06 -32.3

Khan 283 38 145 0.8818 1.8E-04 -24.8
293 122 201 0.9312 1.3E-03 -28.5 79.6 0.369
303 355221 0.9424 1.5E-05 -32.2

Hill 283 74 100 0.8837 1.08E-03 -26.4 57.5 0.298
293 252 000 0.9302 3.8E-04 -30.3
303 369 000 0.9417 2.2E-05 -32.3

Toth 283 30 774 0.9267 2.3E-04 -24.3
293 965 689 0.8683 6.3E-04 -33.6 85.2 0.393
303 319260 0.9420 1.8E-05 -31.9

Redlich- 283 3.7E09 0.8636 9.1E-05 -253

Peterson 293 8.8E08 0.9529 1.3E-03 -82.9 =277 -8.99
303 6.8E08 0.9159 2.1E-05 -77.2
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Table 4.7: Continues

Koble-
Corrigan

283
293
303

2.7E12
7734
10 799

0.9722
0.9747
0.9403

8.2E-05

1.07E-04

4.0E-07

-25.9
-29.0
-31.1

47.1

0.259

The positive enthalpy values suggest that the adsorption phenomenon of the model antibiotics on chitosan-

CNTs is an endothermic process. The findings of the present study suggest that the model adsorbate species

must displace more than one water molecule during their adsorption on chitosan-CNTs resulting in the

endothermicity of the adsorption process. It is worth noting that the solid-liquid adsorption process is

typically a combination of two processes which are the desorption of the solvent (in many cases water acts

as a solvent) molecules previously adsorbed by the model adsorbent, and the adsorption of the adsorbate

molecule. On the other hand, the negative enthalpy values recorded from the Redlich-Peterson isotherm

model for all adsorbate species suggest that the adsorption phenomenon can be considered as an exothermic

process.

Table 4.19: Thermodynamic studies for the sorption of SMX on chitosan-CNT.

Model Parameters

Thermodynamic Parameters

o

o

o

Model Temp. (K) K, R? x? AG AH AS
(kJ/mol)  (kJ/mol)  (kJ/molL.K)

Langmuir 283 32693 0.6589 1.1E-03 -24.4

model 293 65 464 0.8736 6.4E-04 -27.0 35.8 0.213
303 88 794 0.8726 5.2E-05 -28.7

Modified 283 31.9 0.6911 1.1E-03 -8.81

Langmuir 293 19.1 0.9896 3.2E-05 -7.19 38.1 0.161
303 95.2 0.8777 3.9E-05 -11.5

Langmuir- 283 26 367 0.9419 3.7E-06 -24.0

Freundlich 293 57 142 0.9389 1.0E-04 -26.7 37.7 0.219
303 75 552 0.8991 6.5E-04 -28.3

Modified 283 27.1 0.9490 4.3E-04 -7.76

Langmuir 293 59.8 0.9442 7.2E-04 -9.97 40.0 0.169

Freundlich 303 82.9 0.9000 6.4E-04 -11.1

Sips 283 23200 0.9562 2.1E-04 -23.7
293 48 500 0.9593 8.0E-05 -26.3 43.2 0.237
303 77 800 0.8975 2.3E-04 -28.4

Liu 283 25300 0.9492 4.3E-04 -23.9
293 51 800 0.9511 5.5E04 -26.4 40.6 0.227
303 78 100 0.8978 2.2E-04 -28.4

Khan 283 16 444 0.8950 6.2E-04 -22.8
293 39 570 0.9908 1.8E-05 -25.8 42.0 0.230
303 53202 0.9309 3.3E-04 -27.4

Hill 283 26 100 0.8703 3.9E-04 -23.9
293 55400 0.9455 4.5E-05 -26.6 373 0.217
303 74 000 0.8837 1.0E-03 -28.2
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Table 4.8: Continues

Toth 283 12 307 0.9443 3.2E-05 -22.2
293 25271 0.9755 1.3E-04 -24.7 45.2 0.238
303 43 649 0.9095 2.9E-04 -26.9

Redlich- 283 2.24E37 0.9443 1.1E-04 -202

Peterson 293 1.91E29 0.9920 4.4E-07 -164 -1103 -3.190
303 8.59E23" 0.9497 4.1E-05 -138

Koble- 283 16 900 0.6702 3.1E-06 -22.9

Corrigan 293 52700 0.8045 1.1E-03 -26.5 57.2 0.284
303 83 600 0.8053 1.9E-03 -28.6

In the context of adsorption studies, in an exothermic process, the amount of energy absorbed during bond
breaking is less than the energy released during the formation of bonds between the adsorbate and
adsorbent, thus releasing extra energy in a form of heat. Moreover, according to Saha and Chowdhury
(2011), the magnitude of the enthalpy may give some insight on the type of sorption if one considers the
heat evolved during physical adsorption to be the same order of magnitude as the heat of condensation
typically ranging from 2.1 kJ/mol to 20.9 kJ/mol, while the heat of chemisorption falls in the range of 80
kJ/mol to 200 kJ/mol. Therefore, based on the enthalpy findings presented in Table 4.6 to Table 4.8, the
sorption of AMX, CIP and SMX on chitosan-CNT adsorbent cannot be explicitly classified as chemical or
a physical process, however, the sorption of the model antibiotics can be attributed to a physico-chemical

adsorption process.

For the present study, the entropy parameter was evaluated to determine the affinity of chitosan-CNT
hydrogel beads towards the AMX, CIP and SMX. According to Saha and Chowdhury (2011), positive
entropy values suggest an increase in randomness at the solid-liquid interface with some structural changes
in the adsorbate and the adsorbent. Therefore, the positive entropy values obtained from all investigated
adsorption isotherms, but the Redlich-Peterson adsorption isotherm suggest high affinity of the chitosan-
CNT adsorbent towards the model antibiotics. The positive entropy values for the single adsorption studies
suggest that water molecules as the adsorbed solvent were displaced by the antibiotics molecules, allowing
the water molecules to gain more translational entropy than is lost by the antibiotic molecules allowing for
the prevalence of randomness within the system. On the other hand, the negative entropy values recorded
from the Redlich-Peterson isotherm model suggest that the adsorption process of AMX, CIP, and SMX is
enthalpy driven. Saha and Chowdhury (2011) reported that a negative value of the entropy change is an
indication of a decreased disorder at the solid-liquid interface during the adsorption process resulting in the
adsorbate molecules escaping from the solid phase to the liquid phase, thus compromising the amount of

adsorbate that can be adsorbed.
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4.4.6.2. Activation Parameters

Herein, the thermodynamic activation parameters such as activation of enthalpy AH*, free energy of
activation AG*, and activation entropy AS* were evaluated aimed at getting more insight on the adsorption
mechanism of AMX, CIP and SMX on chitosan-CNT hydrogel beads. The Eyring equation (S6) and (S7)
were employed in calculating the thermodynamic activation parameters, and results are presented in

Table 4.9.

Table 4.20: Thermodynamic activation parameters.

Activation Parameters

Antibiotic T (K) Kz, AG* AH* AS* R?
AMX 283 47 424 883
293 81336 94.4 85.8 0.615 0.8956
303 212 000 -100.6
CIP 283 12996 -81.0
293 180 000 95.5 330 1.45 0.8722
303 411 805 -100.1
SMX 283 32693 -86.9
293 65 464 91.1 31.7 0.419 0.9599
303 88 800 95.3

The free energy of activation for all three systems gave negative results suggesting that the adsorption of
AMX, CIP and SMX on the model adsorbent does not require energy from an external source in order to
initiate the adsorption process. On the other hand, all three systems have positive activation of enthalpy
values suggesting that the adsorption process of the model antibiotics is an endothermic process. The
conclusion drawn from the activation enthalpy values is congruent to the conclusion drawn from the
enthalpy results presented in Table 4.6 to Table 4.8, thus cementing the fact that the sorption process of
AMX, CIP and SMX on chitosan-CNT hydrogel beads is an endothermic process. Moreover, the positive
values of the activation entropy implies that the adsorption process of the model antibiotics on the model
adsorbent involves a dissociative mechanism (Saha and Chowdhury 2011). It is worth noting that adsorption
systems that are characterised with a dissociative mechanism are not favoured under high temperatures as

demonstrated in literature by Liu, Nie and Yu (2021).

4.3. Future Perspectives

Based on the findings presented in the current study, it is evident that chitosan-CNT composites have
demonstrated high removal efficiencies for antibiotics removal from aqueous solution. However, more
work still needs to be done in investigating the effect of competing ions and/or inorganic pollutants on

adsorbent efficiency in the removal of antibiotics. Moreover, the focus on the assessment of resurfacing
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adsorbents on antibiotics removal has been on synthetic wastewater and on pilot scale studies. As such there
is a need for studies in multicomponent adsorption studies using urban wastewater and on techno-
economics assessment to report on the cost implications of upscaling chitosan-based adsorption processes
for the removal of antibiotics and any other emerging contaminants of environmental concerned particularly
when it comes to handling the adsorbent post-treatment. Moreover, herein adsorption isotherms were
conducted at 283 K, 293 K and 303 K. Available literature (Liu, Nie and Yu 2021) suggests that at operating
temperature conditions of 310 K and above, the adsorption of antibiotics on chitosan-based adsorbents is
compromised. As such, more work needs to be done on temperature optimisation for the adsorption of

antibiotics on chitosan-based adsorbents.

4.4. Conclusion

Herein, the single, binary, and ternary adsorption of AMX, CIP and SMX on chitosan-CNT from aqueous
solution was investigated. FTIR adsorbent characterisation results exhibited the potential of chitosan-CNT
as an adsorbent for the removal of antibiotics from solution. Single adsorption studies indicated that the
affinity of chitosan-CNTs on the model antibiotics was in the order of CIP > AMX > SMX while the
nonlinear PFO kinetic model best fitted the experimental adsorption data. Moreover, from the Weber-Morris
equation, it was evident that multiple processes were limiting the overall adsorption rate of AMX, CIP and
SMX on chitosan-CNTs hydrogel beads. The nonlinear Freundlich isotherm model gave a better fit for the
single adsorption experimental data for AMX and SMX suggesting the heterogeneity of the surface as well
as the exponential distribution of the active sites for the model adsorbent. On the other hand, the nonlinear
modified Langmuir isotherm model gave a better fit for the adsorption of CIP on chitosan-CNT suggesting
that the adsorption of CIP on chitosan-CNT adsorbent occurred at identical and equivalent definite localised
sites. From the binary and ternary adsorption studies, the findings of the current study explicitly indicated
that multicomponent adsorption systems exhibit both antagonistic and synergistic effects due to competition
of AMX, CIP and SMX to occupy vacant adsorption sites on chitosan-CNT. Moreover, the findings of the
current study explicitly indicated that the uptake of AMX, CIP and SMX decreased significantly in the
ternary adsorption system as compared to single adsorption. From the thermodynamic study results, it is
evident that the adsorption process of AMX, CIP and SMX on chitosan-CNTs is a physico-chemical
adsorption process. As such, the current study suggests that chitosan-CNT has potential as a green

technology for the removal of antibiotics from solution.
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Supplementary Material

Figures S4.1 — S4.3 present the adsorption kinetics profile of AMX, CIP, and SMX on chitosan-CNT
adsorbent.
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Figure S17.1: Adsorption kinetics for AMX
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Equations S1 — S5 were used to convert the equilibrium constants i.e., Ksips, Kriv, Knin, Krp, and Kxc from
dimensional to dimensionless on the basis that the units of the aforementioned adsorption constants are
dependent on the selection of the units of an adsorption isotherm model. It is worth noting that for
equilibrium constants with their units containing exponent i.e., Ksips and K their unit conversion was
obtained by taking into consideration the relationship between the equilibrium constant and exponent in

each adsorption isotherm model.

Sips isotherm

Ko = Isips K Cadsorbate (SD)
e — Sips X

Yadsorbate
Liu isotherm

[

K = 1 % Cadsorbate (S2)
¢ KLiu Yadsorbate
Hill isotherm
K" — 1 C;dsorbate (83)
¢ Pl Kyin  Yadsorbate
Redlich-Peterson
Koe — nRI;/K_RP % Cadsorbate (S4)
Yadsorbate
Koble-Corrigan
K‘; — nKC\/K_KC x Cadsorbate (SS)
Yadsorbate
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CHAPTER FIVE: EFFECT OF COMPETING IONS

THE EFFECT OF COMPETING IONS ON THE SORPTION OF AMOXICILLIN,
CIPROFLOXACIN, AND SULFAMETHOXAZOLE ON CHITOSAN-CARBON
NANOTUBE HYDROGEL BEADS

5.1. Abstract

This chapter pertains to the synthesis of chitosan-carbon nanotube (CCNT) hydrogel beads using a two-
step process for the uptake of amoxicillin (AMX), ciprofloxacin (CIP) and sulfamethoxazole (SMX) in the
presence of varying concentration of sodium chloride (NaCl) and humic acid (HA) from 0 mg/L to 40 mg/L
as competing ions. From the results obtained it was concluded that the increase in NaCl or HA concentration
demonstrated antagonistic effects in the uptake of AMX, CIP and SMX on the synthesised CCNT hydrogel
beads due to the formation of aggregates with an increase in ionic strength. Moreover, NaCl demonstrated
the least effects on the uptake of the model antibiotics as compared to HA, indicating that NaCl ions exhibit
minimal competitive effects with adsorbate molecules for active adsorption sites on CCNT hydrogel beads.
Similarly, from the single factor analysis of variance results, p-values of less than 0.05 were recorded for
the uptake of AMX, CIP and SMX on CCNT hydrogel beads, explicitly indicating that there was a statistical
difference between the means for the independent and dependent variables, thus cementing the negative
effect of increasing ionic strength on the uptake of model adsorbates. Moreover, the findings of the present
work suggest that there is need for a pretreatment stage aimed at eliminating co-existing contaminants prior
to the application of solid-liquid adsorption for complete eradication of contaminants of emerging concern,

particularly antibiotics.

5.2. Introduction

Recently, there has been a significant increase in the use of antibiotics for human consumption and
agricultural use particularly in poultry farming, animal husbandry, beekeeping, aquaculture as well as
livestock as growth promoters (Manjunath, Baghel and Kumar 2020; Khumalo et al. 2023). The
comprehensive use of antibiotics can be ascribed to their ability to minimise the burden of common
infectious diseases qualifying them to be crucial for medical interventions as elucidated by Manjunath,
Baghel and Kumar (2020). Sadly, there has been a noticeable global increase in the consumption of
antibiotics of 65% between year 2000 and 2015 from 21.1 to 34.8 billion defined daily dose, while the

antibiotic consumption rate increase has been reported to move from 11.3 to 15.7 daily dose per 1000
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inhabitants per day as elucidated by Manjunath, Baghel and Kumar (2020) and Klein ez al. (2018). Due to
the increase in the consumption rate of antibiotics, they have been detected in water bodies at minute

concentrations ranging from ng/L to pg/L (Khumalo et al. 2023).

The occurrence of antibiotics in water receiving bodies is ascribed to human secretion through urine and
faeces, from original compounds, as its metabolites and/or as conjugates glucuronic and sulfuric acid, as
well as the use of animal manure (i.e., mixture of faeces, urine and bedding material) (Tran, Reinhard and
Gin 2018; Ghirardini, Grillini and Verlicchi 2020; Khumalo et al. 2023). It is worth noting that
approximately 50 — 90 percent of antibiotics administered by humans or animals are excreted via urine and
faeces as a mixture of the parent compound as well as in its metabolite form (Tran, Reinhard and Gin 2018),
which are then sent into wastewater treatment plants (WWTPs) as urban wastewater. However, the
occurrence of antibiotics in water receiving bodies is evident enough that the current WWTPs cannot
completely eradicate these emerging contaminants of environmental concern as reported in literature
(Madikizela and Chimuka 2017; Kovalakova et al. 2020). Moreover, antibiotics are characterised as
pseudo-persistent compounds; as such their occurrence in aquatic environment triggers antimicrobial
resistance against pathogens subsequently leading to ecotoxicity. Available literature (Patel et al. 2020)
suggests that, about one-third of children under the age of five years have succumbed to infection with
antibiotic-resistant organisms. Therefore, there is an urgent need for antibiotics removal from water bodies

on the basis that antibiotic resistance is being considered as one of the emerging health challenges.

A number of techniques have been investigated for the removal of antibiotics from wastewater ranging from
advanced oxidation (Wang et al. 2023), membrane technology (Nasrollahi, Vatanpour and Khataee 2022),
biodegradation (Han et al. 2020), as well as solid-liquid adsorption (Manjunath, Baghel and Kumar 2020).
However, hitherto, solid-liquid adsorption has been one of the most preferred technologies for antibiotic
removal from aqueous environments as compared to the other aforementioned technologies. The growing
appetite in the application of solid-liquid adsorption is ascribed to its advantages i.e., cost effective, easy
operation without any sludge nor byproducts generation, reusability as well as online operation (Manjunath,
Baghel and Kumar 2020; Karimi-Maleh et al. 2021). There has been a paradigm shift in the application of
conventional adsorbents derived from non-renewable resources such as polymers since they render the
adsorption process expensive. As such, most researchers within the scientific community are exploring new
avenues in the application of low-cost adsorbents derived from agricultural waste for complete eradication

of emerging contaminants of environmental concern.

The current study focuses on the application of chitosan-based adsorbent for the removal of amoxicillin
(AMX), ciprofloxacin (CIP) and sulfamethoxazole (SMX) from aqueous solutions. Chitosan is

characterised as a natural polysaccharide that can be easily obtained from crustacean (i.e., lobster, crabs,

Page | 123



shrimps as well as insects and fungi) chitin by thermo-chemical deacetylation (Yaqubi et al. 2021). Owing
to its environmentally complacent properties such as being inexpensive, biocompatible, non-toxicity,
hydrophobicity as well as biodegradability, it has cemented its application as a biosorbent in wastewater
treatment processes (Khumalo, Bakare and Rathilal 2024). According to Khumalo, Bakare and Rathilal
(2024), the presence of active amino and hydroxyl functional groups within the chitosan structure allows it
to be an excellent biosorbent with chelating sites for targeted compounds in aqueous environments.
Chitosan can be easily modified to gels, beads and films with enhanced mechanical strength, diffusion
capacity as well as swelling (Yaqubi ef al. 2021). Due to the versatility of chitosan is makes it an excellent

material to develop novel composites with a wide range of functional groups.

Due to the lack of studies focusing on the uptake of antibiotics from solution in the presence of competing
ions, herein chitosan-carbon nanotube (CCNT) hydrogel beads were synthesised via precipitation in an
alkaline solution as discussed by Khumalo, Bakare and Rathilal (2024). The adsorption efficacy of CCNT
hydrogel beads was investigated for the uptake of AMX, CIP and SMX in the presence of sodium chloride
(NaCl) and humic acid (HA) as competing ions.

5.3. Materials and Methods
5.3.1. Materials

All chemicals used in the present study were not subjected to any purification process and were used as
received from respective suppliers. Amoxicillin (=95% anhydrous basis), ciprofloxacin (=98% pure),
sulfamethoxazole (HPLC grade), and multi-walled carbon nanotubes (>98% carbon basis) were supplied
by Lasec laboratories, Durban, South Africa. Chitosan powder from shrimp shells (=75% deacetylation),
sodium hydroxide (NaOH) pellets (=99.5% pure), methanol (CH3;OH) (=99.9% pure), 98% pure sulfuric
acid (H2SOs), HPLC grade NaCl salt and humic acid (Cis7Hi360s0NoS1) salt were supplied by Sigma-
Aldrich, South Africa. Glacial acetic acid (C2H402) (=99.7% pure) was supplied by Shalom Laboratories,
South Africa.

5.3.2. Adsorbent synthesis

CCNT hydrogel beads were synthesized by adopting the procedure as outlined in Chapter Four (Khumalo,
Bakare and Rathilal 2024). Multiwall-CNTs were first modified by soaking a specific amount of CNTs in
a solution of concentrated sulfuric acid (99%) and nitric acid (65%) at a volume ratio of 1:2, respectively
for 24 hours. The acid modification of CNTs was imperative for the attachment of functional groups such

as carboxylic and hydroxyl groups on the CNTs surface. Functionalized CNTs were rinsed with ultra-pure
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deionized water until a filtrate pH of 7 was achieved. Thereafter, 100 g of chitosan powder was dissolved
in 400 mL of 1 %v/v of C;H4O> solution on the basis that chitosan has a relatively high solubility in weak
acidic aqueous environments (Khumalo et al. 2023a). The chitosan-CoHsO, mixture was then vortexed
using a magnetic stirrer bar at 200 rpm for 24 hours at room temperature to allow for complete dissolution
of chitosan due to its low solubility. Thereafter, 5 wt.% with respect to chitosan of functionalized multiwall-
CNTs were added into the chitosan-C,HsO, mixture and vortexed at 200 rpm for 2 hours to obtain a
homogeneous distribution of CNTs in the mixture. CCNT hydrogel beads were synthesized by adding the
viscous CCNT gel dropwise in a solution of 15 wt.% NaOH and 95 %v/v methanol at a volume ratio of 4:1,
respectively, using a 10 mL syringe which precipitated into CCNT hydrogel beads. The CCNT hydrogel
beads were soaked in the NaOH-methanol solution for 24 hours, then rinsed with deionised water until a

pH of 7 was obtained from the filtrate prior to being utilised for adsorption studies.

5.3.3. Adsorption batch studies

The adsorption efficacy of the model adsorbent was investigated by conducting batch adsorption
experiments using 50 mL clear bottles with screw caps. A sample size of 50 mL for a predetermined initial
concentration 40 mg/L of AMX, CIP and SMX at a fixed solution pH of 7 was used. The solution pH was
adjusted using 1.0 M NaOH and 1.0 M H,SOs. A predetermined quantity of 1.5 g/L of CCNT hydrogel
beads was added into respective AMX, CIP and SMX aqueous solutions and in a shaker for 24 hours at a
rate of 150 rpm at 293 K. Samples were then drawn and filtered using a 0.45 pm syringe filter, thereafter,
transferred into a 10 mL sample tube. Filtered samples were centrifuged at 5000 rpm for 10 minutes.
Thereafter, the supernatant solution of the centrifuged sample was analysed for the residual of AMX, CIP
and SMX concentration using a UV-vis spectrophotometer (UV-1900i, Shimadzu, South Africa). The
amount of antibiotics adsorbed on CCNT hydrogel beads and adsorption efficacy were calculated using

equations (5.1) and (5.2) below.

(C-C2) 51)

Qe,i = m |4

i CO - Ce
Adsorption % = [C—] x 100 (5.2)
0

Where q,; is the adsorption capacity at equilibrium of component i measured in mg/g; C, is the initial
adsorbate concentration of component, i measured in mol/L; C, is the concentration of the adsorbate in
solution after adsorption equilibrium measured in mol/L; m is the mass of adsorbent on a dry basis measured

in g; and V is the volume of the adsorbate solution with the initial concentration measured in L.
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5.4. Results and Discussion
5.4.1. Effect of NaCl and HA on the uptake of AMX, CIP and SMX on CCNT hydrogel beads.

Salts are abundant from natural as well as anthropogenic sources. As such the salinity of surface water and
groundwater may vary considerably. NaCl is one of the most detected salts in surface water due to its
application in the manufacturing process of plastics and as a food preservative which subsequently enters
water receiving bodies. On the other hand, human acid (HA) is ubiquitous in aquatic environments highly
concentrated in sediments of terrestrial (Zhao et al. 2019), thus playing a role on the fate of co-existing
organic contaminants through interaction by cation exchange, complexation, and/or hydrogen bonding.
Herein, the influence of varying NaCl and HA concentration (i.e., 0 mg/L to 50 mg/L) on the uptake of
AMX (Figure 5.1), CIP (Figure 5.2) and SMX (Figure 5.3) on CCNT hydrogel beads was investigated at a
fixed adsorbate concentration of 40 mg/L. From the findings of the present work, it can be inferred from
Figure 5.1 to Figure 5.3 that NaCl had a minimal negative effect on the uptake of the model adsorbate as
compared to HA. In the context of NaCl, it is worth noting that the uptake of AMX, CIP and SMX did not
change for a NaCl concentration of less than 15 mg/L. However, the decrease in the uptake of the model
adsorbates (i.e., AMX from 53 mmol/kg to 43 mmol/kg; CIP from 64 mmol/kg to 50.14 mmol/kg; and SMX
from 75 mmol/kg to 52.09 mmol/kg) with increasing NaCl concentration can be attributed to the mere fact
that an increase in ionic strength weakens the electrostatic attraction between the adsorbate and adsorbent
thus compromising the efficacy of the adsorbent. Moreover, the decrease in the uptake of the model
adsorbate with increasing NaCl concentration suggests that they were competitive effects between the

adsorbate and Na* on the adsorbate active sites.
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Figure 5.20: Effect of HA and NaCl on the sorption of AMX on CCNT.
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Figure 5.22: Effect of HA and NaCl on the sorption of SMX on CCNT.

It is worth noting that the results obtained suggest that the adsorption system in the presence of NaCl and
HA exhibit intermolecular aggregation. Generally, intermolecular forces such as van der Waals forces, ion-
dipole and dipole-dipole forces exist between organic molecules in solution (Zhang et al. 2019). These
forces increase upon an increase in salt concentration facilitating the aggregation of organic substances.
However, for the present work it can be inferred from Figure 5.1 to Figure 5.3 that the uptake of AMX, CIP
and SMX on CCNT hydrogel beads is not promoted by the addition of NaCl and HA due to aggregation.

In the context of HA, the significant decrease in the adsorption of the model adsorbates can be attributed to
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the formation of HA aggregates in solution which are adsorbed on CCNT active sites. The adsorption of
large HA aggregates hinders any further adsorption of isolated adsorbate molecules on CCNT hydrogel
beads active sites, subsequently resulting in a significant decrease on the efficacy of the adsorbent.
Moreover, the significant decrease in the uptake of AMX, CIP and SMX with increasing HA concentration
can also be ascribed to cation bridging which is a crucial mechanism that triggers the aggregation of humic
molecules into large colloidal structures as elucidated by Zhang et al. (2019). The findings of the present
study suggest that humic molecule aggregates were adsorbed on CCNT hydrogel beads, initiating charge
neutralization of negatively charged adsorbate molecules subsequently suppressing the adsorption process
through electrostatic attraction. The findings of the present study are congruent to similar studies reported
in literature (Afzal ef al. 2018). However, it is worth noting that, in some cases an increase in ionic strength
can improve the uptake of organic adsorbates on carbonaceous adsorbents due to the effect of salting-out.
An increase in ionic strength can result in a decrease in the solubility of the adsorbate, thus allowing the
dominance of the uptake of model adsorbate by hydrophobic interaction between the adsorbate and

adsorbent (Yu, Deng and Yu 2008).

5.4.2. Analysis of variance

The percentage removal of AMX, CIP and SMX on CCNT hydrogel beads with varying HA
(Figure 5.4) and NaCl (Figure 5.5) concentration were statistically examined using the single factor analysis
of variance (ANOVA). The ANOVA results are presented in Table 5.1. In the ANOVA analysis, a single
continuous dependent variable (i.e., adsorbate percentage removal) was compared with the mean of the
initial concentrations of NaCl and HA as independent variables. Herein, two hypotheses were formulated
i.e., 1) null hypothesis: assuming that there is no statistically significant difference that exist between the
means of the independent and dependent variables, and 2) alternative hypothesis: assuming that there is a
statistical difference between the means. For both model competing ions adsorption systems, the findings
of the current study recorded p-values of less than 0.05 indicating that there was a statistical difference

between the means of the independent and dependent variables rejecting the null hypothesis.
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Table 5.21: Single factor ANOVA results for the percentage removal of AMX, CIP and SMX on CCNT hydrogel

beads
Humic acid (HA) Sodium chloride (NaCl)
Compound SS F-value p-value SS F-value p-value
AMX 5750 26.29 0.000101 10 349 95.32 3.83E-08
CIP 8 334 32.33 3.38E-05 13 454 104.67 2.0E-08
SMX 4476 17.02 0.000792 8342 69360 3.21E-07
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Therefore, the ANOVA results suggest that there was a variation in the uptake of the model adsorbates with
varying HA and/or NaCl concentration. Moreover, the mean differences were further confirmed at 95%
confidence level by the recorded F-values of less than 1 as presented in Table 5.1. Similarly, the uptake of
AMX, CIP and SMX in the presence of NaCl recorded relatively high sum of squares (SS) values when
compared to the uptake of the model antibiotics in the presence of HA. The ANOVA results on the recorded
SS values suggests that the uptake of AMX, CIP and SMX in the presence of NaCl was relatively high
regardless of the increase in concentration as compared to the uptake of the aforementioned adsorbates in
the presence of HA. The relatively low SS values in the presence of HA suggest that HA had significant
antagonistic effects in the uptake of AMX, CIP and SMX with increasing concentration. As such, it can the
inferred from the ANOVA results that there was a statistical decline in the percentage uptake of AMX, CIP

and SMX with an increase in HA or NaCl concentration.

5.5. Conclusion

From the findings of the current work, it can be inferred that the presence of competing ions in the form of
NaCl and HA have antagonistic effects in the uptake of antibiotics on CCNT hydrogel beads from aqueous
solutions. Moreover, it is apparent that the uptake of AMX, CIP and SMX is not facilitated by an increase
in ionic strength particularly in the presence of NaCl and HA due to the formation of aggregates with
increasing NaCl and HA concentration subsequently compromising the efficacy of carbonaceous
adsorbents. Therefore, there is need for a pretreatment stage aimed at eliminating co-existing contaminants
prior to the application of solid-liquid adsorption from complete eradication of contaminants of emerging

concern, particularly antibiotics.
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CHAPTER SIX: ADSORPTION KINETICS, ISOTHERMS AND
THERMODYNAMIC PARAMETERS

SINGLE AND BINARY ADSORPTION OF PERFLUOROOCTANOIC ACID AND
PERFLUOROOCTANE SULFONIC ACID ON CHITOSAN-CARBON NANOTUBES
HYDROGEL BEADS: OPTIMIZATION, KINETICS, ISOTHERMS,
THERMODYNAMIC PARAMETERS AND EFFECT OF COMPETING IONS

6.1. Abstract

The occurrence of perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic acid (PFOS) in water
receiving bodies have posed significant health risks to human and aquatic life. Herein, the adsorption of
PFOA and PFOS on chitosan-carbon nanotube (CCNT) hydrogel beads from aqueous solutions for an
adsorbate concentration range of 1.208E-05 mol.L' to 1.208E-04 mol.L"' for PFOA and
9.997E-06 mol.L! to 9.997E-05 mol.L"! for PFOS was studied. Findings on the adsorption kinetic studies
suggest that experimental data were well fitted by the nonlinear pseudo-first order kinetic model for a
contact time of 48 hours and adsorbent dose of 1.5 g.L! for both PFOA and PFOS. Single adsorption
isotherms data were well fitted by the nonlinear Freundlich isotherm model recording R? values of 0.991
for PFOA and 0.997 for PFOS suggesting that the uptake of PFOA and PFOS on CCNT hydrogel beads
was not restricted to the monolayer adsorption process. On the other hand, binary adsorption isotherm data
were well fitted by the extended-Langmuir isotherm model (R*= 0.996 for PFOA and R*=0.995 for PFOS)
and extended-Sips isotherm model (R*= 0.996 for PFOA and R?=0.997 for PFOS). From binary adsorption
studies, it was inferred that the uptake of one adsorbate (i.e., PFOA or PFOS) in the presence of the other
resulted in antagonistic effects, thus compromising the overall efficacy of the model adsorbent.
Thermodynamic studies explicitly indicated that the uptake of PFOA and PFOS on CCNT hydrogel beads
is an endothermic process and it cannot be explicitly classified as a chemical nor physical adsorption process
but as a physiochemical adsorption process. The presence of sodium chloride as a competing ion gave
synergistic effects in the uptake of PFOA and PFOS from aqueous solutions. It was concluded that the
hydrophobic interaction and electrostatic attraction were the predominant mechanisms in the uptake of

PFOA and PFOS on CCNT hydrogel beads.

6.2. Introduction

Per- or poly-fluoroalkyl substances (PFAS) are a class of anthropogenic emerging persistent organo-

fluorine compounds characterised with a fully or partially fluorinated alkyl chain terminated by a polar acid
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group i.e., carboxylate, sulphonate, or phosphonate (Garg ef al. 2021). PFAS have inimitable properties
which are ascribed to their carbon-fluorine (C-F) bond characterised by strong polarity and strength having
a binding energy of 116 kcal/mol in the fluorinated chain (Elanchezhiyan et al. 2021; Khumalo, Bakare and
Rathilal 2022). The stable C-F bond has cemented the application of PFAS as industrial detergents, in fire-
fighting foams, polymerisation agent, as raw material for the production of water- and grease-repellent
materials for all areas of use, coating agents, non-stick cookware as well as food packaging (Kotthoff et al.
2015; Elanchezhiyan et al. 2021; Khumalo, Bakare and Rathilal 2022). Despite their impeccable industrial
applications, PFAS have been considered as contaminants of global environmental concern due to their
environmental persistence, high bioaccumulation factors ascribed to their strong protein-affinity which has
resulted in PFAS toxicity in humans, flora, and fauna. Due to their stability, PFAS have been detected in
many environmental matrices globally, perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic acid
(PFOS) being the most detected PFAS as reported by Elanchezhiyan ef al. (2021). The occurrence of PFAS
in water bodies and their health hazards due to long term exposure to both PFOA and PFOS have been
discussed in literature (Cui ef al. 2009; Tsuda 2016; Li et al. 2017; Liu, Yin and Faiola 2018; Tarapore and
Ouyang 2021; Khumalo, Bakare and Rathilal 2022; Wee and Aris 2023). Owing to the reproductive toxicity,
neurotoxicity, and immunotoxicity of PFOA and PFOS in human health, developed countries like the
United States of American through its Environmental Protection Agency (EPA), has stipulated a health
advisory concentration of 70 ng/L for the individual and/or combined PFOA and PFOS in drinking water
bodies (Park et al. 2020; Elanchezhiyan et al. 2021; Khumalo, Bakare and Rathilal 2022). According to
Jian et al. (2017) the 3M company, together with the EPA in the United States of America, announced the
phase-out of products containing PFAS with C6 and more, aimed at eliminating long-chain PFAS which
have attributes of being very persistent and bio-accumulative. As such, there is an urgent need to explore
effective and environmentally stable technologies to remove PFOA and PFOS from drinking water bodies

since they have been characterized with a high frequency detection factor.

It is worth noting that several technologies have been reported in literature for the removal of PFAS from
aqueous environments such as advanced oxidation (Cui, Gao and Deng 2020; Parenky ef al. 2020; Yuan et
al. 2020), electroflotation (Hubert et al. 2023; Li et al. 2023), nanofiltration and membrane processes
(Franke ef al. 2019; Xiong et al. 2021; Liu et al. 2022), chemical precipitation (Zhang et al. 2021),
biodegradation (Yi ef al. 2016; Huang and Jaffé¢ 2019; Ruiz-Urigiien et al. 2022) as well as solid-liquid
adsorption processes (Park et al. 2020; Elanchezhiyan et al. 2021). The degradation of PFAS either by
advanced oxidation or biological processes result in the formation of undesirable byproducts such as the
fluorine ion (F°) and shorter chain PFAS compounds that are even more toxic and harder to remove from

an aqueous environment than the parent PFAS (Long et al. 2019). Similarly, the degradation of PFAS by
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advanced oxidation requires a series of chemical reactions activated by the hydroxyl radical and sulfate
radical, which requires high energy usage for the regeneration of these radicals, thus rendering the process
expensive for industrial applications (Gomez-Ruiz ef al. 2018; Long et al. 2019). Membrane processes have
demonstrated to be effective for the removal of PFAS from aqueous solutions, however, this technology is
associated with some drawbacks such as membrane fouling which can be minimised by incorporating with
a nanofiltration or reverse osmosis process thus rendering the process expensive and energy intensive
(Vieira et al. 2020). Conventional biodegradation techniques have demonstrated to be ineffective in
degrading PFAS under ambient conditions (Zhang et al. 2011). However, available literature (Zhang et al.
2011; Yi et al. 2016; Huang and Jaffé 2019; Ruiz-Urigiien et al. 2022) suggests that there has been a
breakthrough in the biodegradation of PFOA and PFOS using novel bacterial strain. These technologies are
still at infant stages for a practical application. On the other hand, solid-liquid adsorption has demonstrated
to be effective in the removal of PFOA and PFOS (Long ef al. 2019). The application of various
conventional adsorbents for the removal of PFAS have been reported in literature such as activated carbon,
carbon nanotubes, polymeric resins, and zeolite (Zhang et al. 2011; Gong et al. 2016). However, the use of
the aforementioned adsorbents has been associated with a number of drawbacks such as not being easily
available which may expose the risk of depleted resources, nonbiodegradability, being expensive, as well
as the potential to form secondary contaminants that may harm the environment (Zakaria et al. 2022).
Therefore, there is an urgent need for the development of low cost and environmentally green adsorbents

for the removal of PFAS.

Recently, there has been a growing appetite for the application of low cost and environmentally friendly
adsorbents such as chitosan-based composites for the removal of PFOA and PFOS from aqueous solutions
(Zhang et al. 2010; Zhang et al. 2011; Long et al. 2019; Elanchezhiyan et al. 2021; Zakaria et al. 2022).
The increase in the application of chitosan-based adsorbents is ascribed to the high content of amino,
acetaminophen, as well as primary and secondary hydroxyl functional groups on the chitosan structure
making it an excellent chelation site for targeted compounds (Elanchezhiyan et al. 2021). Chitosan is
characterised as a polymeric B(1 — 4) glucosamine and N-acetyl-D-glucosamine derived from chitin by
N-deacetylation which is the most abundant biopolymer after cellulose (Elanchezhiyan et al. 2021). Chitin,
which is deacetylated into chitosan, is extracted from crustacean shells, including crab and shrimp shells,
and fungal mycelia, which is beneficial for its various applications in environmental remediation
technologies (Long ef al. 2019). In the context of the present study, one will recall that, for an adsorbent to
be considered economically feasible, the preparation and application of the material ought to require easy
processing steps, consume minimal energy, have abundant sources from nature, and possess byproduct-free

ability. As such, chitosan meets these criteria and it has been acknowledged as a low-cost feedstock to
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develop novel adsorbents as reported by Long et al. (2019). The interest on chitosan-based adsorbents is
also ascribed to its inherent features such as excellent biocompatibility, biodegradability, antibacterial
activity, non-toxicity, ease of modification. It comprises multiple functional groups as reported by Zakaria
et al. (2022) in their latest review on the recent advances in applications of hybrid natural polymers as
adsorbents. It is worth noting that chitosan hydrogels have gained popularity for their application in
wastewater treatment processes. However, the application of pristine chitosan flakes or hydrogel beads is
associated with some drawbacks due to their rigidness because of their slow adsorption kinetic and high
solubility in acidic aqueous solutions (Elanchezhiyan ef al. 2021). These undesirable features of pristine
chitosan can be tackled by incorporating carbonaceous material into chitosan matrix to enhance its insoluble
nature in low-acidic aqueous solutions and increase its adsorption capacity (Elanchezhiyan et al. 2021;

Khumalo et al. 2023).

This chapter presents the findings of the present study on investigating the efficacy of chitosan-carbon
nanotube (CCNT) hydrogel beads as an adsorbent for the removal of PFOA and PFOS from an aqueous
solution. Due to the remarkable features of carbon nanotubes (CNTs) such as high tensile strength, large
surface area, and low density, CNTs potentiate as ideal nanofillers in tackling the undesirable features of
pristine chitosan composites in the context of water treatment. The scope of this chapter entails the study
of adsorption kinetics using the nonlinear pseudo empirical models, study of adsorption isotherms for single
and binary systems aimed at elucidating the synergistic and/or antagonistic effects of the sorption of one
PFAS in the presence of another. Furthermore, this chapter focuses in the evaluation of thermodynamic
adsorption parameters to study the dominant adsorption mechanism, studying the effect of competing ions
on the sorption of the PFOA and PFOS as well as process parametric optimisation using the central

composite design (CCD) in response surface methodology (RSM).

6.3. Materials and Methods

6.3.1. Chemical reagents

Chitosan powder from shrimp shells with a degree of deacetylation of >75%, sodium hydroxide (NaOH)
pellets (=95% anhydrous basis), sodium chloride (NaCl), methanol (CH3OH) (=99.9% pure), 98% pure
sulfuric acid (H2SO4), and glacial acetic acid (C2H402) (=99.7% pure) were supplied by Sigma-Aldrich,
South Africa. PFOA (CgHF;50,), PFOS (CsHF;703S), and multi-wall CNTs (>98% carbon basis) were
supplied by Lasec laboratories, Durban, South Africa. All chemicals were of analytical grade, and were

used without any additional purification. Synthetic solutions were prepared using ultra-pure water.
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6.3.2. Adsorbent preparation

CCNT hydrogel beads used in the present study were synthesised using acid modified multi-wall CNTs as
elucidated in chapters four and five. It is worth noting that the natural chemistry of pristine CNTs is that
they bundle together and become inseparable in solution. On the other hand, the success of CNTs
application in water treatment is strongly dependent on the capability of disbanding them into individual
nanotubes, which makes them homogenous and stable as reported by Sobczak-Kupiec ef al. (2021). As
such, for the present work, CNT modification was done by soaking a specific amount of CNTs in a solution
of concentrated H,SO4 and nitric acid at a volume ratio of 1:2, respectively for 24 hours. The use of an acid
containing oxygen molecules result in the attachment of functional groups such as carboxylic and hydroxyl
groups on the surface of CNTs which are essential in the removal of the model contaminants in aqueous
solutions. Thereafter, the acid functionalised CNTs were rinsed with ultrapure deionised water until a filtrate
pH of 7 was achieved. The filtrate pH was measured using a HANNA HI 9828 pH meter. Moreover, it is
worth noting that the functionalisation of CNTs was necessary to ascertain a more hydrophilic surface as

compared to pristine CNTs.

CCNT hydrogel beads were then synthesised by dissolving 100 g of chitosan in 400 mL of 1 %v/v solution
of glacial acetic acid. Pure chitosan has a low solubility in water which is improved in weak acidic aqueous
environments. Thereafter, the chitosan-glacial acetic acid mixture was vortexed using a magnetic stirrer at
200 rpm for 24 hours at room temperature to allow for complete dissolution of chitosan due to its low
solubility at room temperature, thus prolonged periods of vortexing are necessary. During vortexing, the
chitosan-CNT mixture was covered with an aluminium foil to minimise any evaporation since glacial acetic
acid is relatively volatile. Thereafter, 5 wt.% of the functionalised CNTs with respect to chitosan were added
into the chitosan-glacial acetic acid mixture and vortexed at 200 rpm for 2 hours. This was done to obtain
a homogeneous distribution of CNTSs in the mixture. The viscous CCNT mixture was allowed to degas in a
vacuum desiccator until all air bubbles disappeared (i.e., disappearance of air pockets within the viscous
mixture). CCNT hydrogel beads were synthesised by adding the viscous CCNT mixture dropwise in a
solution of 15 wt.% NaOH and 95 %v/v CH;OH at a volume ratio of 4:1, respectively, using a 10 mL
syringe. The CCNT gel precipitated into CCNT beads and were allowed to soak in the NaOH-CH3;OH
solution for 24 hours. Thereafter, CCNT beads were rinsed with deionised water until a filtrate pH of 7 was
obtained prior to being used for adsorption studies. The Fourier transform infrared spectrophotometry

(FTIR, VERTEX 70) was used to analyse the presence of functional groups.
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6.3.3. Batch studies

Experiments for adsorption kinetics for the sorption of PFOA and PFOS on CCNT hydrogel beads were
conducted at adsorbent and adsorbate loads of 1.5 g/L and 5 mg/L, respectively, at a fixed solution pH of
7. The adsorbent and adsorbate load were determined using the CCD in RSM. Experiments were conducted
using 50 mL clear bottles with screw caps having a sample volume of 50 mL for both PFOA and PFOS.
Sample bottles were placed in a water bath shaker and agitated for 48 hours at a rate of 150 rpm at 293 K.
At a set time interval, samples were drawn and filtered using a 0.45 pm syringe filter and transferred into a
10 mL sample tube. The filtered samples were centrifuged at 5000 rpm for 10 minutes Thereafter, the
supernatant solution of the centrifuged sample was analysed for the residual PFOA and PFOS using a UV-
vis spectrophotometer (UV-1900i, Shimadzu, South Africa) at a wavelength of 365 nm and 360 nm,
respectively. The removal rate of the model contaminants was calculated based on the difference between

the initial and final aqueous concentration using equation (6.1).
Adsorption % = [M] x 100
ption 7 C, (6.1)

Where C, and Cy are the initial and final adsorbate concentrations measured in mg.L™'. Moreover, adsorption
isotherms studies were conducted for a temperature values of 283 K, 293 K and 303 K for an initial
concentration range of 5 mg.L"! to 50 mg.L"! for both PFOA and PFOS at a fixed solution pH of 7 for an
interaction time of 168 hours (7 days). For binary adsorption studies, equal part solutions in terms of the
adsorbate initial concentration were prepared for a concentration range of 1.21E-05 mol.L! to 1.21E-04
mol.L! for PFOA and 9.998E-06 mol.L"! to 9.998E-05 mol.L"! for PFOS in solution. The adsorbent dose
was maintained at 1.5 g.L"!. The amount of PFOA and/or PFOS adsorbed at equilibrium was calculated

using equation (6.2).

_G-C) (6.2)
N m

qe,i

Where q,; is the adsorption capacity of species i at equilibrium measured in mol.kg™; Cy is the initial
adsorbate concentration measured in mol.L!; C, is the concentration of the adsorbate in solution after
adsorption at equilibrium in mol.L"'; m is the mass of adsorbent on a dry basis measured in kg, and V is the

volume of the adsorbate solution with the initial concentration measured in L.
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6.3.4. Adsorption empirical models

6.3.4.1. Adsorption kinetics studies

The nonlinear pseudo-first order (PFO) (6.3), pseudo-second order (PSO) (6.4), and the Weber-Morris (6.5)

empirical models were employed in studying the adsorption kinetics for the present study.

qt = qe,[1 — exp(—k,t)] (6.3)
g = qé, kot

C [kage,t+ 1] (6.4)

qe = kit®>> +C (6.5)

Where q; is the adsorption capacity in mg.g™! at time t; k; and qe, are the PFO rate constant in min”! and
adsorption capacity at equilibrium in mg.g", respectively; k, and q,, are the PSO rate constant in
g.mg . min’!, and the adsorption capacity at equilibrium in mg.g™!, respectively; k; is the intraparticle
diffusion rate constant measured in mg.g'.min'?, and C is a dimensionless constant which gives
information related to the film thickness and relates to the adsorbate concentration on the adsorbent surface.
Adsorption kinetics model validation was conducted by employing the Bayesian Information Criterion
(BIC) (6.6), the residual sum of squares (RSS) (6.7), coefficient of determination (R?) (6.8), the chi square
test (x?) (6.9) and adjusted R? (adj.R?) (6.10).

RSS
BIC =nln (T) + pIn(n) (6.6)
" 2 (6.7
RSS = Z (qiexp - qimodel)
i=1
_ 2 2 6.8
R% — Z? (Qiexp - qiexp) - Z? (qiexp - CIimodel) ©9)
- 2
X (Qiexp - qiexp)
(6.9)

XZ — Z (qe,exp - cIe,model)2

cIe,model
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1-RH»(n-1) (6.10)
B n—p-—1

adj.R*> =1

Where n is the number of experiments; p is the number of parameters in the fitting model; Tipp andq;_ ..
are the experimental values and the theoretical values predicted by the model, respectively; qim is the

average of all experimental values measured.

6.3.4.2. Adsorption isotherms studies

Herein, the adsorption equilibrium is represented by nonlinear isotherms relating the amount of adsorbate
retained on the surface of CCNT as a model adsorbent with the residual concentration of adsorbate (PFOA
and PFOS) in aqueous solution under isothermal conditions (Pauletto et al. 2021). As such, one-parameter
(6.11), two-parameter (6.12 — 6.13), and three-parameter (6.14 — 6.19) nonlinear adsorption isotherm
empirical models were applied in modelling single adsorption experimental data at equilibrium as

recommended by Tran et al. (2021).

Henry model
Gei = KHenry Ce (6.11)

Where Kyjenry is the Henry constant measured in L/kg.
Langmuir model
 QuiKiiCoi (6.12)

Tei =714 Ki,iCe

Where Q,; (mol.kg™") and K, ; (L.mol") are the Langmuir maximum adsorption capacity and the Langmuir

equilibrium constant for compound i, respectively.

Freundlich model

Qi = Ke i€ (6.13)

Where Kp; is the Freundlich constant for compound i measured in [(mol.kg™")/(mol.L")™]; ng is the

dimensionless Freundlich’s constant.
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Langmuir-Freundlich model

_ Qur(KpC)™r (6.14)
Get = T ¥ (KyrCoymar

Where Qpr;, (molkg™"), K;p; (L.mol") and nyp; are the Langmuir-Freundlich maximum adsorption
capacity of adsorbent, equilibrium constant, and dimensionless exponent of the Langmuir-Freundlich

model, respectively.

Sips model

ngsj S,i
— QSipS,iKSips,iCe S (615)

Nsips,i
1+ K.S‘ips,ic i

el

CIe,i

Where Qg;ps; (molkg™') is the Sips adsorption capacity of the model adsorbent; Kg;,s; is the Sips

equilibrium constant measured in (L.mol~1)"sirs; and Ngips 18 the dimensionless exponent of the Sips

model.
Liu model
_ QuaniCor™ (6.16)
Qei = Kzliiiiu + CZfiu

Where Qp;, ; (mol.kg™) is the Liu adsorption capacity of adsorbent; K;;;, (mol.L") is the Liu constant; and

Ny, 1s the dimensionless exponent of the Liu model.

Khan model

_ QKhanKKhan Ce,i (6. 1 7)
- NKhan
(1 + KKhanCe,i) .

qe,i
Where Qxpan (molkg?) is the Khan maximum adsorption capacity of adsorbent; Kgp 4, (L.mol™) and
Nghan are the Khan equilibrium constant and dimensionless exponent of the Khan model.

Hill model

L Ky + €M
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Where Qy;;; (mol.kg™) is the Hill maximum adsorption capacity of adsorbent; Ky;; (mol. L=1)™Hill and
1/Kyin (L. mol~1)™Hil is the Hill model constant, and the Hill equilibrium constant, respectively; and 1y

is the dimensionless exponent of the Hill model.

Toth model

QTothKTothCe (6-19)
TN+ KroenCo)roe

Gei =

Where Qroen (molkg?), Kroen (L.mol') and nyp,en are the maximum adsorption capacity, the Toth

equilibrium constant, and the dimensionless exponent of the Toth model, respectively.

Binary adsorption isotherm studies for the sorption of PFOA and PFOS on CCNT hydrogel beads from
aqueous solutions were conducted by employing the competitive extended Langmuir model (6.20) and

extended Sips model (6.21) as recommended by Reynel-Avila et al. (2016).

0o, = —2puiKeLiCei (6.20)
. 1+ Z?’:l KEL,j Ce,j
1
Qes,iKsiC, |
Gei = — et (621)
n

N ,
1 + Z}:l KES,]Ce’j

Where Qg ; and Qg ; are the theoretical maximum biosorption capacities for the extended-Langmuir model
and extended Sips model, respectively, measured in mol.kg™; Kg; ; (L.mol™") and K, j (L.mol ") are the
competitive Extended-Langmuir constants for components i and j, respectively; C; (mol.L") is the
equilibrium concentration of component j; Kgg; (L.mol")"™ and Kgg ; (L.mol™")"™ are the Sips constants

for component i and j, respectively; n; and n; are the Sips constants for component i and j, respectively

obtained by fitting of experimental data for the binary adsorption system (Reynel-Avila et al. 2016).

6.3.4.3. Thermodynamic studies

According to Zakaria ef al. (2022), in any typical adsorption process, temperature is one of the crucial
parameters that should be optimised using thermodynamic studies for the design of an effective adsorption
process. Thermodynamic studies provide essential information related to the nature of the adsorption

interaction between model contaminants and adsorbent i.e., determining whether the process involves
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exothermic, endothermic, spontaneous or non-spontaneous state (Zakaria et al. 2022; Tran et al. 2023).
Herein, the standard Gibbs free energy change (AG°), standard enthalpy change (AH°) as well as the
standard entropy change (AS°) were determined using equations (6.22) to (6.25) (Tran et al. 2021).

AG® = —RTIn(K,) (6.22)

AG® = AH®° — TAS° (6.23)

o (—AH\1 AS° (6.24)
ke _< R )?Jr R

Ke _ Kmadelco (625)

o =
Yadsorbate

Where R is the universal gas constant [8.3145 J.mol".K'']; T is the absolute temperature (K); K, is the
standard thermodynamic equilibrium constant; K,,,4¢; is the equilibrium constant of the adsorption
isotherm model measured (L.mol"); C° is the standard state of solute equivalent to 1 mol.L'; and
Yadsorbate 1S the activity coefficient of adsorbate in solution (Tran et al. 2023). Equation (6.24) is the linear
form of the van’t Hoff equation obtained by substituting equation (6.22) into equation (6.23), in the linear
form of the van’t Hoff equation, AH® and AS® are the slope and intercept of the plot of aneoq as a function

of 1/T, respectively.

6.3.5. Parametric optimisation studies using RSM

Herein, the effect of solution pH, adsorbate initial concentration, adsorbent dose, and interaction time were
investigated by employing a standard central composite design (CCD) in RSM by adopting the procedure
recommended by Karimifard and Moghaddam (2016) in Design Expert version 11. The CCD within the
framework of RSM is used for fitting a quadratic surface by analysing the interactions between selected
parameters and optimising the conditions with minimum experiments. Furthermore, the CCD allows for
sensitive data for testing the lack of fit without involving a large number of design points which has
cemented its application in process optimisation studies (Karimifard and Moghaddam 2016; Madondo,
Rathilal and Bakare 2022; Khumalo et al. 2023). The codes, ranges, and levels of the investigated
parameters which were considered for PFOA and PFOS removal model optimisation are as depicted in

Table 6.1.
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Table 6.22: Experimental range and levels of independent process variables

Range and level of factors

Factor Units Code Low High
-1 +1
pH - A 4 10
Initial adsorbate concentration mg/L B 5 20
Adsorbent dose g/L C 0.05 1.5
Time h D 2 48

For statistical analysis, the system’s response with respect to the independent variables was approximated

using equation (6.26) within the framework of RSM and all process variables were coded as X; (6.27).

k k k=1 k (6.26)
Y= po +Z.BiXi + Z.Biixiz + Z Z BijXiX; + €
i=1 i=1 i=1 j=it+1
2 = 2o (6.27)
X =
¢ ( AZi )ﬁd

Where, Y is the predicted response, X; and X; are the input variables, B, f;, Bi;, and B;;, are the regression
constants for the intercept, linear coefficient, quadratic coefficient, and coefficient of regression,
respectively; k denotes the number of factors studied and optimized by the experiment and € accounts for
the random error (Khumalo et al. 2023); z; and z, denotes the code and uncoded values of the ith
independent variable, respectively; f; is the major coded limit value in the matrix for each variable, and
Az; is the step-change codification of the value between the low level (-1) and high level (+1). Codification
of independent variables was conducted solely for the purpose of normalising the variables. Independent
variables may have unique units and orders of magnitude. The codification ensures that all independent
variables affect the specified responses evenly. The quality of the fitted model was evaluated by applying
the analysis of variance (ANOVA) which compares the variation due to the change in the combination of
variable levels with the variation due to random errors inherent to the measurements of the generated
responses (Bezerra et al. 2008). Hence, from such comparison it was possible to evaluate the significance

of the regression to predict the output response considering the sources of experimental variance.
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6.4. Results and Discussion

6.4.1. Adsorbent characterization

Herein, the Fourier transform infrared (FTIR) spectra was used to investigate the changes in molecular
vibrations of the functional groups of the model adsorbent before and after adsorption. FTIR analyses were
conducted at a wavenumber range of 500 cm™ to 4000 cm™ and the findings are depicted in Figure 6.1. For
the CCNT adsorbent, the weak absorption peak at 3297 cm™! is attributed to the -OH and -NH, stretching
vibrations of the polysaccharide within the chitosan structure. The band at 3436 cm™ can be assigned to the
-OH functional group resulting from incorporating CNTs. The absorption peaks 1664 cm™ and 1593 ¢cm!
are attributed to the presence of the C=0O and -N-H stretching vibrations, respectively confirming the
existence of the chitin moiety i.e., -NHCOCHj3 in chitosan as a result of using partially deacetylated chitosan
flakes as elucidated by Elanchezhiyan et al. (2021). The peak at 2884 cm™ can be attributed to the -CH
stretching vibration of the chitosan polymer. The peaks at 1028 cm™, 1387 cm’!, and 1431 cm™ can be
assigned to the -C-O-C stretching vibration, -CH group deformation, and -CN stretching vibration,
respectively (Elanchezhiyan and Meenakshi 2018). The peaks at 2919 cm™ and 2848 cm'! are attributed to
asymmetric CH, stretching vibrations of the CNTs, and the peak at 1630 cm™! is assigned to the CNTs
conjugated C=C stretching vibrations. Moreover, the weak peaks at 1226 cm™ and 1573 cm! correspond to
C-O-H bending and C=C alkene stretching vibrations from the CNTs, respectively. The strong peaks at
1035 cm™ are assigned to the C-H in-plane bending on the CNTs surface as discussed by Karimifard and
Moghaddam (2016). The strong peaks of the functional groups on the surface of CCNTs are attributed to
the acid functionalisation of CNTs leading to the release of carbons at the defected sites and end points of
the CNTs. The intensity of the bands specifies the successful addition of the desired functional groups which
enhance the adsorption performance of the model adsorbent. From the FTIR results, it is apparent that there
were changes in the element content as demonstrated by the bands intensity changes, explicitly indicating

that there was an uptake of PFOA and PFOS on CCNT hydrogel beads.
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Figure 6.25: FTIR spectra of CCNTs, CCNTs-PFOA and CCNTs-PFOS

6.4.2. Parametric optimisation using CCD in RSM

6.4.2.1. Development of regression model in RSM

Herein, second order quadratic regression models were built to fit the responses of PFOA (Y1) and PFOS
(Y>) percentage removal by studying the interactions between the dependent variables and independent

variables as described by the coded equations (6.28) and (6.29). respectively.

Y:1=76.27-3.50A - 8.89B + 7.72C + 22.50D — 4.12BC - 6.25BD + 5.25CD — 15.11C* - (6.28)
29.11D?
Y>=281.70—2.78A—9.22B + 7.83C + 22.72D — 4.192BC — 6.06BD + 5.06CD — 6.85A% — (6.29)

8.35C? —29.35D?

Equations (6.28) and (6.29) are useful in identifying the relative impact of terms and their interactions by
comparing their coefficients (Zhan and Zhu 2024). For the coded equations built in RSM, a higher value of
the absolute coefficient suggests a more significant impact. It can be inferred from equations (6.28) and
(6.29) that factor A (pH) had the least absolute values suggesting the least impact it has on the removal of
PFOA and PFOS from solution when compared to the other factors i.e., B (initial adsorbate concentration),
C (adsorbent dose), and D (interaction time). On the other hand, based on the absolute values, it is apparent

that the term D? had the most significant impact on the removal of PFOA and PFOS. The significance of
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the models as well as the interactions between independent variables was further analysed by employing

the analysis of variance (ANOVA) and model fit statistics as presented in Table 6.2 and Table 6.3.

Table 6.23: ANOVA and fit statistics of the PFOA removal predictive model

Source Sum of Squares df Mean Square F-value p-value
Model 25489.58 9 2832.18 85.53 <0.0001 significant
A-pH 220.50 1 220.50 6.66 0.0179
B-PFOA Conc. 1422.22 1 1422.22 42.95 <0.0001
C-CCNT dose 1073.39 1 1073.39 3241 < 0.0001
D-Time 9112.50 1 9112.50 275.18 <0.0001
BC 272.25 1 272.25 8.22 0.0095
BD 625.00 1 625.00 18.87 0.0003
CD 441.00 1 441.00 13.32 0.0016
C? 786.71 1 786.71 23.76 <0.0001
D2 2919.38 1 2919.38 88.16 <0.0001
Residual 662.29 20 33.11
Cor Total 26151.87 29
Fit statistics of the quadratic model
Std. Dev. R? Adjusted R? Predicted R? | Adeq. Precision
5.75 0.9747 0.9633 0.9358 26.6460
Table 6.24: ANOVA and fit statistics of the PFOS removal predictive model
Source Sum of Squares df Mean Square F-value p-value
Model 25626.51 10 2562.65 80.29 <0.0001 | significant
A-pH 138.89 1 138.89 4.35 0.0507
B-PFOS Conc. 1530.89 1 1530.89 47.96 <0.0001
C-CCNT dose 1104.50 1 1104.50 34.60 <0.0001
D-Time 9293.39 1 9293.39 291.16 < 0.0001
BC 280.56 1 280.56 8.79 0.0080
BD 588.06 1 588.06 18.42 0.0004
CD 410.06 1 410.06 12.85 0.0020
A2 133.29 1 133.29 4.18 0.0551
C? 198.03 1 198.03 6.20 0.0222

Page | 147



Table 6.3: Continues

D2 244571 1 244571 76.62 <0.0001

Residual 606.46 19 31.92

Cor Total 26232.97 29

Fit statistics of the quadratic model

Std. Dev. R? Adjusted R? Predicted R? Adeq. Precision
5.65 0.9769 0.9647 0.9258 25.7068

Generally, the significance of any process related parameter can be analysed by applying the sum of squares
value. Within the framework of the ANOVA, higher sum of squares suggests a significant effect of the
corresponding variable in the context of a typical process. It can be inferred from Table 6.2 and Table 6.3
that for the current work, the significance of individual parameters was in the order of interaction time (D)
> adsorbate initial concentration (B) > adsorbent dose (C) > solution pH (A). The findings suggest that for
the sorption of PFOA and PFOS from solution, the contact time had a significant effect on the adsorption
of PFOA and PFOS from solution whilst the solution pH demonstrated a relatively low effect when
compared to the other parameters i.e., B, C and D. The relatively low sum of squares recorded for the
solution pH does not imply that this parameter had an insignificant effect in the uptake of the model
adsorbates. The ANOVA results in terms of the significance of individual parameters are congruent with

the physical meaning of the predictive coded models i.e., equations (6.28) and (6.29) built in RSM.

The significance of the quadratic model was evaluated by its F-value which must be higher than the rest of
the parameters and its p-value which is the probability value, which must be less than 0.05 as recommended
by Alimohammadi ef al. (2017). From Table 6.2 and Table 6.24 6.3, it is apparent that both the PFOA and
PFOS coded predictive models recorded F-values of 85.53 and 80.29, respectively, and p-values of less
than 0.0001. The obtained predictive model F-values for both PFOA and PFOS removal implies that the
models are significant i.e., there is only 0.01% chance that F-values this large could occur due to noise.
Furthermore, the models p-values of less than 0.05 indicate that all model terms are significant. In the case
of PFOA and PFOS predictive models i.e., equations (6.28) and (6.29), respectively, all model terms are
significant with p-values of less than 0.05 except for A and A? having p-values of 0.0507 and 0.0551,
respectively (see Table 6.3). The sightly high p-values suggest that terms A and A? are the least significant
terms in the model i.e., equation (6.29). However, it is worth noting that only model terms with p-values of
greater than 0.100 imply not being significant within the framework of RSM. As such, the model does not

require any reduction when considering model terms with a p-value of 0.100 or less.
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The goodness of fit for the quadratic PFOA and PFOS removal predictive models was evaluated by applying
the model fit statistics within ANOVA as depicted in Table 6.2 and Table 6.3, respectively. The significance
of the models was measured by considering the coefficient of determination, R?, adjusted R?, the adequate
precision, and standard deviation (Std. Dev). In the context of ANOVA, R? is a statistical parameter which
measures the total variation of predicted values to the mean. As such, for a model to exhibit a good
prediction efficacy, the value of R? must be close to 1 (Montgomery 2017). Therefore, the R? values of
0.9747 and 0.9769 for PFOA and PFOS systems, respectively, suggest that the developed predictive models
can satisfactorily predict the removal efficiencies for the model adsorbates from solution at a Std. Dev. of
+5.75% (PFOA) and £5.65% (PFOS). The models’ goodness of fit was further tested by considering the
adjusted R? as a statistical parameter which corrects the R? value for a sample size and the number of terms
in the model (Alimohammadi et al. 2017; Montgomery 2017). It is worth noting that, the value of R?
increases with an increase in the number of terms in the model, regardless of the significance of the term,
whereas values of the adjusted R? do not increase with the number of terms but remains smaller than the
value of R2. From the fit statistics in Table 6.2 and Table 6.3 both the PFOA and PFOS systems reported
high adjusted R? values greater than 0.96 but remained less than the reported R? values, suggesting that the
developed models satisfactorily predict the desired responses with minimal deviation. On the other hand,
the difference of less than 0.2 between the adjusted R? and predicted R? for both systems under investigation
is evident that the predicted R? is in agreement with the adjusted R?. Moreover, from the ANOVA results,
it is apparent that the developed models have an adequate ratio of greater than 4, implying an adequate
signal. The adequate precision measures the signal to noise ratio, therefore, the obtained ratios of greater

than 4 suggest that the developed models can be used to navigate the design space.

6.4.2.2. Model validation

Herein, the developed quadratic models were validated by considering the plots of model predicted PFOA
or PFOS percentage removal versus the actual PFOA or PFOS percentage removal as indicated in
Figure 6.2 and by conducting a diagnostic test in terms of the plot of externally studentized results versus
experimental runs (see Figure 6.3). According to Montgomery (2017) and Khumalo et al. (2023), a good
prediction can be exhibited from the plot of the responses of the predicted versus actual values which must
be randomly scattered not far from the 45° line (Figure 6.26). Data points that are randomly scattered above
or below the 45° line indicate areas of over or under prediction, respectively. For the present study, it can
be inferred from Figure 6.2 that data points for both the PFOA and PFOS systems are randomly distributed
closer to the 45° line implying a significant correlation between the independent variables (i.e., solution

pH, PFOA and PFOS initial concentration, CCNT dose, and interaction time) and responses (i.e., PFOA
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and PFOS percentage removals). The observed trend in Figure 6.2 is ascribed to the relatively high predicted
R? values of 0.9358 for PFOA and 0.9258 for PFOS implying a good fit for the developed models. As such,
the models demonstrate insignificant errors within the bounds of the operating parameters.
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Figure 6.26: Model predicted versus actual PFOA (a) and PFOS (b) removal efficiency.
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Figure 6.27: Externally studentized residuals versus run number for PFOA (a) and PFOS (b) adsorption system.
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The diagnostic plots in terms of the externally studentized residuals versus experimental runs for the
adsorption systems of PFOA and PFOS as depicted in Figure 6.3 were applied to check for lurking variables
that may have influenced the responses during the experiment. From a statistic point of view, a model will
exhibit a good prediction efficiency if the plot of externally studentized residuals versus experimental runs
is randomly scattered without demonstrating a specific trend, which is the case for the present study
(Figure 6.3). On the other hand, a trend implies a time-related variable lurking in the background.
Studentized residuals allow comparison of differences between the observed values and predicted target
values in a typical regression model across different predictor values. In other words, an externally
studentized residual greater than 4 in the context of the investigation is called an “outlier”. An “outlier” or
observation with a high leverage exerts influence on the fitted model, biasing the model outputs. Therefore,
the developed quadratic models for the sorption of PFOA and PFOS on CCNT hydrogel beads no outliers
were observed i.e., all externally studentized residuals were within the residual limit suggesting the
responses in terms of PFOA and PFOS percentage removal did not require any transformation

(Montgomery 2017).

6.4.2.3. Evaluation of single factor effect on PFOA and PFOS removal

Herein, the effect of single factors i.e., pH, adsorbate concentration, CCNT dose, and interaction time on
the responses of PFOA and PFOS removal efficiencies were analysed using the XY plots (see Figure 6.4
and Figure 6.5) based on the predictive models developed in RSM.

Effect of solution pH

In any typical adsorption process, the solution pH plays a crucial role because it affects the degree of
ionization of model adsorbates (Elanchezhiyan et al. 2021). Moreover, a change in solution pH can also
have an effect on the surface charge of the model adsorbent. The influence of solution pH on the sorption
of PFOA and PFOS on CCNT was investigated for a pH range of 4 to 10 and the results are presented in
Figure 6.4. From Figure 6.4, it can be inferred that an increase in pH from 4 to 10 resulted in a decrease in
the percentage removal of PFOA and PFOS implying the dependence of the adsorption process on pH.
Highest percentage removals of greater than 80% for both PFOA and PFOS were recorded for a solution
pH of 4, suggesting that the adsorbent (i.e., CCNT hydrogel beads) functional groups were protonated under
an acidic environment enabling CCNT hydrogel beads to effectively absorb the anionic PFOA and PFOS
by strong electrostatic attraction. The acid dissociation constants (pKa) of PFOA and PFOS are reported to
be 2.8 and -3.27, respectively (Wang and Shih 2011) which is lower than the pH range of 4 — 10 adopted in
the present study allowing PFOA and PFOS to exist in deprotonated forms. On the other hand, the point of
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zero charge (pHpz.) for CCNT was found to be 8.5 suggesting that the surface of CCNT is positively charged
at a solution pH less than the pHpzc. As such, the observed gradual decrease in PFOA and PFOS removal
efficiency with an increase in pH can be ascribed to the reduction in the number of positive sites on the
CCNT surface, thus compromising the uptake of PFOA and PFOS by electrostatic interaction. Moreover,
CCNT is characterised with different functional groups such as carboxyl, amino, and hydroxyl which easily
form a network with the anionic form of PFOA and PFOS via electrostatic interaction under acidic
conditions (Elanchezhiyan e al. 2021). The findings of the current study are congruent to the work reported
by Wang and Shih (2011) on the sorption of PFAS on alumina and Elanchezhiyan et al. (2021) on the
sorption of PFAS on reduced graphene oxide modified zinc ferrite immobilised chitosan beads. Therefore,
the observed trend may suggest the existence of a specific chemical interaction between sulfonate and the
CCNT surface on the basis that both PFOA and PFOS were presumably subject to the same electrostatic

influence.

However, it is worth noting that the decrease in PFOA and PFOS removal with increasing pH was not
significant i.e., a removal efficiency of less than 10% was observed over a pH variation of 4 to 10. The
observed trend suggests that the sorption of PFOA and PFOS on CCNT is not solely dependent on the
electrostatic interaction forces but also on other sorption mechanisms such as pore-filling and hydrophobic

interaction as reported in literature (Zhi and Liu 2015).

(a) , (b)

PFOA Removal (%)
PFROS Removal (%)

A pH

Figure 6.28: XY plots for the effect of pH on PFOA (a) and PFOS (b) percentage removal
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Adsorbate initial concentration

The findings of the present study on the effect of initial adsorbate concentration on the percentage removal
of PFOA and PFOS are presented in Figure 6.5. It is apparent that an increase in initial adsorbate
concentration resulted in a gradual decrease on the percentage removal of PFOA and PFOS. The observed
trend can be ascribed to the mere fact that at higher concentrations, the number of adsorbate molecules ratio
to the available adsorption sites is relatively high subsequently compromising the removal efficiency. As
such, the highest removal efficiencies for both PFOA and PFOS were recorded for an adsorbate initial
concentration of 5 mg.L"! due to the large number of available adsorption sites compared to the adsorbate
molecules to be adsorbed on the adsorbate surface. Moreover, it is apparent that the model adsorbent
demonstrated higher affinity for PFOS as compared to PFOA which is ascribed to the more hydrophobic
nature of PFOS as compared to PFOA suggesting that the uptake of PFOS on CCNT hydrogel beads is
through hydrophobic interactions and electrostatic attraction (Zhang et al. 2011).
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Figure 6.29: XY plots for the effect of adsorbate initial concentration on PFOA (a) and PFOS (b) percentage
removal

Adsorbent dose
From Figure 6.6 it can be inferred that the percentage removal of PFOA and PFOS increased with an
increase in CCNT hydrogel beads dose over a range of 0.05 g.L! to 1.5 g.L"!. The observed trend can be

ascribed to the mere fact that increasing the adsorbent dosage results in an increase in the adsorption surface
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area, subsequently augmenting the number of adsorption active sites available for the adsorption of the
model adsorbates. It can be inferred from Figure 6.6 that the highest PFOA and PFOS percentage removal
was achieved for a CCNT dose of 1.5 g.L! for both PFOA and PFOS. However, it is worth noting that an
increase on adsorbent dose above 0.775 g.L! did not record a rapid percentage uptake of PFOA and PFOS
on CCNT at a fixed adsorbate concentration. The plateau on PFOA and PFOS removal in relation to the
CCNT dose variation above 0.775 g.L'! is evident that beyond an adsorbent dose of 0.775 g.L'!, PFOA
removal was not significantly affected any further. However, the uptake of PFOS improved by 10% when
the adsorbent dose was increased from 0.775 g.L! to 1.5 g.L'!. The findings of the current study suggests
that high percentage removals of PFOA and PFOS can be achieved at an adsorbent dose of 1.5 g.L!.
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Figure 6.30: XY plots for the effect of adsorbent dose on PFOA (a) and PFOS (b) percentage removal

Contact time

The effect of contact time on the percentage removal of PFOA and PFOS from solution was investigated at
a range of 2 - 48 hours as depicted in Figure 6.7. From the findings of the present study, it is apparent that
the removal efficiency of PFOA and PFOS increased with an increase in contact time. As such, the observed
trend can be ascribed to the fact that in a typical solid-liquid adsorption process, the rate of adsorption
increases with an increase in contact time due to the availability of free adsorption sites on the surface of
the model adsorbent. It was anticipated that, after a definite period, the adsorption rate decreases due to the
unavailability of active sites on the adsorbent surface. Therefore, the findings of the current study on the
effect of contact time suggest that for the investigated system, a large composition of CCNT active sites

were occupied by PFOA and PFOS at a contact time of 25 hours. A decline in the percentage removal rate
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of PFOA and PFOS was observed after 25 hours which is evident from the relatively low percentage

removal rate between a contact time of 25 hours and 48 hours of contact time as depicted in Figure 6.7.
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Figure 6.31: XY plots for the effect of contact time on PFOA (a) and PFOS (b) percentage removal.

6.4.2.4. Evaluating the effect of interactive factors on PFOA and PFOS removal

The interaction effect of independent variables i.e., contact time, CCNT dose. and adsorbate concentration
on the removal of PFOA and PFOS was evaluated using 3D response surface plots in RSM as depicted in
Figure 6.8. The fundings of the present study on the interaction effects between contact time and adsorbent
dose on the removal of PFOA and PFOS are presented in Figure 6.8a and Figure 6.8b, respectively, for a
contact time range of 2 — 48 hours and CCNT dose of 0.05 — 1.5 g/L. The findings of the current study
suggest a strong correlation between the initial adsorbate concentration (i.e., PFOA and PFOS) and
adsorbent dose, such that an increase in CCNT dose and contact time result in an increase in PFOA and
PFOS removal. Highest PFOA and PFOS removals were recorded for a CCNT dose of 1.5 g/L at a contact
time of 48 hours. Similarly, with the 3D surface plots there was a minimal improvement on the uptake of
PFOA and PFOS post a contact time of 25 hours. This is evident from Figure 6.8a and Figure 6.8b in which
the 3D plots formed almost a plateau beyond a contact time of 25 hours indicating a slow uptake rate of
PFOA and PFOS. Furthermore, it can be inferred from the curved edges of the 3D surface plots that an
increase in contact time and adsorbent dose results in an increase in the percentage removal of PFOA and
PFOS, confirming significant interaction effects between contact time and adsorbent dose in the percentage

uptake of the model adsorbates.
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Figure 6.32: 3D surface plots for the interactions between time and CCNT dosage (a) and (b), CCNT dose and
adsorbate concentration (c) and (d), and time and adsorbate concentration (e) and (f) on PFOA and PFOS removal.
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Figure 6.8c and Figure 6.8d present the interactive effect between CCNT dosage and initial adsorbate
concentration on the percentage removal of PFOA and PFOS. From the ANOVA results presented in
Table 6.2 and Table 6.3, the interaction between CCNT and the adsorbate concentration recorded p-values
0f 0.0095 and 0.0080 for PFOA and PFOS, respectively which was less significant than the effect between
time and CCNT as well as time and initial adsorbate concentration. This is evident from the 3D plots in
Figure 6.8¢ and Figure 6.8d. An increase in PFOA and/or PFOS initial concentration from 5 mg.L™"! to 20
mg.L! with an increase in CCNT dosage did not have a significant effect on the percentage removal of
PFOA or PFOS which is indicated by the flat surface of the 3D plots as indicated in Figure 6.8c and
Figure 6.8d. On the other hand, there was a gradual increase in PFOA and PFOS removal with an increase

in CCNT dose from 0.05 g.L"' to 1.5 g.L"! for a fixed adsorbate concentration of 5 mg.L!.

Similarly, it is apparent from Figure 6.8¢ and Figure 6.8f, for an adsorbate concentration of 5 mg.L"!, there
was a significant uptake in PFOA and PFOS with an increase in contact time up to 25 hours. Post
25 hours of contact time, no significant uptake on PFOA and/or PFOS was observed as indicated by the
plateau. The observed trend from the 3D plots on the interaction between contact time and initial adsorbate
concentration can be cemented by the recorded p-values of 0.0003 (PFOA) and 0.0004 (PFOS) indicating
a significant effect of the interaction between contact time and adsorbate concentration for the uptake of
PFOA and PFOS on CCNT hydrogel beads. Therefore, it can be inferred from Figure 6.8 and the ANOVA
results in Table 6.2 and Table 6.3 that the interactions between contact time and CCNT dosage, adsorbate
initial concentration and CCNT dosage as well as contact time and adsorbate initial concentration had a

significant effect on the uptake of PFOA and PFOS by CCNT from solution.

6.4.2.5. Optimisation of PFOA and PFOS adsorption on CCNT hydrogel beads

Optimisation studies for the uptake of PFOA and PFOS on CCNT hydrogel beads were conducted to
ascertain optimal conditions for maximum removal of PFOA and PFOS. Herein, the developed quadratic
models (i.e., (28) and (29)) in RSM were used to determine the optimal levels of each factor (i.e., pH,
adsorbate initial concentration, CCNT dose and contact time) for the maximum uptake of PFOA and PFOS
as depicted in Figure 6.9. RSM gave 100 conditional solutions with 100% desirability at 95% confidence
level. Herein, the desirability function in RSM was applied on the basis that the quality of the responses of
the adsorption process having four input variables is completely unacceptable if one of the variables is
outside of the desirable limit. As such, by employing the desirability function, it allows to find operating
conditions that ensure compliance with the criteria of all the involved responses at the same time providing
the best value of compromise in the desirable joint response as elucidated by Candioti et al. (2014). For the

sorption of PFOA and PFOS on CCNT hydrogel beads, the desirability was achieved by converting the
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multiple responses into a single one, combining the individual responses into a composite function followed

by its optimisation within the framework of RSM (Candioti et al. 2014).
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Figure 6.33: Desirability ramp plots and bar plots for the maximum removal of PFOA and PFOS.

In RSM, an individual desirability function for each response was created using the fitted response models
thus establishing the optimisation criteria. It is worth noting that the desirability function opts for the values
between 0 (undesirable response) and 1 (completely desirable response). Desirability intermediate values

may indicate more or less desirable responses. The final optimum levels for the input factors to achieve
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maximum PFOA and PFOS were generated as depicted in the ramp plots Figure 6.9a and Figure 6.9b.
Moreover, the desirability plots (Figure 6.9¢ and Figure 6.9d) suggest that all input factors as well as the
responses in terms of PFOA and PFOS uptake had a full desirability of 1, resulting in perfect combined
desirability of 1.

6.4.3. Adsorption kinetic studies

6.4.3.1. Single adsorption kinetic studies

Herein, the single adsorption of pseudo-first order (PFO) and pseudo-second order (PSO) kinetic models
were employed in studying the mechanism interaction of PFOA and PFOS on CCNT hydrogel beads as an
adsorbent. The competing PFO and PSO kinetic models were subjected to statistical analysis to determine
the kinetic model that best fitted the experimental data. The models and statistical parameters are presented
in Table 6.4. From Table 6.4, Figure 6.10 and Figure 6.11. It can be inferred that for both the PFO and PSO
nonlinear kinetic models, no significant difference was observed between the experimental and calculated
PFOA and PFOS uptake at equilibrium (q.) affirming that the kinetic models well fitted the experimental
data. However, the nonlinear PFO kinetic model gave higher R? values of 0.986 and 0.982 for the uptake
of PFOA and PFOS on CCNT hydrogel beads, respectively, when compared to the PSO kinetic model
which gave R? values of less than 0.9 for both systems (i.e., PFOA and PFOS). Similarly, the difference of
less than 0.2 between the R? values and adj. R? values for the PFO and PSO kinetic models suggest a
reasonable agreement between the models’ parameters. Therefore, the high R? and adj.R? values suggest
that the nonlinear PFO kinetic model best fitted the experimental data for the sorption of PFOA and PFOS
on CCNT.

Table 6.25: PFO and PSO kinetic models’ parameters for PFOA and PFOS sorption on CCNT.

PFAS Pseudo-first order model Pseudo-second-order model
Parameter Value Parameter Value
Qeexp (Mg.g™") 2.66 Qeexp (Mg 2.66
Qe (mg.g™) 2.74 qe2 (mg.g™") 2.81
ki (hh 0.079 kz (gmg'.h™) 0.062
PFOA R? 0.986 R? 0.893
Adj. R? 0.985 Adj. R? 0.883
x2 6.53E-04 x2 5.89E-03
BIC -113 BIC -62
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Table 6.4: Continues

Qeexp (Mg.g!) 2.79 ge.exp (mg.g™) 2.79
Qe1 (mg.g™") 2.81 ge2 (mg.g™) 2.82
ki (hh) 0.085 k, (mg.g™h) 0.066
PFOS R? 0.982 R? 0.894
Adj. R? 0.981 Adj. R 0.884
¥? 8.79E-03 x2 0.064
BIC -107 BIC -62
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Figure 6.34: PFOA adsorption kinetics profile
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Figure 6.35: PFOS adsorption kinetics profile
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Moreover, the chi-squared test and BIC were employed for model validation between the competing PFO
and PSO kinetic models. In the chi-squared test, the squares of the differences between the experimental
data and calculated data using the models are divided by the corresponding data obtained and then summed.
Therefore, if the data obtained using a model are similar to the experimental data, the chi-squared value
(x?) is close to zero. On the other hand, high y? values suggest high biasness between the experiment and
the model. From Table 6.4, it is apparent that the PFO kinetic model recorded lower y? values (i.e., 6.53E-
04 and 8.79E-03 for PFOA and PFOS, respectively) when compared to the PSO (i.e., 5.89E-03 and 0.064
for PFOA and PFOS, respectively) affirming that the PFO kinetic model best fitted the experimental data.
Moreover, the difference of the BIC value for PFO and BIC value for PSO (i.e., ABIC) was employed in
evaluating the best model fit as recommended by Raftery (1995). The guidelines outlined by Raftery (1995)
for competing models, indicates that ABIC range of 1 < ABIC < 3 suggest an insignificant difference
between the competing models, a range of 3 < ABIC < 10 suggest positive evidence that the model with a
lower BIC is suitable, a range of 10 < ABIC < 100 suggest a strong evidence that the model with a lower
BIC value is suitable, and when ABIC is greater than 100 it is decisive that the model with a lower BIC is
suitable. For the present study ABIC values of 51 and 44 were obtained for the sorption of PFOA and PFOS,
respectively, suggesting that the adsorption studies experimental data was best fitted by the nonlinear PFO

kinetic model.

The findings of the present study suggest that the uptake of PFOA and PFOS on CCNT hydrogel beads
from aqueous solutions is governed by the diffusion process as the rate-limiting step. Therefore, the uptake
mechanism of the model contaminants does not depend on the concentration of both reactants (i.e., PFOA
or PFOS and water) but only on the concentration of the model adsorbate, hence the PFO is considered to
be controlled by physisorption (Agbovi and Wilson 2021). Herein, the Weber-Moris empirical model was
applied in ascertaining the rate controlling mechanism for the uptake of PFOA and PFOS on CCNT
hydrogel beads. In a typical adsorption process, if the plot of q; as a function of t° yields a straight line,
intraparticle diffusion is involved during the adsorption process (Weber Jr and Morris 1963). For the present
study, the plot of the Weber-Moris empirical model (Figure 6.12) did not yield a straight line, suggesting
that the uptake of PFOA and PFOS is a complex process, and that other mechanisms along with intraparticle
diffusion control the process steps. During the external mass transfer phase, the constant C of the Weber-
Moris model is approximately zero indicating the insignificant effects of the boundary layer diffusion on
the uptake of PFOA or PFOS. However, PFOA and PFOS were adsorbed on the surface of CCNT hydrogel
beads. The intraparticle phase suggests that PFOA and PFOS were diffused into the model adsorbent, and
lastly, the equilibrium state indicates that PFOA and PFOS were adsorbed in the active sites of the CCNT
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hydrogel beads. Therefore, it can be inferred from Figure 6.12 that the last two zones were the rate limiting

steps for the sorption of PFOA and PFOS on CCNT hydrogel beads.
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Figure 6.36: Weber-Morris kinetic model curves for PFOA and PFOS sorption of CCNT

However, it is worth noting that adsorption mechanisms cannot be directly assigned based on observing
kinetic experimental data or by fitting kinetic models such as the PFO and PSO. It is necessary to confirm
adsorption mechanisms by means of several analytical techniques (i.e., FTIR, scanning electron
microscopy, thermogravimetric analyser, nitrogen adsorption-desorption isotherms, Raman spectroscopy
and X-Ray diffraction analysis) together with adsorptive thermodynamic data (i.e., changes in enthalpy
and entropy) as well as activation- and adsorption-energies as elucidated by Tran et al. (2017) in their recent

review “mistake and inconsistencies regarding adsorption of contaminants from aqueous solutions”.

6.4.4. Adsorption isotherm studies

6.4.4.1. Single adsorption

Herein, adsorption isotherm studies were conducted for a temperature variation of 283 K, 293 K and
303 K aimed at gaining some insight on the equilibrium performance of the adsorbent (i.e., CCNT hydrogel
beads) on the uptake of PFOA and PFOS at constant temperature. Generally, predictions of the overall
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adsorption behaviour can be done by modelling the isotherms data by linear analysis as a mathematical
approach. However, recently done studies (Al-Ghouti and Da'ana 2020) on the guidelines for the use and
interpretation of adsorption isotherm models have indicated that discrepancies between the experimental
data and predictions could be caused by linear analysis of the isotherm data. As such, for the current study,
experimental data were fitted in nonlinear adsorption isotherm empirical models i.e., Henry isotherm model
(6.11), Langmuir isotherm model (6.12), Freundlich isotherm model (6.13), Langmuir-Freundlich isotherm
model (6.14), Sips isotherm model (6.15), Liu (6.16), Khan isotherm model (6.17), Hill isotherm model
(6.18) and Toth isotherm model (6.19). All model parameters are presented in Table 6.5. Herein, sensitivity
analysis was conducted in assuring that isotherm model parameter values were optimised. Sensitivity
analysis was performed by 1) initialising each model parameter with the minimum possible value of the
objective function i.e., sum of squared error (SSE); 2) the nonlinear regression analysis was then applied
aimed at finding the optimal solution that minimise the objective function; 3) the perturbation concept was
then applied whereby one parameter was modified at a time while keeping other parameters constant; 4)
where necessary re-estimation of the objective function was performed for each perturbation, and the global
minimum was obtained when the perturbation for all model parameters was 0%. On the other hand, if the
model parameter does not yield a global minimum at the 0% perturbation, that will suggest a poor non-
linear regression analysis based estimation of the values of the model parameters as discussed by Al-Ghouti
and Da'ana (2020) and Mukhtar et al. (2020). Furthermore, model evaluation was accomplished by applying

the coefficient of determination (R?), adjusted coefficient of determination (adj. R?) and the chi-square test

(x?).

From the isotherm tests presented in Table 6.5, it is evident that all adsorption isotherm models gave
relatively high R? values for the single adsorption of PFOA and PFOS on CCNT hydrogel beads. PFOA
experimental data was better fitted in the order of Khan =~ Liu = Freundlich > Toth > Langmuir-Freundlich
> Sips = Hill > Langmuir > 0.836. On the other hand, the experimental data for the uptake of PFOS was
better fitted in the order of Khan = Freundlich > Toth > Langmuir-Freundlich = Sips = Hill = Liu >
Langmuir > Henry. For both the uptake of PFOA and PFOS, the Freundlich adsorption isotherm recorded
relatively high R? and adj. R? values (i.e., R* = 0.991 for PFOA; R? = 0.997 for PFOS; adj. R? = 0.998 for
PFOA and adj. R? = 0.996 for PFOS), cementing that experimental data were better fitted by the Freundlich
adsorption isotherm model. Moreover, there was an insignificant difference between the experimental and
predicted adsorption capacities for both the uptake of PFOA and PFOS on CCNT hydrogel beads suggesting

that the isotherm data was well fitted in all investigated isotherm models.

The supremacy of the Freundlich isotherm model suggests that the uptake of PFOA and PFOS on CCNTs

was not restricted to the monolayer adsorption process. As such the adsorption heat and affinities were not
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uniformly distributed on the heterogeneous surface of CCNTs as a model adsorbent (Al-Ghouti and Da'ana
2020). Moreover, the supremacy of the Freundlich adsorption isotherm model defines the heterogeneity of
the CCNT hydrogel beads surface as well as the exponential distribution of the active sites together with
the energy of the active sites. It is worth noting that the Freundlich adsorption isotherm model demonstrates
that at varying adsorbate concentrations, the ratio of the adsorbate onto the certain adsorbent mass to the
solute is not constant. As such, during the uptake of PFOA and PFOS from solution on CCNT hydrogel
beads, the stronger binding sites were occupied by both PFOA and PFOS. Thereafter, an exponential decline
in the adsorption energy occurred upon completing the adsorption process as elucidated by
Zeldowitsch (1934) and Al-Ghouti and Da'ana (2020). From the Freundlich model parameters i.e., Kr and
nr values, the type of isotherm can be determined. It is worth noting that Kr and nr denotes the intensity of
the adsorption and/or surface heterogeneity indicating the energy relative distribution as well as the
adsorbate sites’ heterogeneity (Al-Ghouti and Da'ana 2020). According to Hu et al. (2023), the obtained nr
values of less than 1 denotes prolonged mass transfer zones due to the slow uptake of PFOA and PFOS on
CCNTs. As such, for the present work, isotherm studies were conducted for a contact time of 168 hours to
compensate for the slow uptake of PFOA and PFOS on CCNT hydrogel beads. Moreover, the obtained

values of nr of less than 1, suggest that the adsorption process was indeed favourable and reversible.

From Table 6.5, it can be inferred that the Khan adsorption isotherm empirical model also recorded
relatively high R? and adj. R? values of 0.998 and 0.997, respectively, for the uptake of PFOA and PFOS
on CCNT hydrogel beads. Similarly, the Liu isotherm adsorption model also recorded high R? and adj. R?
values of 0.999 and 0.998, respectively, for the uptake of PFOA. According to Al-Ghouti and Da'ana (2020)
and Ribas et al. (2020), the Khan and Liu isotherm models are a combination of the Langmuir and
Freundlich isotherm models, with the exception that the infinite adsorption assumption from the Freundlich
model and the monolayer assumption of the Langmuir model are jettisoned, suggesting that adsorbates (i.e.,
PFOA and PFOS) molecules were able to occupy certain active sites on the surface of CCNT hydrogel
beads. This can be confirmed from the FTIR results in Figure 6.1 with the change in the absorbing intensity
after adsorption. On the other hand, Al-Ghouti and Da'ana (2020) reported that when the value of the
equilibrium concentration is relatively large, the Khan model reduces to the Freundlich adsorption isotherm,
and it reduces to the Langmuir isotherm model when the value of nknan is tantamount to a unit. On the basis
that for the present work, the values of nkna Obtained with temperature variation (see Table 6.5) did not
equate to a unit, the Freundlich isotherm model was considered as the governing isotherm in fitting the
experimental data which was cemented by the y? values of less than 0.01 and R? values of greater than 0.99

for the single sorption of PFOA and PFOS.
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Furthermore, the Langmuir isotherm model recorded lower R? values when compared to the Freundlich
isotherm model of 0.936 and 0.913 for the uptake of PFOA and PFOS, respectively, which are still good
correlations of determination. The Langmuir isotherm model is based on four fundamental underlying
assumptions i.e., 1) the monolayer adsorption occurs on the structurally homogeneous surface of the
adsorbent; 2) each adsorption site can only accommodate one adsorbate molecule, 3) all adsorption sites
are energetically equivalent and independent, and 4) there is no interaction between adsorbate molecules
adsorbed on neighbouring sites (Hu et al. 2023). As such, the relatively low values of R? and adj. R?
recorded by the Langmuir isotherm model as compared to the Freundlich isotherm model suggest that the
aforementioned mechanisms were not dominant during the uptake of PFOA and PFOS on CCNTs. It should
be noted that the aforementioned mechanisms are not explicitly accounted for in the present work. Similarly,
the Toth adsorption isotherm recorded relatively high R? values of 0.988 and 0.978 for the uptake of PFOA
and PFOS, respectively. The Toth isotherm model is an empirical modified version of the Langmuir
isotherm model as explained by Al-Ghouti and Da'ana (2020). The Toth model is used for the description
of heterogenous adsorption systems satisfying the low and high adsorbate concentrations (Al-Ghouti and
Da'ana 2020). For the present work, the Toth dimensionless exponents are not equal to a unit for both PFOA
and PFOS indicating the heterogeneity of the adsorption system under investigation (Podder and Majumder
2016), suggesting that PFOA and PFOS molecules were adsorbed onto the active sites with relatively high
energy. As the adsorption process progresses, the adsorbate molecules (i.e., PFOA and PFOS) were
adsorbed onto sites with decreasing energy subsequently leading to a decline in the amount adsorbed (Do

1998), thus incepting the state of equilibrium.

Moreover, the Sips adsorption isotherm model gave relatively high R? values of 0.968 and 0.960 for the
uptake of PFOA and PFOS on CCNTs, respectively. It is worth noting that the Sips isotherm model
incorporates essential characteristics of the Langmuir and Freundlich models. The parameter ns;ps is a
measure of the system’s heterogeneity which can be attributed from the solid or the adsorbate or a
combination of both as indicated by Do (1998) and Hu et al. (2023). The nsips values of greater than 1
reported for the current work for the uptake of PFOA and PFOS confirms the heterogeneity of the system
under investigation (Hu ef al. 2023). The R? values of greater than 0.9 is evident enough that the Sips
isotherm model was able to fit isotherms data with an increase in concentration. Similarly, the Hill
adsorption isotherm gave R? values of greater than 0.9 for both the uptake of PFOA and PFOS on CCNTs.
The Hill’s model is derived on the basis that the adsorption process is a cooperative phenomenon (Al-
Ghouti and Da'ana 2020). As such, the relatively high values of R* suggests that molecules of PFOS and
PFOA were able to bind on one site on the adsorbent, subsequently influencing other binding sites on the

surface of the adsorbent. Moreover, the obtained model parameter i.e., nmin of greater than 1 suggests that
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the binding of the model adsorbates had a positive cooperativity thus cementing the binding of PFOA and
PFOS on CCNT hydrogel beads surface.
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Table 6.26: Single adsorption isotherm model parameters for the uptake of PFOA and PFOS on CCNTs.

PFOA PFOS
Isotherms model Model parameters 283 K 293 K 303K 283 K 293 K 303K

Kttenry (L.kg ™) 1330 1409 1512 1459 1650 1823
Henry model R2 0.836 0.79 0.695 0.828 0.679 0.585

Adj. R 0.816 0.764 0.657 0.806 0.638 0.533

X2 9.63E-02 0.116 0.151 0.106 0.164 0.201

Qv (molkg™") 0.0580 0.0540 0.0546 0.0454 0.0466 0.0481

Kz (L.mol ) 69 265 93 977 111 249 112914 150 169 179 706
Langmuir model R2 0.936 0.914 0.934 0.913 0.946 0.951

Adj. R 0.918 0.890 0.915 0.888 0.931 0.937

X2 4.68E-03 1.72E-02 2.12E-02 1.52E-02 1.91E-02 2.31E-02

Kr [(mol/kg)/(mol/L)"F] | 28.81 19.32 10.65 22.70 7.75 4.402

nF 0.630 0.587 0.525 0.606 0.498 0.439
Freundlich model R2 0.991 0.992 0.993 0.997 0.997 0.994

Adj. R? 0.988 0.990 0.991 0.996 0.996 0.992

X2 4.23E-03 2.90E-03 2.29E-03 2.58E-03 1.22E-03 7.89E-05

Qcr (mol.kg™) 0.0515 0.0526 0.0533 0.0440 0.0450 0.0478

Krr (L.mol ) 78 237 88 997 107 318 105 563 151369 186 818
Langmuir-Freundlich | nrp 1.666 1.586 1.443 1.536 1.23 1.06
model R2 0.970 0.959 0.955 0.960 0.949 0.949

Adj. R 0.954 0.938 0.932 0.940 0.923 0.923

%2 2.59E-02 1.06E-02 1.21E-02 2.76E-02 2.66E-02 8.35E-03

Qsips (mol.kg™") 0.0511 0.0523 0.0533 0.0440 0.0459 0.0478

Ksips (L.mol-")nSips 1.73E08 4.6E07 9.98E06 5.2E07 2.4E06 285 438

NSips 1.682 1.551 1.396 1.536 1.23 1.04
Sips model R2 0.968 0.960 0.957 0.960 0.951 0.950

Adj. R 0.952 0.940 0.936 0.940 0.927 0.925

X2 2.69E-02 3.06E-02 3.2E-02 2.76E-02 6.51E-03 2.42E-02

Qv (mol.kg™!) 0.0920 0.0524 0.0533 0.044 0.0453 0.0470

Kriu (mol.L1) 3.64E-05 1.15E-05 9.32E-06 9.14E-06 6.46E-06 5.0E-06
Liu model NLiu 0.981 1.55 1.44 1.58 1.27 1.06

R2 0.999 0.960 0.955 0.958 0.948 0.945

Adj. R? 0.998 0.940 0.932 0.936 0.922 0.917

X2 6.52E-04 3.05E-02 1.21E-02 7.95E-03 7.80E-03 4.84E-03
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Table 6.5: Continues

Qknan (Mol kg™) 0.050 0.0512 0.0521 0.0430 0.0449 0.0469
Kxhan (L.mol") 56 125 64 046 80917 75 490 114917 151 540
Khan model NKhan 0.718 0.765 0.828 0.747 0.872 0.929
R2 0.998 0.995 0.992 0.998 0.983 0.966
Adj. R 0.997 0.993 0.988 0.997 0.974 0.949
X2 4.54E-04 5.24E-03 9.58E-03 4.47E-03 1.32E-02 1.80E-02
Quin (mol.kg™) 0.0517 0.0529 0.0530 0.0441 0.0449 0.0458
K (mol. L-1)nHil 2.58E-08 2.21E-08 1.72E-08 1.59E-08 1.09E-08 8.6E-09
nHil 1.55 1.55 1.55 1.55 1.55 1.55
Hill model R2 0.968 0.960 0.952 0.958 0.930 0.900
Adj. R 0.953 0.940 0.928 0.937 0.895 0.850
X2 1.63E-02 8.50E-03 1.95E-02 5.45E-03 3.08E-02 5.23E-02
Qton (mol kg™ 0.0505 0.0517 0.0527 0.0435 0.0456 0.0476
Kot (L.mol ™) 38 455 43 182 55514 52939 94 671 148 636
NToth 3.133 2.686 2.03 2.487 1.514 1.144
Toth model R2 0.988 0.979 0.973 0.978 0.959 0.951
Adj. R? 0.982 0.969 0.959 0.967 0.938 0.927
X2 8.64E-03 1.46E-02 2.73E-02 2.20E-02 1.10E-02 2.46E-02
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6.4.4.2. Binary sorption of PFOA and PFOS on CCNTs hydrogel beads

Table 6.6, Figure 6.37 6.13 and Figure 6.14 present adsorption isotherm findings for the present study
on simultaneous uptake of PFOA and PFOS on CCNT hydrogel beads from a binary mixture of equal
parts i.e., PFOA+PFOS for an initial concentration range of 5 mg.L' to 50 mg.L" (i.e., 1.208E-05
mol.L! to 1.208E-04 mol.L! for PFOA and 9.997E-06 mol.L"! to 9.997E-05 mol.L"! for PFOS). The
competitive uptake of PFOA and PFOS was evaluated using the competitive extended-Langmuir and
extended-Sips adsorption isotherm models. Based on the experimental data, PFOS recorded a higher
maximum adsorption capacity of 0.0339 mol.kg" at equilibrium with PFOA recording a maximum
adsorption capacity of 0.0333 mol.kg™'. The maximum adsorption capacities at equilibrium suggest that
CCNT hydrogel beads demonstrated higher affinity towards PFOS as compared to PFOA. According
to the R? values > 0.994; adj. R? values > 0.992 and y? values < 0.01, it can be concluded that the
isotherms experimental data were well fitted with the investigated adsorption isotherm models i.e.,
extended-Langmuir model and extended-Sips model as cemented in Figure 6.13 and Figure 6.14. It is
worth noting that R? is a statistical parameter which measures the total variation of the predicted values
to the mean, which increases with the model parameters. As such, herein the adj. R* was applied to
correct the R? values for a sample size and the number of parameters in the model. According to
Khumalo et al. (2023), the value of R? decreases with an increase in the number of model parameters.
Therefore, the insignificant difference between the R? and adj. R? values further confirms that the
isotherms experimental data were well fitted by the extended-Langmuir and extended-Sips isotherm

model.

Table 6.27: Binary adsorption isotherm parameters for the uptake of PFOA and PFOS on CCNTs

Model Parameter PFOA in PFOA+PFOS | PFOS in PFOA+PFOS
Experimental Qumax, exp (mol.kg™) 0.0333 0.0339
Extended Langmuir Qe (mol.kg™) 0.0544 0.0582
Model K&, proa (L.mol ™) 23 075 5.8E-05
KEL,PFOS (L.mol‘l) 1.5E-04 27 749
R? 0.996 0.995
Adj. R? 0.994 0.992
x2 1.3E-03 6.3E-03
Extended Sips Model Qes (mol.kg™) 0.0518 0.0742
KES, PFOA (L.mol") 34 741 3732
KES, PFOS (L.mol") 1.12E-05 1.36E-05
NES, PFOA 0.970 1.18
NES, PFOS 1 35 1 .45
R? 0.996 0.997
Adj. R? 0.994 0.996
x2 2.3E-03 8.6E-03
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In the context of the extended-Langmuir adsorption isotherm model, the binary system adsorption
findings suggest that the uptake of PFOA and PFOS from PFOA-+PFOS occurred at identical and
equivalent definite localized sites of the model adsorbent i.e., CCNT hydrogel beads. Therefore, the
uptake of PFOA and PFOS from PFOA+PFOS did not produce any steric hindrance and lateral
interaction on adjacent sites i.e., between the adsorbed molecules as elucidated by Al-Ghouti and Da'ana
(2020). Moreover, the relatively high adj. R? for the extended-Langmuir model suggests that the
adsorption process of PFOA and PFOS is homogeneous such that the sorption activation energy and
constant enthalpies are possessed by each molecule. Similarly, in the context of the extended-Sips
adsorption isotherm model which is a combination of both the Langmuir and Freundlich isotherm
models. The high adj. R? values suggest that the binary adsorption system under investigation in the

present work can be characterized by the presence of active sites with heterogeneous energies.
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Figure 6.37: Uptake of PFOA in PFOA+PFOS at equilibrium
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Figure 6.38: Uptake of PFOS in PFOA+PFOS at equilibrium

Furthermore, the effect of the presence of a second adsorbate on the uptake of the other was examined
by calculating the ratio of the maximum adsorption capacity of one adsorbate in the presence of another
Qpinary,i to the maximum adsorption capacity of the same adsorbate when it is present alone in solution
Qsinge,i- According to Chandrasekaran et al. (2020), based on the ratio of Qpinary,i/Usingte,i> three
possible results can be anticipated: 1) a ratio equal to 1, denotes no interaction of individual adsorbates
in the binary system, 2) a ratio of less than 1, denotes antagonistic effects on the adsorption of individual
species from a multicomponent mixture and 3) a ratio of more than 1, denotes a synergistic effect on
the adsorption of individual component in the multicomponent mixture. Herein, the uptake of PFOA
and PFOS in PFOA+PFOS gave ratios of 0.65 and 0.75, respectively, suggesting that both adsorbates
demonstrated antagonistic effects on the sorption of the other. Moreover, it can be inferred from
Figure 6.15 that there was a significant decline in the uptake of PFOA and PFOS for the binary mixture
of PFOA and PFOS as compared to the single adsorption system with an increase in initial
concentration. The antagonistic effects demonstrated by both adsorbates can be ascribed to the decrease
in the number of active sites on the adsorbent due to a decrease in the ratio of number of active sites to
the molecules to be adsorbed as the initial concentration of adsorbates increases. As such, the
antagonistic effects on the uptake of PFOA and PFOS can be ascribed to the mere fact that the finite
number of adsorption sites present on the CCNT hydrogel beads adsorbent became saturated at higher

concentrations as compared to single adsorption systems.
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Figure 6.39: Single and binary adsorption profile of PFOA and PFOS on CCNT hydrogel beads

Furthermore, the percentage uptake of PFOA and PFOS on CCNT hydrogel beads for the single and
binary systems were statistically analysed using the single factor analysis of variance (ANOVA) and
the results are presented in Table 6.7Table 6.28: Single factor ANOVA results for the percentage removal of
PFOA and PFOS on CCNT hydrogel beads.. Herein, within the framework of ANOVA, a single continuous
dependent variable (i.e., adsorbate percentage removal) was compared with the mean of the adsorbate
initial concentration (i.e., independent variable). Two hypotheses were formulated i.e., 1) null
hypothesis: assuming that there is no statistically significant difference that exists between the means,
and 2) alternative hypothesis: assuming that there is a statistical difference between the means. For the
investigated adsorption systems, the ANOVA results recorded p-values of less than 0.05 suggesting that
indeed there was a statistical difference between the mean differences of the compared variables.
Furthermore, the mean differences were further confirmed at 95% confidence level by the recorded F-
values of greater than 1 for all systems. It is noteworthy that from the ANOVA results, the PFOS system
recorded relatively high sum of squares (SS) values when compared to the PFOA system, denoting the
high affinity of the model adsorbent towards PFOS as compared to PFOA with varying initial
concentration. Therefore, from the ANOVA results, it can be conferred that there was a statistical decline
in the percentage removal of PFOA and/or PFOS with an increase in initial concentration of the model

adsorbate.

Table 6.28: Single factor ANOVA results for the percentage removal of PFOA and PFOS on CCNT hydrogel
beads.

Compound System SS F-value p-value
PFOA Single 3094 21.56 2.02E-04
PFOA in PFOA+PFOS 10634 76.53 6.71E-08
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PFOS Single 5483 38.25 7.74E-06
PFOS in PFOA+PFOS 12944 86.06 2.8E-08

6.4.5. Adsorption thermodynamic studies

The derivation and application of the thermodynamic equilibrium constant Kgq equation (26) in
evaluating thermodynamic parameters has been extensively discussed in literature (Romero-Gonzalez
et al. 2005; Lima et al. 2021; Tran et al. 2021). Herein, the thermodynamic equilibrium constant K| ,;q
is considered to be tantamount to the Ky, 4,; for all isotherm models with units of L/mol for Kyyqe;- It
is worth noting that the Henry and Freundlich constants have been used in literature to calculate
thermodynamic parameters for adsorption processes. In the context of Henry’s constant, it cannot be
applied as Kgq on the basis of the units which are L/kg or L/g. According to Tran et al. (2021), the
grams or kilograms refer to the quantity of the adsorbent and not of the adsorbate which is a solute.
Similarly, the Freundlich constant, K is not a true equilibrium constant nor tantamount to K ,;q because
of the units i.e., [(mol/kg)/(mol/L)™]. As such, the Henry constant and Freundlich constant were not

considered to be suitable for evaluating the thermodynamic parameters as recommended in recent

literature (Liu 2009; Tran ef al. 2017; Tran et al. 2021).

Herein, single adsorption thermodynamic studies were conducted aimed at investigating the sorption
mechanism of PFOA and PFOS on CCNT hydrogel beads under three different temperature conditions
i.e., 283 K, 293 K and 303 K. In a typical adsorption process, the Gibbs free energy change (AG")
indicates the degree of spontaneity of the adsorption process. As such, the relatively high negative
values of the Gibbs free energy change for both the uptake of PFOA and PFOS (see Table 6.8 and
Table 6.9) suggests that the adsorption process of PFOA and PFOS on CCNT hydrogel beads is a
spontaneous process. Furthermore, it can be inferred from the thermodynamic results in Table 6.8 and
Table 6.9, that an increase in temperature results in an increase in the negative values of the Gibbs free
energy change, indicating a more energetically favourable adsorption process with an increase in
temperature. The observed trend can be ascribed to the mere fact that the mobility of model adsorbate
molecules in solution increases with temperature, subsequently resulting in an increase in the affinity

of the model adsorbent towards PFOA and PFOS.

Table 6.29: Thermodynamic parameters for the sorption of PFOA on CCNT hydrogel beads

Model Parameters Thermodynamic Parameters
Model Temp. (K) K, R? Adj. R? AG’ AH’ AS°
(kJ/mol) (kJ/mol) (kJ/mol.K)
Langmuir 283 69 265 -26.2
model 293 93 977 0.9791 0.9731 -27.9 16.9 0.153
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303 111 249 -29.3

Langmuir- 283 78237 -26.5

Freundlich 293 88 997 0.9842 0.9760 -27.8 11.2 0.133

model 303 107 318 -29.2

Sips model 283 79 026 -26.5
293 87202 0.9714 0.9571 -27.8 9.48 0.127
303 103 206 -29.1

Liu model 283 27 473 -24.0
293 86 957 0.8758 0.8137 -27.7 48.9 0.259
303 107 296 -29.2

Khan 283 56 125 -25.7

model 293 64 046 0.9683 0.9525 -27.0 13.0 0.137
303 80917 -28.5

Hill model 283 78 700 -26.5
293 86916 0.9761 0.9642 -27.7 57.5 0.298
303 102 173 -29.1

Toth model 283 38 455 -24.8
293 43182 0.9483 0.9225 -26.0 85.2 0.393
303 55514 -27.5

Table 6.30: Thermodynamic parameters for the sorption of PFOS on CCNT hydrogel beads

Model Parameters

Thermodynamic Parameters

Model Temp. (K) K°Eq R? Adj. R? AG AH’ AS’
(kJ/mol) (kJ/mol) (kJ/mol.K)

Langmuir 283 112914 -27.4

model 293 150 169 0.9878 0.9843 -29.0 16.6 0.156
303 179 706 -30.5

Langmuir- 283 105 563 -27.2

Freundlich 293 151 369 0.983 0.9745 -29.1 20.4 0.168

model 303 186 818 -30.6

Sips model 283 105 546 -27.2
293 153 873 0.9402 0.9103 -29.1 18.3 0.161
303 176 070 -30.4

Liu model 283 109 409 -27.3
293 154 799 0.9955 0.9933 -29.1 21.5 0.173
303 200 000 -30.8

Khan 283 75 490 -26.4

model 293 114917 0.9903 0.9855 -28.4 24.9 0.181
303 151 540 -30.1

Hill model 283 107 487 -27.3
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293 137 134 0.9876 0.9814 -28.8 14.2 0.146

303 159 790 -30.2

Toth model 283 52939 -25.6
293 94 671 0.9972 0.9958 -27.9 36.8 0.221
303 148 636 -30.0

Moreover, enthalpy change, AH’ calculations were conducted aimed at gaining some insight into the
type of adsorption process. For the present study, it is apparent from Table 6.8 and Table 6.9 that the
single uptake of PFOA and PFOS gave positive enthalpy change values indicating that the adsorption
process of the model adsorbates is an endothermic process. As such, it can be inferred from the positive
enthalpy change values that the uptake of PFOA and PFOS on the model adsorbent involve the
displacement of more than one water molecule on CCNT hydrogel beads resulting in the endothermicity
of the process. On the other hand, according to Liu (2009), the heat evolved during the physical
adsorption process is of the same order of magnitude as the heat of condensation over a range of 2.1
kJ.mol! to
20.9 kJ.mol!, with the heat of chemisorption falling within the range of 80 kJ.mol™! to 200 kJ.mol™!. For
the present work, the enthalpy changes values range from 11.2 kJ.mol! to 85.2 kJ.mol! for PFOA and
from 14.2 kJ.mol™! to 36.8 kJ.mol"! for PFOA. Based on the enthalpy change results presented in
Table 6.8 and Table 6.9, the adsorption process of PFOA and PFOS on CCNT hydrogel beads cannot
be explicitly classified as physical adsorption or chemisorption, however, it can be inferred that the
uptake of PFOA and PFOS on the model adsorbent is a physiochemical adsorption process i.c., a

combination of physical and chemical adsorption process.

The entropy change, AS” was evaluated for the single adsorption process of PFOA and PFOS on CCNT
hydrogel beads aimed at elucidating the affinity of the model adsorbent on PFOA and PFOS. It is worth
noting that according to Saha and Chowdhury (2011) and Liu (2009), positive entropy change values
suggest an increase in randomness at the solid-liquid interface with some structural changes in the
adsorbate and adsorbent. Hence, the positive entropy changes values obtained for all the investigated
adsorption isotherm models explicitly indicate high affinity of CCNT hydrogel beads on PFOA and
PFOS. The obtained positive entropy changes values suggest that the molecules of the adsorbed solvent
(i.e., water) were displaced by PFOA or PFOS, allowing the water molecules to gain more translational
entropy than is lost by PFOA or PFOS molecules allowing for the prevalence of randomness within the
solid-liquid adsorption system. Moreover, the goodness of fit for all the investigated adsorption models
was evaluated by applying R? and adj. R? as statistical parameters. From the relatively high R? and adj.
R? values of greater than 0.9, it can be inferred that the nonlinear adsorption isotherm models gave a

good fit in evaluating thermodynamic parameters.
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6.4.6. Effect of competing ions on the uptake of PFOA and PFOS on CCNT hydrogel beads.

According to Elanchezhiyan et al. (2021), salts are abundantly available from natural and anthropogenic
sources, and salinity of surface water and groundwater can vary considerably. Sodium chloride (NaCl)
is one of the most detected salts in water bodies. This can be ascribed to NaCl being used as a road-
icing agent which subsequently enters wetlands, rivers, and lakes through runoffs. As such, herein the
influence of NaCl on PFOA and PFOS sorption on CCNT hydrogel beads was investigated for a NaCl
concentration range of 0.026 mol.L™! to 0.171 mol.L"! at a fixed PFOA and PFOS concentration of
5 mg.L! to determine their environmental fate as presented in Figure 6.16. It can be inferred from
Figure 6.16 that the addition of NaCl did not have any significant improvement in the uptake of both
PFOA and PFOS for a NaCl concentration of less than 0.06 mol.L™!. However, a slight improvement in
the uptake of PFOA from 80% to 87% and 85% to 93% for PFOS was observed as the NaCl
concentration increased from 0.06 mol.L™! to 0.171 mol.L". The findings of the current study can be
attributed to the salting-out effect and hydrophobic interactions between the model adsorbates and
adsorbent. It is worth noting that salting-out is induced by the preferential movement of solvent
molecules from their role as the solvent for ions of the nonelectrolyte or ions with a relatively low
affinity for the solvent in their competition for solvent molecules, which in turn decreases the hydration
and subsequently the solubility of nonelectrolyte ions (Zhang et al. 2019). Since salting-out increases
the hydrophobic interactions compelling the adsorbate and adsorbent to bind together, it subsequently
reduces the total area of contact between water molecules and hydrophobic particles as elucidated by
Zhang et al. (2019). As such, the percentage increase in the uptake of PFOA and PFOS with NaCl
concentration can be ascribed to the hydrophobic interaction between the perfluoroalkyl tails and
hydrophobic moieties on the CNTs, as reported in literature, to be one of the major adsorption
mechanisms for PFOA and PFOS (Zhi and Liu 2015; Elanchezhiyan et al. 2021; Zakaria et al. 2022).
The findings of the current study suggest that the hydrophobic interactions are the predominant forces
that significantly influence the uptake of PFOA and PFOS on CCNT hydrogel beads. The findings of
the current study are congruent to the work reported by Yu, Deng and Yu (2008), Xiao et al. (2011) and
Zhang et al. (2010) on the uptake of PFOA and PFOS on carbonaceous adsorbents at varying ionic
strengths.
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Figure 6.40: The effect of NaCl concentration on the uptake of PFOA and PFOS on CCNT hydrogel beads.

However, similar studies conducted on the uptake of PFOA and PFOS on carbonaceous adsorbents at
varying anionic strength such as SOZ~ and Cr, 0%~ (Zhang et al. 2011) have reported that the presence
of competitive anions have a negative effect on the sorption of PFOA and PFOS. Similarly,
Elanchezhiyan et al. (2021) reported a decrease in the uptake of PFOA and PFOS in the presence of
chloride, sulfate, and phosphate anions. The decrease in the uptake of PFOA and PFOS can be ascribed
to the model anions competing with PFOA and PFOS for the protonated amino groups on the adsorbent.
The insignificant uptake of PFOA and PFOS with an increase in concentration of the model anions
(Zhang et al. 2011; Elanchezhiyan et al. 2021) further imply the dominance of the hydrophobic

interaction forces.

6.5. Conclusion

The single adsorption experimental data explicitly indicates that the synthesized CCNT hydrogel beads
demonstrated high affinity towards PFOS and PFOA with the adsorption equilibrium being reached
after 48 hours of contact time. It is evident from the RSM results that the uptake of PFOA and PFOS
on CCNT hydrogel beads was strongly dependent on the initial concentration of the model adsorbate.
An increase in the initial concentration of PFOA and PFOS resulted in a decrease on the percentage
removal rate. Moreover, kinetic studies experimental data were well fitted by the nonlinear PFO kinetic
model confirming that the uptake mechanism of PFOA and PFOS does not depend on the concentration
of both reactants (i.e., PFOA or PFOS and water) but only on the concentration of the model adsorbate,
hence the PFO is considered to be controlled by physisorption. From the single adsorption isotherm
studies, it is evident that experimental data were well fitted by the Freundlich isotherm model suggesting

that the uptake of PFOA and PFOS on CCNT hydrogel beads was not restricted to the monolayer
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adsorption process. As such, the adsorption heat and affinities were not uniformly distributed on the
heterogeneous surface of CCNT hydrogel beads as a model adsorbent. On the other hand, the binary
uptake of PFOA and PFOS experimental data were well fitted by the competitive extended-Langmuir
and extended-Sips isotherm models. Both PFOA and PFOS demonstrated antagonistic effects on the
uptake of either PFOA and/or PFOS in PFOA+PFOS. Furthermore, from the thermodynamic results
obtained, it could be inferred that the uptake of PFOA and PFOS on CCNT hydrogel beads cannot be
explicitly explained by chemical nor physical adsorption, however, it can be inferred that the uptake of
PFOA and PFOS on the model adsorbent is a physiochemical adsorption process. Findings of the
present work on the uptake of PFOA and PFOS in the presence of varying concentration of Na* (i.e.,

NaCl) as a competing ion demonstrated synergistic effects on both adsorbates.
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CHAPTER SEVEN: BREAKTHROUGH CURVES

SORPTION OF ANTIBIOTICS AND PERFLUOROALKYL ACIDS ON CHITOSAN-
CARBON NANOTUBE HYDROGEL BEADS IN A FIXED-BED COLUMN: EFFECT
OF OPERATING CONDITIONS ON BREAKTHROUGH CURVES

7.1. Abstract

Fixed-bed adsorption columns have cemented their application in eradicating emerging contaminants
of environmental concern from aqueous solutions. As such, for an effective fixed-bed adsorption
process design or evaluation performance, breakthrough curve models are essential in determining the
breakthrough point time. Herein, the effect of three operating parameters i.e., initial adsorbate
concentration, fixed-bed height, and volumetric flow rate on the breakthrough curves for the sorption
of amoxicillin, ciprofloxacin, sulfamethoxazole, perfluorooctanoic acid and perfluorooctane sulfonic
acid on chitosan-carbon nanotube hydrogel beads were investigated. The results obtained suggest that
the breakthrough point time decreases with an increase in adsorbate initial concentration and volumetric
flow rate indicating low uptake of the model adsorbates. On the other hand, it can be inferred from the
results obtained that the breakthrough point time increases with a decrease in volumetric flowrate due
to an increase in mass transfer zone. Moreover, breakthrough curves experimental data was well fitted
by the Thomas model recording R? and adjusted R? values of more than 0.99 indicating that the
breakthrough curves for the present work can be described by a symmetric function. The breakthrough
points time predicted by the Thomas model was aligned with the experimentally determined
breakthrough points time cementing its practical utility and superiority over the log-Gompertz and
Bohart-Adams models. Therefore, from the results obtained, it can be inferred that the Thomas model
can be used to investigate the dynamic behaviour of the fixed-bed adsorption system investigated in the

present study.

7.2. Introduction

Despite the environmental occurrence of organic micropollutants such as pharmaceutical compounds
(PCs) and perfluoroalkyl acids (PFAAs) in trace amounts ranging from ng/L to pg/L, they have the
ability to disrupt ecosystems and pose serious health risks to human and aquatic flora and fauna (Chu
and Hashim 2023; Khumalo, Bakare and Rathilal 2024). The environmental occurrence of
pharmaceuticals particularly in aquatic environments is ascribed to their continuous release into the
ecosystem from various point sources such as households, hospitals, and pharmaceutical industries
(Khumalo et al. 2023). Antibiotics are one of the environmentally threatening groups of PCs due to

their high consumption rate of 34.8 billion defined daily dose (Klein ef al. 2018). The high consumption
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rate can be ascribed to the use of antibiotics by humans and animals as primary treatment of acute
illness, subsequently ending up in the environment through animal and human secretion in urine and
faeces as original compounds, metabolites or as conjugates (Tran, Reinhard and Gin 2018; Khumalo et
al. 2023; Khumalo, Bakare and Rathilal 2024). On the other hand, the two most prominent PFAA
species in drinking water are perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic acid (PFOS).
The occurrence of PFAAs in water bodies is ascribed to the discharge of untreated and partially treated
industrial effluent containing PFAAs into the environment subsequently entering wastewater treatment
plants (WWTPs) making them the major source of PFAAs. In the context of the African region, PCs
and PFAAs are characterized as emerging contaminants of environmental concern. As such, there has
been a call for stringent regulations which is among the major driving forces to investigate treatment

technologies and the fate of PCs and PFA As in water bodies.

PFAAs, particularly PFOA and PFOS, have been widely used as surfactants, fire retardants, wetting
agents, lubricants, as well as additives (Khumalo ef a/l. 2022). The appetite in the application of PFAAs
is ascribed to their unique chemical and physical properties such as oleophobicity, hydrophobicity, as
well as extraordinary chemical stability of the carbon-fluorine (C-F) bond (Gong et al. 2016; Xu et al.
2021). Despite the chemically stable C-F bond of PFOA and PFOS, their sulfonate and carboxyl
functional groups attached at the end (see Figure 7.1) makes them water soluble and mobile in aqueous
systems (Xu et al. 2021). As such, PFOA and PFOS have been frequently detected in surface water,
ground water, sediments, as well as in drinking water (Xu et al. 2021; Khumalo et al. 2022). It is worth
noting that the United States of America issued health advisory levels for drinking water of 70 ng/L for
PFOA and/or PFOS (Khumalo et al. 2022).

Figure 7.41: Chemical structures of PFOA and PFOS

Similarly, antibiotics have been frequently detected in WWTP effluent streams at a range of 1536 ng/L
to 3600 ng/L as reported by Yaqubi ef al. (2021). The relatively high concentrations of antibiotics in
WWTP effluent streams are evident enough that current technologies in WWTPs is not capable to
completely eradicate these contaminants of emerging concern. In understanding the environmental
occurrence of antibiotics, the reader is referred to Khumalo et al. (2023) where the occurrence and fate
of antibiotics in water treatment processes is systematically discussed. It is worth noting that a number
of technologies have been investigated for the removal of antibiotics and PFAAs from aqueous solutions

such as solid-liquid adsorption (Gong et al. 2016; Yaqubi et al. 2021; Khumalo, Bakare and Rathilal
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2024), advanced oxidation processes (Cuerda-Correa, Alexandre-Franco and Fernandez-Gonzalez
2019; Wang and Zhuan 2020), bioremediation (Koch et al. 2021; Khumalo, Bakare and Rathilal 2022)
as well as reverse osmosis and nanofiltration (Lan ef al. 2019; Zhang, Zhang and Liang 2019). However,
most of these methods require advanced apparatus, consume high energy, and they have the potential

to generate large amounts of waste, thus rendering these processes expensive.

By contrast, solid-liquid adsorption has demonstrated to be effective in removing a wide range of
emerging contaminants of environmental concern including antibiotics (Khumalo, Bakare and Rathilal
2024) and PFAAs (Zhang, Zhang and Liang 2019) from aqueous environments. The growing appetite
in the application of solid-liquid adsorption in water treatment processes is ascribed to its simplicity,
economic viability as well as high efficiencies. A variety of adsorbents have been investigated such as
granular activated carbon (Fan, Zheng and Hou 2019), anion-exchange resin (Wang et al. 2017; Parvin
et al. 2023) as well as biomaterials and molecularly imprinted biopolymers (Zhang, Zhang and Liang
2019) for water purification. It is worth noting that chitosan has attracted the attention of many
researchers within the scientific community due to the abundant availability of its source chitin which
is extracted from crustacean shells and mycelia fungi (Long et al. 2019). The presence of highly active
amino and hydroxyl functional groups within the chitosan structure potentiate it to be an excellent
biosorbent with chelating sites for targeted contaminants in aqueous environments. Despite the desirable
features of chitosan such as low processing cost, biodegradability, hydrophobicity, biocompatibility,
and non-toxicity, the use of pristine chitosan-based adsorbents is associated with drawbacks such as low
stability, weak mechanical strength, low porosity, low surface area, hydro-stability in acid medium, and
high crystallinity (Khumalo, Bakare and Rathilal 2024). Due to the remarkable features of carbon
nanotubes (CNTs) such as high tensile strength, large surface area, and low density, for the present study
CNTs potentiate as ideal nanofillers in tackling the undesirable features of pristine chitosan composites

in the context of water treatment.

It is worth noting that most of the studies in solid-liquid adsorption reported in literature are based on
batch adsorption. Studies in continuous systems i.e., fixed-bed columns are scanty. Therefore, the
present work focuses on investigating the effect of operating parameters on the breakthrough curves for
the sorption of amoxicillin (AMX), ciprofloxacin (CIP), sulfamethoxazole (SMX), PFOA and PFOS on
chitosan-carbon nanotube (CCNT) hydrogel beads in a fixed-bed column as the first case. Moreover,
the present work is focusing on investigating the dynamic behaviour of the fixed-bed adsorption system
by applying the Thomas model, log-Gompertz model and Bohart-Adams model. Experimental data
model fit was conducted with the aid of nonlinear regression analysis in order to obtain a model with a

better goodness of fit.
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7.3. Materials and Methods
7.3.1. Materials

All chemicals used in the current study were used without any further purification. Multiwall carbon
nanotubes (>98% carbon basis), HPLC grade of sulfamethoxazole, >95% anhydrous basis amoxicillin,
>98% pure ciprofloxacin, PFOA (CgHF50,) and PFOS (CsHFi703S) were supplied by Lasec
laboratories, Durban, South Africa. Chitosan powder from shrimp shells with a degree of deacetylation
of >75%, sodium hydroxide (NaOH) pellets (=95% anhydrous basis), sodium chloride (NaCl),
methanol (CH30H) (=99.9% pure), 98% pure sulfuric acid (H,SO4), and glacial acetic acid (Co:H4O»)
(=99.7% pure) were supplied by Sigma-Aldrich, South Africa.

7.3.2. Fixed-bed adsorption studies

Herein, the experimental procedure adopted in the adsorbent synthesis i.e., CCNT hydrogel beads and
characterisation is well discussed in previous work (Khumalo, Bakare and Rathilal 2024) as well as in
chapter four. The breakthrough curves for the uptake of AMX, CIP, SMX, PFOA and PFOS on CCNT
hydrogel beads were investigated by conducting a set of experiments under constant temperature of 293
K, volumetric flow rate range of 1 mlmin’', 2 mlmin’', 3 ml.min' and 4 ml.min", adsorbate
concentration range of 15 mg.L!, 20 mg.L"! and 25 mg.L"!, and a bed height range of 15 ¢cm, 25 cm,
and 35 cm. A fixed amount of CCNT hydrogel beads was placed in a glass column with a height of
60 cm and an internal diameter of 1.5 cm as depicted in Figure 7.2. The bottom of the column consisted
of a glass sieve to support the adsorbent. The bottom and top of the column was filled with glass beads
to compact the CCNT hydrogel beads bed, minimize dead volume as well as channelling. Aqueous
solutions of different adsorbate concentrations were place in a glass beaker and pumped at a specific
volumetric flow rate using a peristaltic pump at a fixed volumetric flow rate. Samples were collected
using a glass beaker (Figure 7.2), at a specific time interval, which were then filtered using a 0.45 um
syringe filter and transferred into a 10 mL sample tube. The filtered samples were centrifuged at 5000
rpm for 10 minutes. Thereafter, a supernatant solution of the centrifuged sample was analysed for the
residual of the respective adsorbate i.e., PFOA, PFOS, AMX, CIP and SMX concentration using a UV-
visible spectrophotometer (UV-1900i, Shimadzu, South Africa). Adsorption column experiments were
conducted in duplicates for data validation. Samples were collected until the saturation state was

reached.
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Figure 7.42: Fixed column adsorption experimental set-up

7.3.3. Fixed bed models

In a typical industrial scale wastewater treatment set-up, fixed-bed columns are widely used for

continuous adsorption systems over batch operations. However, the longevity of fixed-bed columns is

often overlooked as elucidated by Wang et al. (2023). Herein, three breakthrough curve models were

applied to correlate adsorption-equilibria data.

The Thomas model

1
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The log-Gompertz model
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Where ¢; and c,; are the concentration of species i in the liquid phase at time t in mg.L™! and the
concentration of species i in the feed in mg.L!, respectively; kr and kg, are the rate coefficients
measured in cm®.mg"!.min"! for the Thomas and Bohart-Adams models, respectively; m is the amount
of adsorbent in the column measured in mg; q, (mg.g™") is the solid loading per unit mass of adsorbent;
and Q (cm’.min) is the volumetric flow rate; kg;; is a dimensionless parameter; kg, is the log-
Gompertz model parameter expressed in units of min'; Ny (mg.cm™) is the adsorption capacity of the
adsorbent per unit volume of the bed; L is the height of the bed in cm; and v is the superficial velocity

measured in cm.min™! (Chu and Hashim 2023; Wang et al. 2023).

7.3.3.1. Model evaluation

Herein, the error analysis approach was adopted in mathematically evaluating the goodness of fit of the
experimental and computed data. For the present work, the chi-square test (y?), and sum of squares
error (SSE)) were used together with the coefficients of determination i.e., R?> and adjusted R? in
evaluating the goodness of fit for the tested breakthrough curve models. For a perfect model, the error
functions are relatively low, approaching zero, and the coefficients of determination are tantamount to
a unity. For the present work, sensitivity analysis was performed using the four-step procedure outlined
by Khumalo, Bakare and Rathilal (2024) i.e., 1) initializing each model parameters with the minimum
possible value of the objective function i.e., SSE, 2) the nonlinear regression analysis was then applied
aimed at finding the optimal solution that minimize the objective function, 3) the perturbation concept
was then applied whereby one parameter was modified at a time while keeping other parameters
constant, 4) where necessary re-estimation of the objective function was performed for each
perturbation, and the global minimum was obtained when the perturbation for all model parameters was
0%. On the other hand, if the model parameter does not yield a global minimum at the 0% perturbation,
that will suggest a poor non-linear regression analysis-based estimation of the values of the model

parameters.

2 _ (Ci,exp - Ci,modez)2
Xt = (7.4)
Cimodel
- 2
SSE = z (Ciexp - Cimodel) (75)
i=1

(7.6)

2 2
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2
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Where p is the number of model parameters; n is the number of data set point; Cjpyp 1s the

experimentally measured relative concentration of species i; Eiexp is the average of all measured

experimental values of relative concentration; and ¢; ., is the predicted value by the fitted model

del

(Khumalo, Bakare and Rathilal 2024).

7.4. Results and Discussion

7.4.1. The effect of volumetric flow rate on the breakthrough curves

Herein, the effect of volumetric flow rate (i.e., from 1 ml.min" to 4 ml.min™") on the breakpoint time
was investigated for a fixed initial concentration and column bed height of 15 mg.L"! and 35 cm,
respectively for CIP, AMX and SMX as depicted in Figure 7.3a, Figure 7.3b and Figure 7.3c,
respectively. Similarly, Figure 7.3d and Figure 7.3¢ depict the breakthrough curves for PFOS and PFOA
for an initial concentration of 5 mg.L"! for both PFOA and PFOS at a fixed-bed height of 35 ¢cm. It can
be observed from Figure 7.3 that high breakthrough point times were recorded for a volumetric flow
rate of 1 ml.min™! and the lowest breakthrough point times were recorded for a volumetric flow rate of
4 ml.min!. The findings of the present study suggest that an increase in volumetric flow rate results in
a decrease in the breakthrough point time. The observed findings can be ascribed to the mere fact that,
at relatively high flowrates, the film mass resistance on the surface of the model adsorbent has minimum
resistance to the flow of the influent subsequently decreasing the contact time between the adsorbate
and adsorbent, resulting in a decrease in the uptake of the model adsorbate. Furthermore, from the
results obtained, it is evident from Figure 7.3 that, at high operating volumetric flow rates, the saturation
time of the adsorbent increases, suggesting a low uptake of the model adsorbate, thus resulting in low
breakthrough point times. On the other hand, the relatively high breakthrough points time under low
volumetric flow rates (i.e., 1 mL.min™") suggest that there was adequate time for the model adsorbates to
interact with the adsorbent active sites, subsequently improving the uptake of the model antibiotics and

PFAAs.

Moreover, it is worth noting that breakthrough point times were recorded at a relative concentration
(i.e., c/co ) of 0.05 as recommended by Geankoplis, Hersel and Lepek (2018). It can be observed from
Figure 7.3a, Figure 7.3b and Figure 7.3c that the breakthrough point times were different for a
volumetric flow rate of 1 ml.min"! and 4 ml.min™', CIP recorded 40 min and 14 min; AMX recorded

32 min and 6.3 min; and SMX recorded 22 min and 5.2 min, respectively. The relatively high
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breakthrough points time recorded by CIP when compared to AMX and SMX, suggest that the model
adsorbent demonstrated high affinity on CIP when compared to AMX and SMX. This can be ascribed
to CIP consisting of a carboxylic acid functional group (-COOH) and an amine functional group (-NH>)
on the piperazine moiety which are deprotonated at a solution pH of 7 initiating the electrostatic
interaction mechanism as the major adsorption mechanism as opposed to pore filling (Khumalo, Bakare
and Rathilal 2024). Despite the high affinity of CCNT hydrogel beads towards CIP, the breakthrough
points time decreased significantly with an increase in volumetric flow. The observed trend can be
attributed to the mere fact that an increase in volumetric flow rate resulted in an increase in the Reynolds
number, subsequently increasing the degree of turbulence and mixing which then result in shorter
breakthrough points time as elucidated by Lin ef al. (2017). Similar trends were observed in Figure 73d
and Figure 7.3e for PFOS and PFOA breakthrough curves with varying volumetric flow rate with PFOS
recording relatively high breakthrough points time as compared to PFOA. This suggests that CCNT
hydrogel beads demonstrated higher affinity towards PFOS than it did with PFOA. The findings of the
present study on the effect of volumetric flow rate on the breakthrough curves is congruent to the other
studies that are reported in literature (Darweesh and Ahmed 2017; Lin et al. 2017; He et al. 2022).
Therefore, it is evident that low feed flow rates are advisable for the treatment of antibiotics and PFAAs
in order to achieve relatively high volumes of treated column effluent. However, it is worth noting that
low feed flow rates may result in prolonged operating times, subsequently increasing the operating cost,

and risking of rendering the system expensive.
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Figure 7.43: (a) CIP, (b) AMX, (¢) SMX, (d) PFOS and (e) PFOA breakthrough curves with varying volumetric

flowrate

7.4.2. The effect of initial concentration on the breakthrough curves

Herein, the effect of initial adsorbate concentration was investigated for a concentration range of

15 mg.L!, 20 mg.L"! and 25 mg.L"! for the model antibiotics. On the other hand, the effect of initial

concentration was investigated for a range of 5 mg.L"!, 10 mg.L"! and 15 mg.L"! for PFOA and PFOS.
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Experimental studies were conducted for a fixed column bed height of 35 cm and a volumetric feed

flow rate of 1 ml.min™!. Figure 7.4 depicts the findings of the present study.
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It can be inferred from Figure 7.4a to Figure 7.4e that an increase in the initial adsorbate concentration
tends to move the breakthrough curves towards the origin. The observed trend is evident that the mass
transfer driving force in the liquid film was enhanced by the increase in adsorbate initial concentration
resulting in a decrease in breakpoint times. It is worth noting that for CIP (Figure 7.4a), AMX (Figure
7.4b) and SMX (Figure 7.4c), the breakthrough curves demonstrated steeper slopes for an initial
concentration of 20 mg.L!' and 25 mg.L"! which is evident that indeed the mass transfer driving force
was enhanced with an increase in concentration. A similar trend in the breakthrough curves was
observed for PFOS (Figure 7.4d) and PFOA (Figure 7.4¢) at an initial concentration of 10 mg.L™" and
15 mg.L"!. Moreover, the observed trend of the breakthrough curves with increasing adsorbate initial
concentration can be ascribed to the acceleration of the adsorption rate with increasing concentration
subsequently leading to early saturation of the column bed as elucidated by Darweesh and Ahmed

(2017).

7.4.3. The effect of column fixed-bed height on the breakthrough curve

The effect of fixed-bed column height on the model antibiotics and PFAS breakthrough curves were
investigated at a fixed-bed height of 15 cm, 25 cm, and 35 cm. CIP, AMX and SMX concentration was
maintained at 15 mg.L!' with PFOS and PFOA concentration kept as 5 mg.L™!. The volumetric flow rate
was maintained at 1 ml.min™! for all systems investigated. It is apparent from Figure 7.5 that the
breakthrough points time increased with an increase in column bed height. The results obtained suggest
that indeed relatively high fixed-bed heights correspond to an increase in active sites on the adsorbent
surface available for the uptake of the model adsorbate (i.e., CIP, AMX, SMX, PFOS and PFOA).
Furthermore, it can be seen from Figure 7.5 that the breakthrough curves shape changed from being a
steep concave to flat concave as the column bed increased from 15 cm to 35 cm leading to a relatively
large mass transfer zone in the liquid film. The broadened mass transfer zone with an increase in bed
height suggest that the total surface area of the adsorbent was accessible to the adsorbate molecules,
thus enhancing the uptake of CIP (Figure 7.5a), AMX (Figure 7.5b), SMX (Figure 7.5c), PFOS
(Figure 7.5d) and PFOA (Figure 7.5e). It is worth noting that Liao et al. (2013) reported low uptake of
tetracycline on bamboo charcoal with an increase in column bed height. This was due to tetracycline
molecules not being able to access all the surface area of the bamboo charcoal. Therefore, the findings
of the present study suggest that CCNT hydrogel beads have a relatively high void fraction allowing
adsorbate molecules to access all active sites available for adsorption, thus potentiating CCNT hydrogel

beads to be an effective adsorbent.
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Figure 7.45: (a) CIP, (b) AMX, (¢) SMX, (d) PFOS and (e) PFOA breakthrough curves with varying column

bed height.

7.4.4. Adsorption column breakthrough curves modelling

The successful design and operation of a typical fixed-bed adsorption column requires adequate

prediction of the breakthrough curve for the effluent (Darweesh and Ahmed 2017). Herein,
breakthrough curves experimental data for the uptake of AMX, CIP, SMX, PFOA and PFOS were fitted
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in the Thomas, log-Gompertz and Bohart-Adams models aimed at investigating the dynamic behavior
of the fixed-bed adsorption system. Breakthrough curve experimental data for at a volumetric flowrate
of 1 ml.min’!, fixed-bed height of 35 cm as well as adsorbate concentration of 15 mg.L™! for AMX, CIP
and SMX and 5 mg.L"! for PFOA and PFOS were subjected to nonlinear regression analysis. From the
results presented in Table 7.1, it can be inferred that the Thomas model recorded the highest values of
R? for AMX (R* = 0.9976), CIP (R* = 0.9965), SMX (R* = 9950), PFOA (R* = 0.9975) and PFOS (R?
= 0.9991) when compared to the log-Gompertz and Bohart-Adams breakthrough curve models. The
findings of the present study suggest that experimental data were well fitted by the Thomas model. The
goodness of fit of the Thomas model was further confirmed by the relatively high values of the adj. R?
of greater than 0.99 for all model contaminants. The difference of less than 0.2 between the R? and adj.
R? values for the Thomas model (Table 7.1) suggest that the predicted R? values are in reasonable
agreement with the adjusted R? values obtained. Furthermore, chi-test square, y? values of less than
0.01 and SSE values of less than 0.017 were recorded by the Thomas model cementing that the
breakthrough curves experimental data were well fitted by the Thomas model. The small difference
between experimental and model predicted breakpoint times, #, suggest that the Thomas model can be

used to navigate the design space with minimal error as depicted in Figure 7.6a to Figure 7.6e.

Table 7.31: Thomas, log-Gompertz, and Bohart-Adams breakthrough curves model parameters for the uptake of
AMX, CIP, SMX, PFOA and PFOS on CCNT hydrogel beads fixed-bead.

Model Model parameters AMX CIP SMX PFOA PFOS
kr (cm3.mg!.min") 0.7656 0.6986 0.5571 0.6275 0.7289
qo(mg.g™) 7.914 8.176 10.05 9.755 11.00
R? 0.9976 0.9965 0.9950 0.9975 0.9991
Thomas Adj. R? 0.9973 0.9961 0.9942 0.9969 0.9989
x? 0.0021 0.010 0.001 2.9E-04 0.001
SSE 0.0230 0.018 0.017 0.0074 0.003
thexp (Min) 32 40 22 15.63 30
theale (MiN) 29.96 30.7 18.05 17.15 26.01
ka1 14.45 13.92 12.52 13.80 17.83
kc2 (min") 3.477 3.236 3.280 3.782 4.722
R? 0.9916 0.9856 0.9808 0.9868 0.9932
Adj. R? 0.9909 0.9847 0.9788 0.9851 0.9923
Log- x2 0.0485 0.037 0.046 0.049 0.041
Gompertz SSE 0.081 0.073 0.067 0.039 0.022
thexp (Min) 32 40 22 15.63 30
theale (Min) 46.22 52.24 32.03 28.10 34.25
Bohart- kag (cm®.mg™'.min"") 0.5478 0.4807 0.4839 0.4125 0.4498
Adams
No (mg.cm™) 0.1036 0.1069 0.0992 0.1158 0.1214
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Table 7.1: Continues

R? 0.9556 0.8618 0.8531 0.8397 0.8473
Adj. R? 0.9498 0.8480 0.8376 0.8053 0.8146
Bohart- ¥? 0.048 0.046 0.041 0.043 0.061
Adams SSE 0.429 0.703 0.510 0.471 0.487
thexp (miin) 32 40 22 15.63 30

theale == === === -= -=

Furthermore, the log-Gompertz model recorded relatively high R? values of greater than 0.98 and 0.83,
respectively, with a difference of less than 0.2 between adj. R? and R? values. However, the significant
difference between the experimental and model predicted breakpoint times explicitly indicate that the
breakthrough curves experimental data was not adequately fitted by the log-Gompertz model. The
results obtained suggest that the breakthrough curves data reported for the present work cannot be
defined by an asymmetric function which defines the log-Gompertz model. Similarly, the simplified
Bohart-Adams model did not fit the breakthrough curves experimental data which is evident from the
relatively high SSE values of more than 0.4 and low adj. R? values. The findings of the present work
can be ascribed to the mere fact that the Bohart-Adams model is characterized as an exponential
function (Wang et al. 2023), resulting in a poor fit of the experimental data which did not exhibit an
exponential function as depicted in Figure 7.6. The Bohart-Adams model is based on the surface
reaction theory such that it interprets data on the basis that the equilibrium state is not instantaneous,
and the adsorption rate is proportional to both the residual capacity of the adsorbent and the
concentration of the adsorbate. As such the model Bohart-Adams model is widely used to describe only
the initial stage of the breakthrough curve thus disqualifying it as a suitable model to give a full
description of the entire breakthrough curve. Hence, the poor fit of the Bohart-Adams model suggests
that surface diffusion was not the rate-limiting step for the adsorption process under investigation. The
findings of the present work are congruent to the work reported by Darweesh and Ahmed (2017) on the

breakthrough curves for the uptake of norfloxacin on granular activated carbon.
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Figure 7.46: Experimental and predicted breakthrough curves for (a) CIP, (b) AMX, (¢) SMX, (d) PFOS and (e)
PFOA

7.4.5. Conclusions

The effect of operating parameters i.e., initial adsorbate concentration, bed height, and volumetric flow

rate on the breakthrough curves for the sorption of AMX, CIP, SMX, PFOA and PFOS on CCNT
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hydrogel beads were investigated. Based on the findings of the current study, it is apparent that the
breakthrough point time decreases with an increase in adsorbate initial concentration and operating
volumetric flowrate. The opposite was observed with the fixed-bed height. It can be concluded that the
decrease in the breakthrough point time with an increase in initial concentration and volumetric flowrate
is ascribed to the subsequent decrease in the mass transfer area forcing the breakthrough curves to
become more stepper and closer to the origin. Breakthrough experimental data were well fitted in the
Thomas model suggesting that the breakthrough curves for the current work can be described by a

symmetric function.
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CHAPTER EIGHT: MOLECULAR SIMULATION

SORPTION OF PERFLUORINATED AND PHARMACEUTICAL COMPOUNDS IN
PLASTICS: AMOLECULAR SIMULATION STUDY

8.1. Abstract

The aim of this chapter is to investigate the effect of temperature and degree of polymerisation on the
thermodynamic interaction of perfluorinated compounds (PFCs) into plastics. The occurrence of
contaminants of emerging concern such as pharmaceutical drugs, PFCs, microplastics (MPs), etc., in
sources of drinking water have posed significant health risks to aquatic life and humans in recent years.
These organic pollutants can interact with MPs and pose much higher health risks; consequently, MPs
become a transport vector and thus alter their migration as well as occurrence in the environment. The
purpose of this chapter is to examine the adsorption mechanism of perfluorooctanoic acid (PFOA),
perfluorooctane sulfonic acid (PFOS), and sulfamethazine (SMT)—relative to water—on polyethylene
(PE) and polypropylene (PP) using an extended Flory—Huggins approach. The results suggest that in an
aqueous environment, both PFOA and PFOS may be taken up preferentially by PP and PE, although
less strongly by PE. The degree of polymerisation of PE and PP did not significantly influence the
observed behaviour. In terms of sorption affinity, the observed affinity was PFOA>PFOS>SMT which

was consistence for both PE and PP.

8.2. Introduction

Microplastics (MPs), pharmaceutical compounds and perfluorinated compounds (PFCs) such as
perfluorooctanoic acid (PFOA) and perfluorooctane sulfonic acid (PFOS) are persistent organic
pollutants of emerging concerned (Hassan et al. 2020; Al Harraq and Bharti 2021). The occurrence of
the aforementioned compounds poses potential toxicity to biotic and abiotic ecosystem (Yaqoob et al.
2020). Due to the environmental concerns instigated by water pollution as a result of rapid population
growth and industrialisation which has a direct impact on wastewater composition which is now
characterised by contaminants of emerging concern (PFCs, pharmaceuticals, MPs, heavy metal ions,
etc.,) which have eluded conventional wastewater treatment processes (Chen et al. 2011; Armah et al.
2021). This is attributed to the fact that conventional wastewater treatment processes are designed to
treat wastewater streams characterised with organic pollutants such as chemical oxygen demand, total
dissolved solids, biological nutrients e.g., phosphates and nitrates, etc., and they have demonstrated to
be ineffective to handle the current wastewater volumes (Ahmed et al. 2020; Armah et al. 2021;
Khumalo et al. 2022).
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PFCs which constitutes of the carbon-fluorine bond (C-F) characterised by strong polarity and strength,
which is attributed by the strong electro negativity of fluorine not only in halogens but in all elements
in the periodic table (Espana, Mallavarapu and Naidu 2015; Hassan et al. 2020). Due to the
aforementioned properties, PFCs have cemented their application in a variety of products and industries.
Moreover, these PFCs are resistant to degradation by heat and acid (QIU, FUJII and TANAKA 2007,
Arvaniti and Stasinakis 2015; Espana, Mallavarapu and Naidu 2015; Lenka, Kah and Padhye 2021).
PFCs are widely used for surface treatment of textiles due to their repulsion behaviour in both water
and oil (Espana, Mallavarapu and Naidu 2015), used as a formulation agent of aqueous film forming
foams commonly used for combating hydrocarbon fires (Espana, Mallavarapu and Naidu 2015; Ahmed
et al. 2020), used as food packing paper and in leather treatment (Arvaniti and Stasinakis 2015; Lenka,
Kah and Padhye 2021), polymer emulsifier and insecticides (Kissa 2001). PFCs are characterised as a
class of emerging persistent organic pollutants that consist of a fully fluorinated hydrophobic alkyl chain
attached to a hydrophilic chain end group as depicted in Figure 8.1. (Arvaniti and Stasinakis 2015;
Lenka, Kah and Padhye 2021). The occurrence of PFCs in surface water i.e., rivers, ponds and lakes is
attributed to the discharge of untreated industrial effluent, leakage from the soil as well as surface
deposition (Ahmed et al. 2020). Due to long term exposure to PFCs, several studies (QIU, FUJII and
TANAKA 2007; Crone et al. 2019; Ahmed et al. 2020) have reported that some PFCs particularly
PFOAs and PFOSs, have been detected in human tissue and blood serum. Crone et al. (2019) and EPA
(2016) have reported the human health complications associated with exposure to PFOAs and PFOSs
which include high cholesterol, increased liver enzymes, testicular and kidney cancer, poor vaccination
response, thyroid disorders, pregnancy-induced hypertension and preeclampsia, immune suppression

as well as reduced fertility.

Figure 8.47: General structure of PFCs.

Pharmaceuticals such as sulfamethazine (SMT) characterised as an active drug compound classified as
an antibiotic has been detected in the environment (Mulla et al. 2021). This may be attributed to the
application of SMT for a wide range of antibacterial activity, high therapeutic effectiveness and low
costs (Acosta-Rangel et al. 2019; Mulla et al. 2021). Apart from the usefulness of SMT, its occurrence
in the environment poses a serious health-risk to the aquatic ecosystem, flora, fauna and humans, as
reported in previous studies (Houtman 2010; Xu et al. 2020; Mulla et al. 2021). On the other hand, the

occurrence of plastic residues in surface water is an emerging environmental problem which is
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attributed to the unsustainable disposal of plastic residues which ultimately reaches and persists in the
aquatic environment (Llorca et al. 2018; Richardson and Ternes 2018; Wu et al. 2019). According to
Wu et al. (2019), these plastic residues can undergo processes of degradation, embrittlement and
fragmentation when they are subjected to certain conditions such as solar radiation, wave slap,
temperature change as well as biological effects. Upon their degradation, once the size of these synthetic
polymers is less than 5 mm without any lower limit, they are called microplastics (Li, Liu and Chen
2018; Wu et al. 2019). The hazardous effects of MPs is not limited to their ability to release hazardous
organic monomers (Wang et al. 2020), but also to their ability to interact with other pollutants (Wu et
al. 2019) thus posing a high health risk to aquatic life. Note that, MPs with or without pollutants can be
ingested by aquatic life thus resulting in bioaccumulation which can consistently adversely affect
numerous organs since they are characterised as endocrine disrupting compounds (Ramhgj et al. 2018;
Wu et al. 2019).

Hitherto, researchers are exploring new avenues aimed at designing effective water and wastewater
treatment processes aimed at combating the bioaccumulation of emerging contaminants on the
environment. Solid-liquid adsorption has drawn so much attention for many researchers as a promising
technology to combat the occurrence of pollutants in the environment (Rashid et al. 2021; Rathi and
Kumar 2021). The purpose of this paper is to study the adsorption mechanisms of PFCs and SMT by
investigating the thermodynamic interaction of PFOA, PFOS and SMT in polyethylene (PE) and
polypropylene (PP) through phase equilibrium and mixing using the extended Flory-Huggins approach
in Material Studio. To the best of our knowledge, there are no reported studies on investigating the
effect of temperature and polymerization on the thermodynamic interaction of the aforementioned
compounds with PE and PP using the extended Flory-Huggins approach. The findings of the current
study will contribute to the design of solid-liquid adsorption wastewater treatment processes aimed at
eradicating the occurrence of the model contaminants thus, improving the water quality. Note that, PE
and PP are the most frequently detected types of MPs in the aquatic environment (Li, Zhang and Zhang
2018).

8.3. Materials and Methods

The simplest thermodynamic theory to describe mixing and phase separation is the Flory-Huggins

approach (Flory 1953), which describes the free energy of mixing (AG) in binary systems as follows:

AG/ (RT) = (o / nb) In gp + (s / s) IN s + xos ¢ 95 (8.1)

Wherein ¢; is the volume fraction of component i, n; is the degree of polymerization of component i, ybs

is the binary interaction parameter, and T and R are the temperature and universal gas constant,
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respectively. The subscripts b and s refer to the role of the component in question in the mixture, namely
whether it is the base (b) or the screen (s). The mixing energy Enmix is used to determine the interaction

parameter ys:

Jbs = Emix / (RT) (8.2)

The conventional Flory-Huggins model employs a lattice description for each component. In the case
of a lattice with the coordination number set to Z, the mixing energy is then a function of the binding

energy Ejj between each component pair ij:

Emix =052 (Ebs + Esb - Ebb - Ess) (83)

The Flory-Huggins approach was extended by incorporating techniques from molecular simulations,
specifically by considering the binding energies as averages over an ensemble of molecular
configurations (Blanco 1991; Fan et al. 1992) as implemented in version 2020 of the computer program
Materials Studio (Biovia 2020). Firstly, the interaction parameter’s temperature dependence is
described explicitly by generating a large number of pair configurations and calculating the associated
binding energies, followed by averaging results via the Boltzmann factor and determining the resulting
temperature-dependent interaction parameter. Secondly, an off-lattice structure is considered by which
the coordination number Z is computed explicitly for each of the possible configurations using atomistic
molecular simulations. Use of a temperature-dependent interaction parameter y in the Flory-Huggins
expression Yyields the free energy for all compositions and temperatures, following which the phase

diagram can be determined by computing the critical point, binodal, and spinodal curves.

The binding energies given in equation 8.3 were calculated by sampling from energetically favourable
configurations by way of the volume constraint method (Blanco 1991), wherein molecules are
combined in order for their van der Waals surfaces to get in contact with each other. Depending on the
roles of the pair of molecules under consideration, the binding energy is yielded for each of the binding
energy combinations Eps, Esb, Enb, and Ess. Note that Eps and Es, are equivalent, and so there are three
binding energy pairs that are actually computed. To calculate the binding energy, two molecular
structures representing the condensed state are generated, and if a molecule possesses significant
flexibility, then a set of conformations is generated which is presentative of the condensed state. A
single seed molecule is first introduced into the system following which a packing molecule is
positioned such that its centre of mass is located at the same position as the original seed molecule.
Next, the packing molecule’s rotation is altered randomly, and it is then translated along a randomly
selected direction until its van der Waals surface ceases to overlap but remains in contact with the initial

seed molecule. The pairwise interaction energy of the resulting configuration is stored, and a histogram
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(with a bin width of 8x102 kJ/mol) of the resulting distribution of the binding energy is derived from
107 energy samples. The average weighted binding energy <Ei>t at a specified temperature T is
computed as the weighted average of a distribution function using the Boltzmann factor exp(-E;/RT):

<Eji>r = | dE E Py(E) exp (-E/RT) / [| dE Py(E) exp (-E/RT)] (8.4)

The coordination number Z describes the number of molecules of one component that can be packed
around a solitary molecule of the other species in the pair under consideration. A single molecule of
component i surrounded by Z;; molecules of component j together constitute a cluster of a single seed
molecule of i with Z;; packing molecules. The four different combinations of clusters that are considered
(using the aforementioned base-screen terminology) are as follows: Zy, (in which the base species plays
the role of both seed and packing molecules), Zys (for which the base species is the seed, and the screen
molecules are the packing), Zs» (the converse of Zys), and Zss (wherein the screen species is both the seed
and the packing). To determine the coordination number, the approach used to estimate the binding
energy was extended (neglecting the energy calculation itself). First, a single seed molecule was
introduced, following which a packing molecule was added such that its centre of mass was overlaid
onto the centre of mass of the initial seed molecule. The packing molecule was then rotated a random
amount, following which it was translated in a random direction until its van der Waals surface no
longer overlapped with the seed molecule. Subsequent packing molecules are added in a similar fashion,
although with overlapping being avoided for the newly added packing molecule with respect to the
cluster thus far (i.e., the seed + packing molecules already in the system). Furthermore, any newly
introduced packing molecule must be in contact with the seed molecule; if they are not, their
introduction into the system is rejected and another attempt is made to add a packing molecule. These
steps are repeated for 20 iterations per cluster type and 10° samples per cluster to determine the average

coordination number.

Once the weighted average binding energies <E;j>r and average coordination numbers Zjj are computed,

the mixing energy was calculated via:

Emix=0.5 (st <Eps>T + Zsh <Esp>1 — Zbb <Epp>1 — Zss <Ess>T) (8-5)

The binary interaction parameter ys is then readily computed as Enmix/RT for subsequent use within
Flory-Huggins theory as outlined previously. Once the free energy isotherms are known, the phase
diagram can be computed. The implementation of the extended Flory-Huggins approach employed in
this study included a search for temperature ranges for which phase separation occurs, which may be
noted as a limitation of the study. At the critical point (where the two phases become indistinguishable),

both the second and third derivatives of the free energy with respect to composition disappear. The
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coexistence region is bounded by the binodal curve, which indicates the conditions at which two distinct
separate phases may coexist; in the case of the systems under consideration in the study, this implies
the existence of a PFC-in-polymer phase in conjunction with a polymer-in-PFC phase. In practice, the
concentration of the polymer in the polymer-in-PFC phase is so low as to be negligible, as the polymers
are largely not dissolved into the PFC whereas the PFC is absorbed into the polymeric matrix. The
binodal curve connects the distant points on either side of the critical point, at which the first derivative
of the free energy is equal to the ratio of the free energy difference with respect to the composition

difference:

(OAG / 6X)x1 =(0AG/ 6X)x2 = [AG(Xz) - AG(Xl)] / (Xz - X1) (8.6)

where x; is the binodal composition of phase i. The locations within the coexistence region where the
second derivatives of the free energy with respect to the compositions are zero (i.e., inflection points)
yields the spinodal curve which describes the point at which phase separation occurs.

The approach of describing sorption in polymers by way of phase equilibrium and mixing is analogous
to previous work on water absorption in polyethylene (Johansson et al. 2007; Erdtman et al. 2016) and

polyterafluoroethylene (Lasich, Johansson and Ramjugernath 2013).

8.4. Results and Discussion

Commercial plastics are characterised by synthetic polymers derived from fossil-based sources, such as
PE and PP, amongst others (Torres et al. 2021), where PP and PE being the most detected synthetic
polymers in the environment. The findings of the current study on the interaction between MPs and the
model contaminants of emerging concern are interpreted with reference to three main sorption
mechanisms, i.e., pore-filling, hydrophobic interaction, and van der Waals forces (Umar ef al. 2021,

Yaqoob et al. 2021).

Figure 8.2 to Figure 8.4 show results for the sorption of all studied chemical contaminants on PE and
PP. The results are presented in terms of temperature variation for different degrees of polymerisation
for each polymer investigated. The standard deviation derived from three independent computations is
estimated at about 0.05%, which is too small to display on the diagrams. It is apparent that there is
strong correlation between temperature and the degree of sorption whilst the degree of polymerization
has a limited effect, at least in terms of molar composition. The pore-filling sorption mechanism as
characterised by Wang et al. (2020) involves the process of contaminants entering the polymer pores
and remaining trapped inside the nano-scale pores because of the many pores of different sizes that exist
in polymers. This sorption mechanism is highly temperature dependent. Note that when heat energy is

applied to a polymer molecular chain, it allows for the polymer to expand. At the glass transition
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temperature, which is the temperature at which 30 — 50 carbon chains start to move (Shrivastava 2018),
the amorphous region dissociates from a rigid state to a rubbery state. Thus, increasing the free volume,
which is basically the gap between molecular chains, for the sorption of contaminants. While not
directly accounted for in this work’s methodology, the observed results may be attributed to PE and PP

being rubbery plastics as indicated in previous works (Guo et al. 2012; Wang et al. 2020).

Figure 8.48: Effect of temperature on PFOA content of PP and PE with respect to the degree of polymerization
(Np).

Figure 8.49: Effect of temperature on PFOS content of PP and PE with respect to the degree of polymerization
(Np).
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Figure 8.50: Effect of temperature on SMT content of PP and PE with respect to the degree of polymerization
(Np).

PP recorded higher contaminant sorption at lower temperatures when compared to PE for all
contaminant species. This is attributed to the difference in molecular weight between PP (-CH»-CH,-
CH>-), and PE (-CH,-CHb-),; according to Young and Lovell (2011), there is a strong correlation in the
increase in polymer molecular weight and the total fractional free volume of a polymer, consequently
favouring the pore-filling sorption mechanism of contaminants. While not explicitly accounted for in
the computations in this study, considering the effect of polymer chain length on the glass transition
temperature can be instructive. Note that the glass transition temperature increases with increase in
polymer molecular weight, yet the findings of the current study indicate that sorption of PFOA, PFOS
and SMT onto PP occurred at a lower temperature compared to PE. This can be attributed to PE having
higher crystallinity as compared to PP, thus requiring more thermal energy to expand the PE polymer,
consequently increasing its free volume allowing for pore-filling sorption to occur at relatively high
temperatures compared to PP. The observed results suggest that this effect or an analogous one may be

implicitly produced in the course of the computations employed in this study.

The sorption of PFOS and PFOA on PP and PE at low temperature conditions of 300 K as depicted in
Figure 8.2 and Figure 8.3 may be attributed to van der Waals force interaction. This is a relatively weak
force characterising the attraction of intermolecular forces between MP molecules (i.e., PP and PE) and
organic contaminant molecules thus allowing them to adhere to each other as reported by Wang et al.
(2020) and Agboola and Benson (2021). Based on previous works (Wang, Shih and Li 2015; Wang et
al. 2020; Agboola and Benson 2021), it is apparent that the sorption of aliphatic as well as aromatic

organic contaminants into aliphatic MPs can also be interpreted by van der Waals force interactions.
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Moreover, Xu et al. (2018) reported a linear relationship for the sorption of sulfamethoxazole on PE.
However, it was reported that under the pH conditions in which the study was conducted, both
sulfamethoxazole and PE, MPs recorded negative charges, hence the sorption mechanism could not be
explained by hydrophobic or electrostatic interaction. For the current study, based on the findings
presented in Figure 8.4, it is apparent that there was significant sorption of SMT at temperature
conditions of 450 K and above on both PE and PP. The sorption mechanism of SMT on PE and PP may
be attributed to pore-filling. It is imperative to note that SMT sorption on PE and PP is highly
temperature dependant which may be attributed to the molecular structure of SMT (C12H14N4O>S),
hence an increase in temperature allows for the motion of molecules for MPs consequently increasing

the free volume to allow for the sorption of SMT.

Figure 8.2 shows that PFOA demonstrated high sorption affinity towards PP and PE when compared to
PFOS (see Figure 8.3). This may be attributed to the difference in physicochemical properties of the
two compounds PFOA is characterised as a non-polar compound whereas PFOS exhibits some polarity
because of the sulfonate group. Note that C-C as well as C-H bonds in hydrocarbons are characterised
as non-polar molecules, hence PE and PP are non-polar polymers. Due to the non-polarity of PE and
PP, PFOA demonstrated high sorption affinity towards PE and PP by the polar-polar interaction as
compared to PFOS which exhibited some degree of polarity.

In addition to examining sorption for pure contaminant species, it is instructive to include the results
for water since the conditions of interest for PFOA, PFOS and SMT are aqueous environments. These
results are presented in Figure 8.5. Direct comparisons between water and the contaminant species at a
fixed polymerization of Np = 100 are shown in Figure 8.6 and Figure 8.7 for PE and PP, respectively.
In this context, it is apparent that both PE and PP are likely to not be useful to remove SMT in aqueous
conditions, since water displays higher affinity for sorption in both polymer species than SMT. Both
PFOS and PFOA exhibit stronger affinity for uptake in PE and PP than water. This is not entirely
explained by the polarity of PFOS and PFOA with respect to water, since (within the framework of the
COMPASS force field) the respective magnitudes of the dipole moments are 3.06, 1.95, and 2.30 Debye,
respectively (note that the magnitude of the dipole moment of SMT is 3.85 Debye). As organic
molecules, PFOS and PFOA do of course possess carbon chains, which would interact with polymer
chains even if the molecules as a whole are significantly polar. Hence, the interactions between the
contaminant molecules and polymers (especially when considered within an aqueous environment)
require a more nuanced assessment. In terms of the temperature effects, at ambient conditions (i.e.,
around 298 K), it is apparent that only PFOA has higher sorption in both PE and PP than water. Whereas
higher temperatures are necessary to induce preferential uptake of PFOS in aqueous environments
(above 390 K for PP, and over 450 K for PE), which shows that these MPs may be vectors for
transporting PFOA into the environment in general whilst special conditions are required for

environmental transmission of PFOS in this manner. It is then also unlikely that PE and PP are vectors
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for the transportation of SMT into aqueous environments. This implies that both PE and PP are transport
vectors for PFOA as well as posing a risk for bioaccumulation in marine animals via ingestion of MPs,

causing negative health effects as reported by Wu ef al. (2019) and Ramhgj et al. (2018).

In addition to demonstrating that PE and PP are transport vectors for PFOA, this work suggests that
these materials may be useful to remove said compounds from aqueous environments, when employed
in a controlled scenario such as water treatment. Due to the propensity for PFOA uptake in both PE and
PP, it is conceivable that polymer pellets could be used to remove this compound from wastewater to
prevent bioaccumulation in the environment. As for SMT and PFOS, alternative removal techniques
may be necessary, since PE and PP may only offer targeted removal of PFOA. Expanding on the work
of this study may yield additional useful observations which suggest other common materials to remove
SMT and PFOS from wastewater and may assist in the design of new water treatment processes to

remove these pharmaceutical compounds from the environment.

Figure 8.51: Effect of temperature on water (H>O) content of PP and PE with respect to the degree of
polymerisation (Np).
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Figure 8.52: Effect of temperature on sorption in PE with respect to a fixed value of Np = 1000.
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Figure 8.53: Effect of temperature on sorption in PP with respect to a fixed value of Np = 1000.

It is worth noting that at the time this study was conducted, they were no studies reported on

investigating the sorption behaviour of SMT, PFOA and PFOS relative to water, PE and PP using the
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extended Flory-Huggins approach. Nor are there reported studies on the effect of degree of
polymerisation and temperature variation on the sorption behaviour of the above-mentioned model
contaminants relative to water and polymer. However, there are reported studies focusing on solid-
liquid sorption of perfluorinated compounds in aqueous environment. Lee ez al. (2019) investigated the
sorption of PFOA, perfluoro-n-pentanoic acid (PFPeA), perfluorohexane sulfonate (PFHxS),
perfluorohexanoic acid (PFHxA), and perfluorononaoic acid (PFNA) in aqueous environment relative
to activated carbon. Lee and co-workers reported that 90% removal of the aforementioned model PFCs
was achieved. Meng et al. (2019) evaluated the sorption efficiency of magnetic activated carbon on the
removal of PFOS, PFOA, PFHxS and perfluorobutane sulfonate (PFBS) in aqueous solution and the
observed affinity was PFOS>PFOA>PFHxS>PFBS with adsorption equilibriums of 1.63, 0.90, 0.33
and 0.21 mmol/g, respectively. The findings observed by Meng et al. (2019) when compared to the
current study, suggests that activated carbon has a higher affinity towards PFOS compared to PE and
PP. Such a sorption pattern can be attributed on the fact that activated carbon have a higher affinity

towards organic compounds that are more hydrophobic and less polar (Yin and Shang 2020).

8.5. Conclusions and Future Perspectives

An extended Flory-Huggins approach was used to model sorption of SMT, PFOA and PFOS on PE and
PP. Previous work (Johansson et al. 2007; Lasich, Johansson and Ramjugernath 2013; Erdtman et al.
2016) using Gibbs ensemble Monte Carlo simulations modelled sorption in polymers by considering
phase equilibria between polymers and fluid systems, analogous to the current work undertaken along
different methodological lines. For the sake of reference within the context of aqueous environments,
sorption of water in both polymers was also considered. Both temperature and the degree of
polymerization were considered, and it was found that on a molar basis the latter did not play a
significant role in the uptake of SMT, PFOA, PFOS or water, whereas temperature effects were
significant. While not explicitly accounted for in this work, the results were evocative of a pore-filling

mechanism.

Based on the findings of the current study, it is apparent that at ambient conditions only the sorption of
PFOA on both PE and PP was favoured in aqueous environments, while higher temperatures could
induce uptake of PFOS into both polymers. This implies that PE and PP are not only transport vectors
for PFOA into the environment at large, but also poses a risk for ingestion by marine or aquatic animals
resulting in bioaccumulation of PFOA, causing serious negative health effects as reported by Wu et al.
(2019) and Ramhgj et al. (2018). Sorption of SMT into both polymers was not preferential compared
to water at any conditions investigated in this study, suggesting that PE and PP are probably not

significant vectors for transportation of SMT into aquatic or marine environments.
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To date, adequate studies have been published on the occurrence and concentration levels of PFCs and
pharmaceuticals in water receiving bodies with the application of liquid-solid adsorption as a promising
technique. However, the is no information available on the interaction of PFCs, pharmaceuticals with
polymers i.e., MPs in aqueous environments since these contaminants coexist. Note that the occurrence
and bioaccumulation of polymers by aquatic life in the form of MPs have become a global phenomenon.
Therefore, it is imperative to understand the interaction mechanisms of MPs with the aforementioned
contaminants in order to develop effective tools aimed at detecting and eradicating these emerging
contaminants in water bodies. Information on the thermodynamic interaction of PFCs and
pharmaceuticals relative to MPs will give an insight at understanding the potential of MPs serving as a

transport vector for organic contaminants.

It is appreciated that several studies have been conducted aimed at removing PFCs and pharmaceuticals
from aqueous streams using both biological and liquid-solid adsorption separation. However, further
studies are needed to investigate the application of polymers as remediation technology for PFCs and
pharmaceuticals using raw wastewater aimed at investigating the effect of other organic pollutants on
polymer affinity towards PFCs and pharmaceuticals. Moreover, the current study does not account for
pH variation and the occurrence of co-pollutants in polymer structures on polymer affinity towards

PFCs and pharmaceuticals.
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CHAPTER NINE: CONCLUSIONS AND RECOMMENDATIONS

9.1. Overview

The primary aim of the present study was to investigate the treatment efficiency of chitosan-carbon
nanotube hydrogel beads composite for the removal of amoxicillin, ciprofloxacin, sulfamethoxazole,
PFOA and PFOS from aqueous solutions. Therefore, this chapter presents the conclusions and
recommendations made on the basis of the findings presented in Chapters Four to Eight. In achieving

the aim of the research study, the following objectives were defined:

i.  Evaluating the performance of synthesised chitosan-carbon nanotube hydrogel beads on the
removal of amoxicillin, ciprofloxacin, sulfamethoxazole, PFOA and PFOS from aqueous
solutions through batch studies.

ii.  Study adsorption kinetics, isotherms, thermodynamic parameters as well as the effect of
solution pH, adsorbent dose, contact time as well as initial adsorbate concentration on the
removal of the model antibiotics and PFAAs.

iii.  Perform fixed-bed adsorption column studies to investigate the effect of operating parameters
such as volumetric flow rate, initial adsorbate concentration and fixed-bed height on the
adsorption breakthrough curves.

iv.  Investigate the sorption of antibiotics and PFA As relative to water on micro-plastics as a carrier

in water bodies by employing the extended Flory-Huggin’s approach in Material Studio.

9.2. Summary of thesis findings

Papers I and II presented as Chapters Two and Three in this thesis, explicitly demonstrated that the
current WWTPs, particularly in the African region, are not capable of eradicating antibiotics and PFAAs
from wastewater streams. On the other hand, solid-liquid adsorption has demonstrated to be an effective
technology in eradicating these emerging contaminants of environmental concern due to its simplicity
and cost effectiveness. However, there is still a need to explore the use of natural adsorbents and
chitosan composites have demonstrated to be effective in eradicating antibiotics and PFAAs despite
being a resurfacing bio-adsorbent in water treatment. The reviewed literature in this current study
suggests that there is a research gap in elucidating the uptake mechanisms of antibiotics and PFAAs on
chitosan-carbon nanotube composites through the study of adsorption kinetics, isotherms, and

thermodynamic parameters for an effective system design.

Paper 111 presented as Chapter Four, systematically examined the findings of the present study based on

objectives i and ii. It can be inferred from the findings presented in Chapter Four that chitosan-carbon
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nanotube hydrogel beads demonstrated high affinity towards amoxicillin, ciprofloxacin, and
sulfamethoxazole. It can also be inferred from the findings presented in Chapter Four that the solution
pH plays a vital role in the protonation and/or deprotonation of the adsorbent surface charge as well as
the speciation of the model contaminants. Furthermore, it can be concluded from the adsorption kinetics
studies that the uptake of amoxicillin, ciprofloxacin, and sulfamethoxazole on chitosan-carbon nanotube
hydrogel beads is limited by multiple processes. In elucidating the multicomponent adsorption
behaviour of the model antibiotics on chitosan-carbon nanotubes hydrogel beads, the findings of the
present study in Chapter Four explicitly indicate that the system exhibited both antagonistic and
synergistic effects. On the other hand, results on thermodynamic studies presented in Chapter Four
indicated that the uptake of amoxicillin, ciprofloxacin, and sulfamethoxazole on chitosan-carbon
nanotubes hydrogel beads can be described by both physical and chemical adsorption processes.
Furthermore, when examining the findings of the present work presented in Chapter Five which is based
on paper [V it can be concluded that the existence of competing ions did not facilitate the uptake of the
model antibiotics on chitosan-carbon nanotube hydrogel beads due to the formation of aggregates with
increasing NaCl and HA concentration. Therefore, it can be concluded that the existence of sodium

chloride and humic acid in wastewater streams can hamper the uptake of antibiotics during treatment.

Furthermore, when examining the findings of the present work presented in Chapter Six which is based
on paper V, it can be concluded that the synthesised chitosan-carbon nanotube hydrogel beads
demonstrated high affinity towards PFOS and PFOA with the adsorption equilibrium being reached
after 48 hours of contact time. Interestingly, results from the CCD in RSM suggest that the uptake of
PFOS and PFOA on chitosan-carbon nanotubes hydrogel beads is strongly influenced by the initial
adsorbate concentration when compared to the influence of solution pH. These findings were cemented
by the adsorption kinetics results which demonstrated that PFOS and PFOA experimental data was well
fitted by the nonlinear PFO kinetic model confirming that the uptake of PFOA and PFOS on chitosan-
carbon nanotube hydrogel beads solely depends on the concentration of the model adsorbate. On the
other hand, single adsorption isotherm data was well fitted by the Freundlich isotherm model indicating
that the uptake of PFOA and PFOS on chitosan-carbon nanotube hydrogel beads was not restricted to
the monolayer adsorption process. Therefore, it can be concluded that the adsorption heat and affinities
were not uniformly distributed on the heterogeneous surface of the model adsorbent. Moreover, from
the binary adsorption results presented in Chapter Six, it can be concluded that both PFOA and PFOS
demonstrated antagonistic effects on the uptake of either PFOA or PFOS in PFOA+PFOS solution.
Interestingly, it can be concluded that the presence of sodium chloride facilitated the uptake of PFOA
and PFOS in solution thus exhibiting synergistic effects. Based on the thermodynamic studies, it can be
concluded that the uptake mechanism of either PFOA and PFOS on chitosan-carbon nanotubes, cannot
be explicitly explained by the chemical nor physical adsorption mechanism, however, it is described by

a physiochemical adsorption process.
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Chapter Seven which is based on paper VI, present the findings of the effect of volumetric flow rate,
adsorbate initial concentration (i.e., AMX, CIP, SMX, PFOA and PFOS) and fixed-bed height on the
breakthrough curves. Based on the results obtained, it can be concluded that the breakthrough points
time decreased with an increase in adsorbate initial concentration and operating volumetric. On the
other hand, an increase in the bed height resulted in an increase on the breakthrough point time.
Therefore, it can be concluded that an increase in bed-height results in an increase in the number of
adsorption active sites, thus enhancing the uptake of the model adsorbates. Moreover, based on the
breakthrough curves modelling results, it is apparent that all experimental data was well fitted by the
Thomas model. Therefore, it can be concluded that the breakthrough curves for the current study can
be described by a symmetric function. It is worth noting that, based on the findings of the present work

in Chapter Seven, the question raised in objective iii was successfully addressed.

The work presented in Chapter Eight endeavours to answer the question raised in objective iv. Herein,
temperature and the degree of polymerisation were considered, and it was found that on a molar basis
the latter did not play a significant role in the uptake of SMT, PFOA, PFOS or water, whereas
temperature effects were significant. Therefore, it can be concluded that the uptake of SMT, PFOA and
PFOS on both PE and PP were limited by the pore-filling mechanism. Moreover, from the results
presented in Chapter Eight it can be concluded that the extended Flory-Huggins approach was able to
model the sorption of SMT, PFOA and PFOS on PE and PP. The results obtained strongly suggest that
PP and PE are not only transport vectors for PFOA and PFOS into the environment at large, but also
poses a risk for ingestion by marine or aquatic organisms resulting in their bioaccumulation, which
might cause serious negative health effects. On the other hand, the sorption of SMT into both PE and
PP was not preferential compared to water at any conditions investigated in this study. Therefore, it can
be concluded that PE and PP are not significant vectors for the transportation of SMT into aquatic or

marine environments.

9.2.1. Concluding remarks

It is worth noting that the present study ought to answer two fundamental questions raised in

Chapter 1.

i.  Would chitosan-carbon nanotubes composites, therefore, feasibly be used as an adsorbent for
the removal of antibiotics and PFAAs?

ii.  Can artificial intelligence through the application of Material Studio as a simulation tool be
effectively used in studying the interaction between antibiotics and PFAAs with microplastics
relative to water as co-existing contaminants?

As such based on the findings of the study, it can be concluded that chitosan-carbon nanotubes

composites have the potential to be applied as adsorbents for the removal of antibiotics and PFAAs
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from aqueous solutions. Furthermore, the simulation results obtained suggest that Monte Carlo
simulations in Material Studio can be used as an effective tool to effectively in studying the interaction
between antibiotics and PFAAs with microplastics relative to water as co-existing contaminants.
Therefore, the findings of the present work have successfully addressed the research questions for the

current study.

9.3. Recommendations and future perspectives

During the time in which this study was conducted, there was no existing wastewater treatment plant
that was using chitosan-based composites for the treatment of wastewater at least in the context of South
Africa. As such, this technology (i.e., adsorbent) is yet to be tested for its practical application given the
human and aquatic life health risk that is posed by the occurrence of antibiotics and PFAAs in water
bodies. Moreover, the study presents the first case of investigating the interaction between antibiotics
and PFA As with microplastics using the extended Flory-Huggins approach in Monte Carlo simulation.

As such the following recommendations are made for future perspectives:

i.  Despite the positive results demonstrated by chitosan-carbon nanotubes hydrogel beads on the
uptake of antibiotics and PFAAs, there is still a need for research studies to investigate the effect
of temperature on the mechanical strength of the adsorbent aimed at optimising the operating
temperature.

ii.  With chitosan composites being a resurfacing technology in water treatment, there is a need to
conduct studies on techno-economic analysis aimed at comparing the current adsorbent with
conventional adsorbents such as activated carbon since they have demonstrated to be effective
in eradicating contaminants of emerging concern such as antibiotics.

iii. It is worth noting that the present study was conducted based on synthetic aqueous solutions
due to stringent access to pharmaceutical wastewater streams as a result of resurfacing viruses
such as COVID-19, it is recommended that the synthesised adsorbent be tested using raw
wastewater.

iv.  The Monte Carlo simulation results suggest that PFOA and PFOS can be adsorbed into PP and
PE, hence, more work needs to be done on the application of PP and PE for the uptake of PFOA

and PFOS from aqueous solutions.
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